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Summary 
  
Chlorinated hydrocarbons are anthropogenic contaminants, which are known to be 
possibly carcinogenic to humans. Although the peak production of chlorinated hydrocarbons in 
the 1970ties was followed by a dramatic decrease in the subsequent decades, chlorinated 
hydrocarbons are still frequently detected in aquifer systems demonstrating their long-term 
persistence. When chlorinated hydrocarbons are released at the surface as dense non-aqueous 
phase liquid (DNAPL), they rapidly migrate in to the subsurface and penetrate aquifer systems 
due to their highly mobile behavior (high density, low viscosity). During the transportation in the 
saturated zone, DNAPLs accumulate on top of low permeability sediments such as aquitards and 
are slowly dissolved. The dissolved DNAPL compounds are transported by advection in the 
aquifer creating a contaminant plume downstream of the source zone and diffuse into the low 
permeable units. During the migration in aquifer and aquitards, chlorinated hydrocarbons are 
retarded due to sorption, which occurs predominately on organic matter. After cessation of the 
DNAPL release at surface, chlorinated hydrocarbons back-diffuse from the low permeable layers 
towards the aquifer expanding the longevity of the contamination source. Chlorinated 
hydrocarbons are degradable under reducing conditions as they can act as electron acceptors 
under oxygen free conditions. Such reducing conditions are often encounterd in low permeable 
units such as aquitards. 
Stable isotope methods have been increasingly used for identifying and quantifying 
reactive transformation in the subsurface of organic compounds such as chlorinated 
hydrocarbons. The method general relies on the assumption that only reactive processes are 
associated with an isotope effect. However, recent studies revealed that physical processes in the 
vadose zone (volatilization, gas phase diffusion and air-water partitioning) also fractionate 
isotopes, which might impair the identification of reactive processes by using stable isotope 
methods. In contrast to the vadose zone, the effect of physical processes in aquifer – aquitard 
systems on isotope ratios has received little attention so far. It remains especially uncertain as to 
what extent aqueous phase diffusion and sorption have a significant influence on isotope ratios of 
organic compounds. Thus, it remains unclear if stable isotope methods can be used to track 
reactive processes in systems such as aquitards, where transport is controlled by diffusion and 
significant sorption occurs. Furthermore, it in this context it has not yet been investigated, 
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whether stable isotope methods can be used to gain insight into the relation between reactive 
processes in aquitards and plume persistence in aquifers due to back-diffusion.   
To address these gaps in knowledge, the present PhD thesis addressed the four following 
research questions: A) Does aqueous phase diffusion and sorption lead to measurable shifts of 
isotope ratios? B) Are isotope effects due to diffusion and sorption detectable under field 
conditions? C) Do isotope effects associated with sorption and diffusion impair the identification 
of reactive processes in aquifer - aquitard systems? and D) Can stable isotope methods provide 
insight into the impact of reactive processes in aquitards on plume persistence in aquifers? In the 
following, the key findings regarding the four main research questions are summarized.  
 
A) Does aqueous phase diffusion and sorption lead to measurable shifts of isotope ratios?  
Isotope fractionation associated with aqueous phase diffusion and sorption was 
investigated by laboratory experiments. The magnitude of isotope fractionation due to aqueous 
phase diffusion was quantified for two chlorinated hydrocarbons (TCE and 1,2-DCA) by 
conducting a modified Stokes’ diffusion cell experiment. A measurable shift of isotope ratios due 
to aqueous phase diffusion was detected, whereby TCE and 1,2-DCA isotopocules (molecules 
differing in isotopic composition) containing light isotopes were transported faster by diffusion 
compared to those with heavy isotopes. The isotope enrichment factors were larger for chlorine 
(HCl,TCE = -0.37‰, HCl,1,2-DCA = -0.61‰) compared to carbon isotopes (HC,TCE = -0.22‰, HC,1,2-DCA 
= -0.23‰), which was in agreement with the larger absolute mass difference between stable 
chlorine (two mass units) compared to carbon isotopes (one mass unit). The diffusion coefficient 
(D) showed a weaker power law mass dependency (D ן m-E) with E values in the range between 
0.023 and 0.031 than observed in the gas phase, where D ן m-. The determined beta values 
were inconsistent with standard diffusion models (Fick’s, Einstein’s, Maxwell-Stefan’s and 
Langevin’s diffusion theory), which predicted either a kinetic mass dependency of D (D ן m-0.5) 
as observed in the gas phase, no mass dependency of D or a mass dependency of D in the 
opposite direction (i.e. faster for heavy compared to light isotopes) than the kinetic theory. To 
provide a theoretical basis to our laboratory observations, molecular dynamic (MD) simulations 
of TCE and 1,2-DCA carbon and chlorine isotopocules were for the first time performed. During 
MD simulations the individual motion of isotopocules are simulated, whereby all interactions 
with water molecules were taken into account using high performance computing. The MD 
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simulation results were consistent with the experimental data showing also lower beta values than 
predicted by the kinetic theory. The MD simulations revealed that the weak power law mass 
dependency of the diffusive transport rate can be explained by the mode-coupling theory showing 
that the overall isotope effect is the result of a competition between mass independent long-term 
hydrodynamic and strongly mass dependent short-term kinetic modes of motion. 
Sorption induced isotope fractionation was quantified by repeated exposure of a water 
sample to a mass of uncontaminated natural aquitard material, which generated a higher shift of 
isotope ratios and thus, led to a higher precision of the determined isotope fractionation factor 
compared to a single step batch experiment. The multistep sorption experiment, which was 
conducted for two chlorinated hydrocarbons (1,2-DCA and DCM), revealed an unusual inverse 
isotope trend showing that carbon and chlorine isotopocules containing light isotopes were 
preferentially sorbed. This enhances the mobility of isotopically heavy species, which is opposite 
to what was observed for the diffusive transport processes during which isotopically light species 
are transported faster compared to heavy. The detected preferential sorption of isotopocules with 
light compared to isotopocules with heavy isotopes can be likely explained by changes of 
vibrational frequencies due to changing nonbonding interactions during the transition between 
the aqueous solution and the sorbent material. In the sorbent material the vibrational frequencies 
slow down compared to the aqueous solution caused by the stronger nonbonding interactions of 
the molecules with the sorbent material. Therefore, the zero point energy levels for the light and 
heavy isotopocules are lower and closer together in the sorbent material compared to the aqueous 
solution. This results in a smaller difference of the zero point energy level between sorbed and 
dissolved compounds in the aqueous solution for heavy than for light isotopocules. Consequently, 
slightly less energy is required for the heavy isotopocule to go into the aqueous phase than for the 
light isotopocules leading to a depletion of heavy isotopocules in the sorbent material. The 
determined sorption induced isotope enrichment factors were in same range for 1,2-DCA carbon 
and chlorine isotopes (HC,1,2-DCA = -0.40‰, HCl,1,2-DCA = -0.55‰) as for the DCM carbon isotopes 
(HC,DCM = -0.54‰).    
 
B) Are isotope effects due to diffusion and sorption detectable under field conditions? 
To investigate if diffusion and sorption leads to significant shifts of isotope ratios under 
field conditions and to examine how isotope fractionation due diffusion and sorption interact, two 
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field studies were conducted in saturated low permeability sediment, where transport is 
dominated by diffusion. Saturated low permeability sediments provide the advantage that the 
advancing concentration front can be located very precisely and sampled at a high spatial 
resolution. The two sites differed by the amount of organic carbon in the sediments and thus, by 
the extent of sorption. For both sites the contamination source was well characterized (volume, 
composition, spill time). At the first site (Sarnia site) a controlled release field experiment had 
been carried out, while at the second site the contamination was caused by a chemical waste 
landfill with a well-known history. At the Sarnia site, a DNAPL source had been created by 
emplacing 2L of 1,2-DCA and DCM. In this study, clay cores were retrieved below the DNAPL 
sources about 15.5 years (5672 days) after source emplacement. Carbon and chlorine isotope 
ratio profiles in the retrieved cores showed trends in opposite directions in the low-permeable 
unit. 1,2-DCA and DCM became enriched in 13C with depth ('G13C = 2.0‰ – 2.4‰) as sorption 
induced isotope fractionation dominated for carbon. In contrast for chlorine the diffusive isotope 
effect was larger as the absolute mass difference is two for stable chlorine compared to one for 
carbon isotopes overruling the sorption effect and leading to a depletion of 37Cl in 1,2-DCA with 
depth (ǻG37Cl =1.3‰).  At the chemical waste landfill site, cores were retrieved 45 years after the 
waste was deposited and analyzed for TCE, the predominant organic contaminant. In contrast to 
the Sarnia site both elements (C and Cl) in the TCE molecule became depleted in the heavy 
isotope with depth, i.e. sorption no longer overruled the diffusion effect for carbon. This 
consistent with the five times lower organic matter content, which reduces the extent of sorption. 
Hence, isotope fractionation due to diffusion dominated for both TCE carbon and chlorine 
isotopes leading to the observed depletion in 13C and 37Cl with depth. The simulation of isotope 
fractionation for different diffusion periods in low permeability sediments at the contaminated 
site revealed that the diffusion time scales have an impact on the magnitude of isotope 
fractionation. During short diffusion periods the shift of isotope ratios is largest, while for longer 
diffusion period the heavy isotopes catch up and the magnitude of isotope fractionation becomes 
smaller. Generally, the results of the two field studies demonstrated for the first time that sorption 
and diffusion induced isotope fractionation for both C and Cl is detectable under field conditions. 
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C) Do isotope effects associated with sorption and diffusion impair the identification of reactive 
processes in aquifer - aquitard systems?  
To evaluate if reactive processes can be tracked by stable isotope analysis despite of the 
isotope effect associated with diffusion and sorption, an additional field study was carried out at 
the Borden site. At this site, 50L of a three components DNAPL mixture (45 vol% PCE, 45 vol% 
TCE, 10 vol% TCM) was released in a sandy aquifer with an underlying clayey-silty aquitard on 
April 8, 1999. Cores were retrieved from the aquitard nearly 15 years (5281 days) after the 
DNAPL release and subsampled with depth to examine whether depth-discrete isotope ratio 
profiles can be attributed to degradation processes. Carbon isotope ratios became depleted in 13C 
with depth as expected for a diffusion isotope effect but opposite to what is expected for reactive 
processes. However, the isotopic shift was much larger (up to 24‰) than observed at the 
chemical landfill site without degradation. The unusual large inverse isotope trend could be 
explained by a delay of the start of the degradation activities in the aquitard followed by non-
uniformly distributed degradation activities in the aquitard, which were strongest close to the 
aquifer – aquitard interface and decreased exponentially with increasing depth within the upper 
10 cm of the aquitard. Such a profile of degradation activities could be caused by nutrients that 
had diffused from the aquifer into the aquitard. Numerical modelling suggests that reactive 
processes started around 2500 days after DNAPL release in the aquifer indicating that isotope 
ratio profiles in aquitards not only provide information about the spatial distribution of 
degradation activities but also about their temporal evolution when intitial conditions are 
reasonably constrained. Furthermore, based on the numerical model degradation rates affecting 
chlorinated hydrocarbon in the aquitard could be estimated. The field investigations at the Borden 
site demonstrated for the first time that stable isotope methods can be used to identify and 
quantify reactive processes including spatial and temporal variability in saturated low 
permeability sediments 
 
D) Can stable isotope methods provide insight into the impact of reactive processes in aquitards 
on plume persistence in aquifers? 
To examine whether stable isotope methods provide insight into the relation between 
reactive processes in aquitards and plume persistence due to back-diffusion a previously 
developed numerical model of a dissolved TCE plume emanating from a TCE DNAPL source in 
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an aquifer – aquitard system was adopted by adding a single step degradation of TCE to cDCE. 
Three different aquitard degradation scenarios were simulated: A no-degradation scenario, a 
uniform and a non-uniform degradation scenario. In the latter, the same degradation rates were 
used as in the Borden site study (i.e. the rates decreased exponentially in the upper 10 cm of the 
aquitard). The degradation scenarios showed that plume persistence due to back-diffusion 
depends on degradation activities in the aquitard and on their vertical distribution. In the no-
degradation scenario a long-term TCE tailing persists in the aquifer after source removal due to 
back-diffusion with concentrations above the Maximum Contamination Level (MCL) for more 
than 100 years. In contrast in the uniform degradation scenario, TCE disappeared completely five 
years after source removal but the produced cDCE was transported by diffusion from the aquitard 
towards the aquifer generating concentrations above the MCL for more than 100 years after 
source removal. Hence, as cDCE was not further degraded uniform degradation activities in the 
aquitard were not preventing the formation of a long-term tailing due to back-diffusion. In the 
non-uniform degradation scenario the parent (TCE) as well as the daughter compound (cDCE) 
persisted in the aquifer due to back-diffusion from the aquitard at concentrations above the MCL 
for more than a century. This showed that the partial degradation of TCE in the non-uniform 
aquitard degradation scenario led to a dual contamination and aggravated plume persistence due 
to back-diffusion compared to the simulated no-degradation and the uniform degradation 
scenario. 
In the aquitard degradation scenarios, isotope enrichment was not only detectable in the 
aquitard but also in the aquifer during the presence as well as absence of an upgradient DNAPL 
source. The isotope enrichment was however, stronger once the DNAPL was removed due to the 
back-diffusion of heavy TCE and cDCE from the aquitard. Hence, reactive processes in the 
aquitard have an impact on carbon isotope ratios in the aquifer and thus, they can be tracked by 
measuring the temporal isotope ratio evolution before and after source removal in the aquifer. 
This facilitates the tracking of reactive processes in aquitards as aquifers are usually easier to 
access than aquitards. To investigate if the obtained carbon isotope ratio pattern for reactive 
processes in the aquitard are different from those for reactive processes occurring in the aquifer, 
an aquifer degradation scenario was simulated as well for comparison. For the aquifer 
degradation scenario a continuous enrichment of heavy carbon isotopes along the plume axis was 
observed, which was equal before and after source removal. In contrast for the aquitard 
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degradation scenarios (uniform/non-uniform), a sudden enrichment of heavy carbon isotopes was 
observed along the plume axis after source removal due to back-diffusion of heavy TCE and 
cDCE from the aquitard. This shows that degradation in the aquitard can also be distinguished 
from reactive processes occurring in the aquifer by using stable isotope methods. When reactive 
processes occur in the aquitard, carbon isotope ratio measurements along the plume axis are also 
beneficial to assess the success of the remediation of DNAPL sources located in the aquifer as the 
contaminants become enriched in 13C when the DNAPL is completely removed. 
This final paragraph provides some concluding remarks on a key question of the thesis i.e. 
whether isotope fractionation due to diffusion and/or sorption can impair the identification of 
reactive processes. For field studies, it is generally accepted that the shift of carbon or chlorine 
isotope ratios should be at least 2‰ to provide solid evidence for a reactive process (e.g. US EPA 
;Hunkeler et al., 2008). In this research, shifts above this threshold were sometimes measured 
despite the absence of degradation, but the threshold was only slightly exceeded. The numerical 
simulation showed that in exceptional situations (strong sorption behavior, early transient 
diffusion), higher shifts of isotope ratios can occur. But fortunately, the field experiments and 
simulations also showed that the diffusion and sorption induced isotope effects are opposite and 
in many cases nearly cancel each other. Nevertheless, when only relatively small shifts of isotope 
ratios in the range of the threshold mentioned above are observed, their attribution to reactive 
processes should be made with caution. Such a situation is mainly expected if degradation is very 
slow or associated with a small isotope enrichment factor as for example for degradation of 
BTEX. However, for reductive dechlorination of chlorinated hydrocarbons, which is of key 
interest for aquitards in which generally reducing conditions prevail, isotope enrichment factors 
tend to be large, and thus, shifts in isotope ratios that greatly exceed the threshold are expected. 
This can be nicely illustrated with the Borden case study. Although the shift was in the same 
direction as for isotope fractionation by diffusion, it could unequivocally be attributed to reactive 
processes due to its large magnitude. Thus overall, this PhD thesis provides a solid basis to apply 
isotope methods in low permeable systems such as aquitards, where transport is governed by 
aqueous diffusion and attenuated by sorption. This PhD thesis also demonstrates the high 
potential of the CSIA method to gain insight into the effect of degradation activities in low 
permeability sediments on plume persistence in adjacent aquifers systems and provides guidance 
on suitable CSIA monitoring strategies. 
Summary 
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1.1. Context and aim of the thesis 
1.1.1. History of subsurface contamination by chlorinated solvents 
The production of synthetic chlorinated organic liquids such as Trichloroethene (TCE), 
Tetrachloroethene (PCE), cis-dichloroethene (cDCE), 1,2-Dichloroethane (1,2-DCA) or 
Dichloromethane (DCM) commenced at the beginning of the 20th century (Pankow and Cherry, 
1996). Due to the frequent usage as solvents for dry-cleaning and degreasing applications, the 
synthetically produced chlorinated organic liquids were denoted as chlorinated solvents. Because 
of their inflammability, low reactivity, rapid evaporation and their ability to efficiently dissolve 
organic substances, chlorinated solvents were superior to the previously used petroleum solvents 
(Doherty, 2000). During the post-World War II economic expansion from the 1950ties until 
1970ties, the production and use of chlorinated solvents increased dramatically, as also the food 
and the pharmaceutical industry started to use chlorinated solvents for extracting and synthetizing 
other substances (Stroo and Ward, 2010). The largest quantities of chlorinated solvents were 
produced in the 1970ties. For instance 200’000 tons of TCE and 350’000 tons of PCE per year 
were manufactured in the United States (Doherty, 2000). Due to the widespread use and the lack 
of understanding about potential subsurface contamination and the carcinogenic effect to humans, 
chlorinated solvents were used carelessly and often improperly disposed. Consequently, 
chlorinated solvents were often released near the surface due accidental spills or leaking storage 
tanks and migrated into the subsurface (Pankow and Cherry, 1996). Groundwater contamination 
by chlorinated solvents was discovered for the first time in the mid 1970ties (Brass et al., 1977; 
Symons et al., 1975). Following-up investigations revealed that groundwater contamination by 
chlorinated solvents is widespread and affects also many aquifers used for drinking water supply 
(Dowty et al., 1975; Giger and Schaffner, 1981; Page, 1981; Petura, 1981; Pojasek, 1977; Speth 
et al., 1981; Zoeteman et al., 1981). However, the far-reaching problems of subsurface 
contamination by chlorinated solvents were not yet fully understood, until a decade later the first 
comprehensive conceptual models describing the subsurface behavior of chlorinated solvents 
were developed (Pankow and Cherry, 1996). It became clearer that large quantities of chlorinated 
solvents have migrated into the subsurface persisting and contaminating large water bodies for 
decades or even centuries. Due to the increasing awareness of the severity of groundwater 
contamination by chlorinated solvents, the usage of chlorinated solvents became regulated and 
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the annual production decreased. Furthermore, considerable efforts have been made to remediate 
sites contaminated by chlorinated solvents.  However, extensive survey studies, conducted before 
and after the turn of the century, (Moran et al., 2007; Rivett et al., 2005; Rivett et al., 2012; 
Squillace et al., 1999) demonstrated that chlorinated solvents persist in the groundwater despite 
the remediation of many contamination sites. For instance Squillace et al. (1999) revealed that 
around 7% of the ambient groundwater resources of the United States, which is used by 30 – 50 
million people, contain at least one of the 60 most frequent chlorinated solvents. This is 
especially disquieting considering the carcinogenic effect of chlorinated hydrocarbons to humans. 
Hence, the legacy of subsurface contamination by chlorinated solvents of previous generations is 
not yet eliminated and poses further challenges for the present and future generations to ensure a 
contaminant free drinking water supply. 
 
1.1.2. Behavior of chlorinated solvents in the subsurface  
After releasing chlorinated solvents near the surface as dense non-aqueous phase liquid 
(DNAPL), rapid vertical migration into the subsurface occurs due to their high density, low 
viscosity and low interfacial tension (Pankow and Cherry, 1996; Schwille, 1988). In the vadose 
zone chlorinated solvents are partly volatilized due to their high vapor pressure forming a vapor 
phase contaminant plume (Christophersen et al., 2005; Conant et al., 1996; Silka, 1988) (Fig. 
1A). When large quantities are released, DNAPLs migrate to greater depth reaching the water 
table and penetrating aquifer systems due to their higher density compared to water (Pankow and 
Cherry, 1996; Schwille, 1988). During the transportation in the saturated zone, DNAPLs form 
pools on top of low permeability layers, which are slowly dissolved (McKay et al., 1993; Pankow 
and Cherry, 1996; Parker et al., 1994) (Fig. 1-1A). The dissolved DNAPL compounds are 
transported by advection in the aquifer creating a contaminant plume downstream of the source 
zone and diffuse into low permeable units (Fig. 1-1A). The rate of the diffusive mass loading into 
the low permeability layers depends on retardation due to sorption, which occurs predominantly 
on organic matter (Allen-King et al., 2002; Allen-King et al., 1996). Initially, it has been assumed 
that only the slow dissolution process of accumulated DNAPL pools on top of low permeability 
sediments contributes to the longevity of DNAPL contamination sources (Anderson et al., 1992; 
Berglund, 1997; Hunt et al., 1988; Johnson and Pankow, 1992; Pankow and Cherry, 1996). 
However, in the early to mid-2000s it has been discovered that the contamination persist after the 
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complete dissolution of accumulated DNAPL pools. It turned out that after disappearance of 
DNAPL pools, the contaminant mass in the low permeability unit is transported by back-
diffusion towards the aquifer due to the reversal of the concentration gradient (lower 
concentration in aquifer than in low permeable unit). Several field and modelling studies revealed 
that back-diffusion can expand the longevity of the contamination source to decades or even 
centuries (Chapman and Parker, 2005; Liu and Ball, 2002; Parker et al., 2008; West and Kueper, 
2010) (Fig. 1-1B). The relative contribution of DNAPL dissolution versus back-diffusion to the 
longevity of contamination sources depends strongly on the dissolution rate of the contaminant 
(Seyedabbasi et al., 2012). For a compound with a high solubility a major portion of the source 
longevity can be attributed to back-diffusion (e.g. 97% for DCM), while for a compound with a 
low solubility the contribution of back-diffusion is of minor importance (e.g. 17% for PCE) 
(Seyedabbasi et al., 2012). Furthermore, more recent studies showed that due to the more 
reducing conditions, (bio)degradation of chlorinated hydrocarbons possibly occurs in saturated 
low permeability sediments despite the small pore sizes (Damgaard et al., 2013; Takeuchi et al., 
2011). When chlorinated hydrocarbons are completely (bio)degraded in saturated low 
permeability sediments, the back-diffusive transport period might be shortened, which reduces 
the longevity of contamination sources in low permeability sediments. This is especially 
important for contaminants with high solubilities, as for these contaminants back-diffusion is the 
predominant contribution to the longevity of the contamination sources (Seyedabbasi et al., 
2012). In contrast, when only partial (bio)degradation of chlorinated hydrocarbons occurs in 
saturated low permeability sediments, more toxic intermediate compounds might be produced 
and released to the aquifer by back-diffusion, which aggravates the contamination of the adjacent 
aquifer. However, the relevance of (bio)degradation in saturated low permeability sediments and 
its effect on plume persistence due to back-diffusion has not yet been investigated in detail.    
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Figure 1-1. Conceptual scenario for the temporal evolution of DNAPL contamination in the 
subsurface. (Fig. 1-1A) Situation during DNAPLs release at the surface. Released DNAPLs form 
a vapor plume in the vadose zone and penetrate into the aquifer system, where they accumulate 
on top of low permeability zones within the aquifer and on top of the aquitard. With time, 
DNAPLs are dissolved and transported by advection in the aquifer and by diffusion into low 
permeable units. (Fig. 1-1B), Situation after cessation of DNAPL release at the surface. Back-
diffusion of dissolved DNAPL mass occurs from the low permeable layers towards the aquifer 
contributing to the longevity of the contamination source affecting adjacent aquifers. 
Furthermore, possible complete or partial (bio)degradation of dissolved DNAPLs in saturated 
low permeable layers influence the longevity and the severity of the contamination source 
affecting adjacent aquifers due to back-diffusion.  
Increasing  
time 
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1.1.3. The use of stable isotope methods in the environment 
Stable isotope analysis has been increasingly used to investigate the behavior of 
chlorinated solvents in the subsurface. Compound-specific isotope analysis (CSIA) is an effective 
tool to identify and quantify in-situ (bio)degradation of organic compounds in the subsurface and 
to relate contaminant sources to downgradient contamination (Elsner et al., 2005; Hunkeler et al., 
2011; Hunkeler et al., 2005; Hunkeler et al., 2008; Meckenstock et al., 2004). For tracking 
(bio)degradation, CSIA makes use of the preferential cleavage of bonds between light compared 
to heavy isotopes, which leads to a progressive enrichment of heavy isotopes in the educt 
compared to the product compound. Initially, CSIA was mainly applied for carbon isotope 
measurements to quantify (bio)degradation rates and for contaminant source allocation. However, 
recently developed new analytical techniques for compound-specific chlorine and hydrogen 
isotope analysis opened the possibility to apply a dual or a multi-element isotope approach i.e. to 
measure carbon, chlorine and hydrogen isotope signatures for the same compound. It has been 
demonstrated that dual and multi-element isotope approaches improve the identification of NAPL 
contamination sources (Shouakar-Stash et al., 2003; Wang et al., 2013; Wang and Smith, 2010) 
and enhances the unraveling of different degradation pathways of organic compounds (Badin et 
al., 2014; Kuder et al., 2013; Palau et al., 2014; Vogt et al., 2014). The CSIA method is generally 
based on the assumption that only reactive processes are associated with an isotope effect. 
However, recent studies have shown that, especially in the unsaturated zone, physical processes 
also fractionate isotopes potentially impairing the CSIA applications for tracking reactive 
processes and for allocating contaminant sources to down gradient contamination (Bouchard et 
al., 2008a; Bouchard et al., 2008b; Harrington et al., 1999; Huang et al., 1999; Jeannottat and 
Hunkeler, 2012; Jeannottat and Hunkeler, 2013; Kuder et al., 2013; Poulson and Drever, 1999). 
In contrast to the vadose zone, the effect of physical processes in the saturated zone on isotope 
ratios has received little attention in research so far. It remains especially uncertain as to what 
extent aqueous phase diffusion and sorption have a significant influence on isotope ratios of 
organic compounds, which might influence the identification and quantification of degradation 
activities in aquifer – aquitard systems. Furthermore, not much is known about how isotope ratios 
evolve during interaction of these processes.  
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1.1.4. General aims of the thesis 
  
The main goals of this PhD thesis are to investigate isotope effects associated with 
aqueous phase diffusion and sorption of chlorinated hydrocarbons and to evaluate their effect on 
stable isotope methods for the identification of reactive processes in aquifer-aquitard systems. 
Based on these investigations it is also explored whether stable isotope methods can provide 
insight into the relation between reactive processes in aquitards and plume persistence in 
aquifers.  
  
1.2. Fundamentals of stable isotope methods  
 
Before outlining the research approach and content of the thesis, fundamental aspects of 
stable isotope methods are briefly covered. Stable isotopes are defined as chemically identical 
atoms having different masses due to the different number of neutrons, which do not decay. For 
all elements constituting chlorinated solvents (carbon, chlorine, hydrogen) two stable isotopes 
exist, whereby the light isotope always shows the higher natural abundance (Tab. 1-1). The 
abundance of stable isotopes is commonly quantified as the ratio between the most abundant 
heavy and the dominant light isotope (Tab. 1-1).  
 
 
As the variations of stable isotope ratios are usually small, isotope measurements are 
reported as deviation from internationally referenced standards (Tab. 1-2) using the delta notation 
(Coplen, 2011): 
 
 
Table 1-1. Natural abundance of the stable isotopes of C, Cl, and H after De Laeter et al. (2003) 
Element  Stable Isotopes and Natural Abundance (%) 
Carbon 12C (98.93) 13C (0.0115) 
Chlorine 35Cl (75.76) 37Cl (24.24) 
Hydrogen 1H (99.9885) 2H (0.0115) 
Introduction 
  12 
¸¸¹
·
¨¨©
§  
dardtanS
dardtanSSample
X R
RRG          (1-1) 
 
where įX is the delta value of the isotope ratio of element X, RSample is ratio between the heavy 
and the light isotope of element X and RStandard corresponds to the ratio of the international 
standard between the heavy and light isotope of element X. 
 
 
 
To quantify (bio)degradation of organic compounds by stable isotope methods, the 
Rayleigh equation is commonly used as (bio)degradation corresponds to a kinetic process: 
 
    flnRRln t  10 D   with 
ttanacRe
oductPr
R
R D       (1-2) 
 
where Rt is the isotope ratio at time t, R0 corresponds to the initial isotope ratio at time zero and Į 
is the fractionation factor, where RProduct and RReactant refer to the isotope ratios of the 
instantaneously produced product and remaining educt, respectively.  
As the difference in the isotope ratios of the product and the reactant are normally small, 
fractionation factors (Į) are frequently indicated as enrichment factors (İ):  
 
 1 DH            (1-3) 
 
Table 1-2. International references of isotope ratios for major elements constituting organic 
compounds. 
Element Ratio of Isotopes Standard Abbrevation 
 Ratio of isotope 
standarda 
Carbon 13C/12C Carbonate from Vienna Pee Dee VPDB 0.011237 
Chlorine 37Cl/35Cl Chlorine ion in ocean water SMOC 0.324 
Hydrogen 2H/1H Vienna Standard Mean Ocean Water VSMOW 1.5575·10
-4 
aFrom Clark and Fritz (1997) 
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1.3. Isotope fractionation during physical processes 
 
In the following two sections the current knowledge about isotope fractionation due to 
aqueous phase diffusion and sorption is summarized pinpointing to the need of further research 
for investigating the effect of these processes on isotope ratios, especially for chlorinated 
hydrocarbons.  
1.3.1. Isotope fractionation due to aqueous phase diffusion 
The fractionation factor (Į) due to aqueous phase diffusion can be expressed as the ratio 
between the diffusion coefficients of the isotopically heavy (DH) and the isotopically light species 
(DL), respectively (Bourg et al., 2010; Richter et al., 2006): 
 
L
H
D
D D            (1-4) 
   
Some studies assumed that the diffusive transport rate in the aqueous phase is independent of the 
mass of the diffusing species (Į = 1) (Berkowitz and Wan, 1987; Biswas and Bagchi, 1997; 
Chernyavsky and Wortmann, 2007; Chong and Hirata, 1998; McManus et al., 2002; Wolynes, 
1978), while others hypothesized that the magnitude of isotope fractionation due to aqueous 
phase diffusion is similar as for the gas phase following the kinetic theory (Appelo and Postma, 
2005; Clark and Fritz, 1997; Desaulniers et al., 1985; Donahue et al., 2008; LaBolle et al., 2008; 
Peeters et al., 2003; Senftle and Bracken, 1954):  
 
50.
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where, PL and PH refer to the reduced masses (ȝi=miMi/mi+Mi) of the light and heavy species 
respectively, while mi and Mi are the solute and solvent molecular masses. 
For the case when the mass of the solvent molecules is infinitely large compared to the 
diffusing species (Mi >> mi) the reduced mass can be replaced by the molecular mass of the 
diffusing species as ui ĺ mi, since mi + Mi ĺ Mi:  
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where, mL and mH refer to molecular mass of the light and heavy species, respectively.  
Early diffusion experiments (Kunze and Fuoss, 1962; Pikal, 1972) provided evidence that 
the kinetic theory (eq. 1-6) overestimates the magnitude of isotope fractionation due to aqueous 
phase diffusion. Pikal (1972) and Kunze and Fuoss (1962) obtained a value 0.023 for the 
exponent in equation 1-6 for Na and Li isotopes (Tab. 1-3), which is clearly lower than 0.5 
postulated by the kinetic theory. More recent experimental investigations (Bourg et al., 2010; 
Eggenkamp and Coleman, 2009; Richter et al., 2006; Rodushkin et al., 2004), which addressed 
isotope fractionation during aqueous phase diffusion for a wide spectra of dissolved ions (Mg2+, 
Ca2+, Fe2+, Zn2+, K+, Li+ Cl-, Br-), resulted in values ranging between 0.000 and 0.025 for the 
exponent in equation 1-6 (Tab. 1-3). These studies confirmed that the kinetic theory 
overestimates the magnitude of isotope fractionation and proposed the introduction of a more 
general inverse power law model with an exponent E < 0.5 (Tab. 1-3): 
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Tyroller et al. (2014) and Tempest and Emerson (2013) showed that also for neutral species such 
as noble gases (Ar, Ne), the kinetic theory overestimates the magnitude of isotope fractionation 
due to aqueous phase diffusion as indicated by beta values (eq. 1-7) of 0.0371 for Ar and of 0.104 
and 0.0727 for Ne isotopes. Thus, these studies reinforced the validity of more general power law 
(eq. 1-7) for describing the magnitude of diffusion induced isotope fractionation in the aqueous 
phase.  
In contrast to dissolved ions, organic compounds are dissolved in water as neutral 
molecules similar to noble gases. Isotopically distinct organic molecules are constituted by 
several stable isotopes (C, Cl, H, O, N, S) and denoted as isotopocules. The term isotopocules 
encompasses isotopologues (molecules differing in isotopic composition) as well as isotopomers 
(molecules having the same number of isotopes but at different positions).  
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Hence, fractionation between distinct isotopically species of organic compounds occurs between 
isotopocules instead of isotopes. In contrast to inorganic species only little is known about 
isotopocule fractionation of organic compounds during diffusion in the aqueous phase. Some of 
the few experimental studies used deuterated versus non-deuterated compounds, to facilitate the 
determination of beta values. However, the obtained results are contradictory as some studies 
received beta values being consistent with the kinetic theory (eq. 1-6) (e.g. 0.455 for tuolene and 
ethylbenzene) (Jin et al., 2014), whereas others determined beta values, which are consistent with 
the more general inverse power law model (eq. 1-7) (e.g. 0.063 for isopropanol and 0.023 for 
tertiary butyl alcohol) (LaBolle et al., 2008). This spells some doubt whether deuterated versus 
non-deuterated compounds are representative for isotopocule fractionation during aqueous phase 
Table 1-3. Experimental results for isotope fractionation due to aqueous phase diffusion 
Species Į=DH/DL (eq. 1-4) E(eq. 1-7) Reference 
Na Isotopes D24Na/D22Na = 0.998 0.023  (Pikal, 1972) 
Li Isotopes D7Li/D6Li = 0.9965 0.023 (Kunze and Fuoss, 1962) 
 D7Li/D6Li = 0.99772 0.015 (Richter et al., 2006) 
Fe Isotopes D56Fe/D54Fe = 0.99991 0.0024 (Rodushkin et al., 2004) 
Zn Isotopes D66Zn/D64Zn = 0.99994 0.0019 (Rodushkin et al., 2004) 
Mg Isotopes D25Mg/D24Mg = 1.00003 ~ 0.000 (Richter et al., 2006) 
Cl Isotopes D37Cl/D35Cl = 0.99857 0.025 (Richter et al., 2006) 
 D37Cl/D35Cl = 0.99841
a 0.029 (Eggenkamp and Coleman, 2009) 
Br Isotopes D81Br/D79Br = 0.99920
a 0.032 (Eggenkamp and Coleman, 2009) 
Ca Isotopes D44Ca/D40Ca = 0.99957 0.0045 (Bourg et al., 2010) 
K Isotopes D41K/D39K = 0.99790 0.042 (Bourg et al., 2010) 
Ne Isotopes D22Ne/D20Ne = 0.99001 0.104 (Tyroller et al., 2014) 
 D22Ne/D20Ne = 0.9931 0.0727 (Tempest and Emerson, 2013) 
Ar Isotopes D36Ar/D40Ar = 0.9961 0.0371 (Tempest and Emerson, 2013) 
C Isotopocules CH4 D13CH4/D12CH4 = 0.99776
b 0.037 (Zhang and Krooss, 2001) 
 D13CH4/D12CH4 = 0.99783
c 0.036 (Schloemer and Krooss, 2004) 
C Isotopocules C2H6 D13C2H6/D12C2H6 = 0.99877
c 0.038 (Schloemer and Krooss, 2004) 
Deuterated and non-
deuterated isopropanol 
(IPA) 
DIPA/DDeutIPA = 0.99305 0.063 (LaBolle et al., 2008) 
Deuterated and non-
deuterated tertiary butyl 
alcohol  (TBA) 
DTBA/DDeutTBA = 0.99741 0.023 (LaBolle et al., 2008) 
Deuterated and non-
deuterated toluene DTol/DDeutTol = 0.96246 0.455 (Jin et al., 2014) 
Deuterated and non-
deuterated ethylbenzene Dethb/DDeutethb = 0.96061 0.455 (Jin et al., 2014) 
Cl Isotopocules cDCE Not indicated 0.088 (Jin et al., 2014) 
Cl Isotopocules TCE Not indicated  0.043 (Jin et al., 2014) 
aAverage of sevenfold and threefold DH/DL measurement for Cl and Br isotopes, respectively reported by 
Eggenkamp and Coleman (2009) 
bAverage of fivefold DH/DL measurements reported by Zhang and Krooss (2001)  
cAverage of twofold DH/DL measurement reported by  Schloemer and Krooss (2004) 
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diffusion at natural abundance. Only a few studies were carried out at natural abundance: Zhang 
and Krooss (2001) and Schloemer and Krooss (2004) determined the magnitude of carbon 
isotopocule fractionation of methane and ethane, whereas Jin et al. (2014) examined the 
magnitude of chlorine isotopocule fractionation of chlorinated hydrocarbons (cDCE and TCE). 
The obtained beta values (methane and ethane: 0.036 – 0.037, cDCE: 0.088, TCE: 0.043) were 
lower than 0.5 postulated by the kinetic theory (eq. 1-6), consistent with the observations for 
diffusing ions (Tab. 1-3).  
1.3.2. Isotope fractionation due to sorption 
The partitioning of organic compounds between groundwater or pore water and sorbent 
materials can be quantified by the soil-water distribution coefficient Kd. As organic compounds 
sorb predominantly on organic matter, Kd is commonly expressed as the product between the 
fraction of organic matter (fOC) and the constant organic carbon-pore water partitioning 
coefficient (KOC): (Pankow and Cherry, 1996; Wiedemeier, 1999):   
 
ede CKq   with OCOCd fKK             (1-8) 
 
where qe (mg/kg) and Ce (mg/L) are the equilibrium sorbed and solution concentrations, 
respectively. KOC values can be estimated based on the octanol-water partition coefficient (KOW) 
(Schwarzenbach et al., 2003).  
The fractionation factor due to sorption for isotopically distinct organic compounds is 
expressed as the ratio of the partitioning sorption constants of the heavy and light isotope, 
respectively (Imfeld et al., 2014; Kopinke et al., 2005): 
 
OC
L
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H
K
K D                (1-9) 
 
In analytical chemistry it has been recognized that sorption has a significant influence on 
isotope ratios during liquid chromatographic separation (Caimi and Brenna, 1993; Caimi and 
Brenna, 1997; Filer, 1999; Klein et al., 1964; Poulson et al., 1997) and in ion exchange columns 
(Spedding et al., 1955). It has been observed that light isotopes are preferentially sorbed on the 
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stationary phase leading to an enrichment of heavy isotopes in the mobile phase. Despite this 
evidence that sorption for sorption-induced isotope fractionation, it is currently under 
controversial debate if sorption fractionates isotopically distinct organic compounds in natural 
systems to a detectable level. Some laboratory studies suggested that sorption induced isotope 
fractionation can be neglected (Schüth et al., 2003; Slater et al., 2000), while others revealed a 
significant effect (Höhener and Yu, 2012; Imfeld et al., 2014; Kopinke et al., 2005) (Tab. 1-4). 
Modelling studies, which were performed based on laboratory determined enrichment factors 
suggest a significant sorption-induced isotope effect at the fringe of contamination plumes in 
aquifers (Höhener and Atteia, 2010; Van Breukelen and Prommer, 2008). However, verification 
of these modelling results is challenging as it can be difficult to locate and to sample the 
expanding plume front, where isotope fractionation might occur, at a high spatial resolution. 
Furthermore, other isotope fractionation processes occur at the edge of contaminant plumes such 
as mixing enhanced degradation or dispersion impairing the identification of isotope fractionation 
by sorption. Moreover, as the laboratory experiments use distinct sorbent material compared to 
the field, there is some doubt if the extrapolation between laboratory and the field scale is valid. 
Hence, up to present it remains unclear as to what extent sorption fractionates isotopically distinct 
species of organic compounds, especially under field conditions.  
 
Table 1-4. Experimental results for sorption induced isotope fractionation 
Species HSorption (‰) Reference 
C Isotopocules MTBE 0.00 (Kopinke et al., 2005) 
C Isotopocules Benzene -0.44 (Kopinke et al., 2005) 
C Isotopocules Toluene -0.60 (Kopinke et al., 2005) 
C Isotopocules Benzene -0.13a (Höhener and Yu, 2012) 
C Isotopocules TCE -0.52a (Höhener and Yu, 2012) 
Deuterated and non-deuterated Benzene -19.0a (Höhener and Yu, 2012) 
Deuterated and non-deuterated cyclohexane -64.0a (Höhener and Yu, 2012) 
C Isotopocules Benzene -1.04b (Imfeld et al., 2014) 
C Isotopocules Toluene -0.58b (Imfeld et al., 2014) 
H Isotopocules Benzene -44.89b (Imfeld et al., 2014) 
H Isotopocules Toluene -9.12b (Imfeld et al., 2014) 
aDetermined based on vapor-liquid isotope effects using linear free energy relationships (LFERs) 
bDetermined by measuring sorption induced isotope fractionation due to partitioning between aqueous phase and 
different solvents. Indicated values correspond to the average of the reported values by Imfeld et al. (2014) 
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1.4. Research approach and overview of the thesis 
 
The specific aim of the present PhD thesis was to address the following four research 
questions: A) Does aqueous phase diffusion and sorption lead to measurable shifts of isotope 
ratios? B) Are isotope effects due to diffusion and sorption detectable under field conditions? C) 
Do isotope effects associated with sorption and diffusion impair the identification of reactive 
processes in aquifer - aquitard systems? and D) Can stable isotope methods provide insight into 
the impact of reactive processes in aquitards on plume persistence in aquifers? To answer these 
four research question a research approach consisting of a combination between laboratory, field 
and modeling methods was applied as outlined in the following paragraph. 
Isotope fractionation associated with diffusion and sorption was constrained with 
laboratory experiment. The mechanism of isotope fractionation during aqueous phase diffusion 
was investigated in more detail by using molecular dynamic simulation. To evaluate if diffusion- 
and sorption-induced fractionation also occurs at the field scale, controlled-release experiments 
were used thanks to the collaboration with the University of Guelph in Canada. Such experiments 
open the possibility to attribute shifts of isotope ratios to individual or combined processes with a 
high certainty in contrast to accidental spill sites, where the initial conditions of the 
contamination source (composition, spill time, volume) are often unknown. Two such controlled 
release experiments were performed at sites with and without occurrence of (bio)degradation. By 
investigating these contrasting sites, insight can also be gained as to what extend isotope 
fractionation associated with sorption and diffusion affects the identification of reactive processes 
and whether isotope data can be used to demonstrated (bio)degradation in low permeability 
sediments. Furthermore, it was investigated how (bio)degradation in low permeability sediments 
affects groundwater quality by using numerical modelling. The described studies are presented in 
this PhD thesis in the different chapters as follows:   
In chapter 2, existing standard diffusion models were reviewed under the aspect if and 
how a mass dependency of the diffusive transport rate is conceptualized to provide a theoretical 
background for assessing the magnitude of isotope fractionation due to aqueous phase diffusion.  
In chapter 3, the magnitude of diffusion-induced isotope fractionation was quantified on 
the laboratory scale for two chlorinated hydrocarbons by performing a Rayleigh type diffusion 
cell experiment. At the field scale, a water-saturated clay core was retrieved from the bottom of a 
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contaminated site and subsampled as a function of depth to investigate shifts of isotope ratios 
during downward diffusion into the clay. To compare field and laboratory data, field isotope ratio 
profiles were simulated using a 1D-diffusion model based on the experimentally determined 
magnitude of isotope fractionation due to diffusion. 
In chapter 4, molecular dynamic (MD) simulations were performed to gain molecular 
scale insights into the mass dependency of the diffusive transport rate for isotopically distinct 
chlorinated hydrocarbons. Furthermore, the determined diffusion coefficients from MD 
simulations were compared with the laboratory determined magnitude of isotope fractionation 
due to aqueous phase diffusion in chapter 3.  
In chapter 5, the goal was to quantify the magnitude of sorption induced isotope 
fractionation at the laboratory scale and to assess whether sorption induced isotope fractionation 
is also detectable at the field scale. Moreover, it was assessed how isotope ratios evolve when 
sorption and diffusion interact. At the laboratory scale a multistep sorption experiment was 
conducted to quantify sorption induced isotope enrichment factors. At the field scale a long-term 
field experiment was performed by emplacing two different DNAPL phases into a non-reactive 
clay unit, where diffusion and sorption occur together. About 15.5 years after emplacement 
isotope ratio profiles were determined in clay unit to investigate whether isotope shifts with depth 
can be assigned to diffusion and/or sorption processes. Moreover, to relate laboratory with field 
observation, determined isotope ratio profiles were compared with a 2D axisymmetrical 
numerical model, which included laboratory determined enrichment factors for sorption and 
diffusion.  
In chapter 6, the aim was to evaluate whether stable isotope methods can be used to 
quantify degradation processes in saturated low permeability sediments. For that purpose a 
second long-term field experiment was conducted by infiltrating 50 liters of a three-component 
DNAPL mixture into an aquifer overlying an aquitard, in which degradation was expected. 
Nearly 14.5 years after DNAPL infiltration (5281 days), it was assess whether depth discrete 
isotope ratio profiles of chlorinated hydrocarbons, which had diffused into the aquitard, can be 
attributed to reactive processes in the aquitard.  
In chapter 7, the effect of chlorinated hydrocarbon degradation in aquitards on plume 
persistence due to back-diffusion was investigated. Furthermore it was evaluated whether stable 
isotope methods can be used to track vertically varying aquitard degradation conditions. For that 
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purpose three different aquitard degradation scenarios were simulated: No-degradation, uniform 
degradation and non-uniform degradation by adopting a previously described numerical model of 
an aquifer – aquitard system. In addition an aquifer degradation scenario was simulated and 
compared with the different aquitard degradation scenarios to assess whether stable isotope 
methods can also be used to distinguish between degradation activities in the aquifer and the 
aquitard. 
In chapter 8, the general conclusions of this PhD thesis are provided and new research 
questions are listed, which have been risen during this PhD. 
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2.1. Introduction 
 
For simulating diffusive transport of solutes in the aqueous phase, several diffusion 
models have been developed. The models can be divided in two groups representing two different 
concepts: The first group of diffusion models assesses the average behavior of many solute 
molecules in a solution, while the second group investigates the random trajectory of one single 
solute molecule within the solvent. The former includes Fick’s and Maxwell Stefan’s diffusion 
theory, while the latter comprises Einstein’s and Langevin’s theory of diffusion.  
As demonstrated in chapter 1, it is under controversial debate as to what extent isotope 
fractionation occurs due to aqueous phase diffusion. Three different assumptions can be found in 
the literature with respect the magnitude of diffusion-induced isotope fractionation: a) isotope 
fractionation due to aqueous phase diffusion is negligible (Berkowitz and Wan, 1987; Biswas and 
Bagchi, 1997; Chernyavsky and Wortmann, 2007; Chong and Hirata, 1998; McManus et al., 
2002; Wolynes, 1978), b) isotope fractionation in the aqueous phase is similar to gas phase 
diffusion following the kinetic theory (eq. 1-5, chp. 1) (Appelo and Postma, 2005; Clark and 
Fritz, 1997; Desaulniers et al., 1985; Donahue et al., 2008; LaBolle et al., 2008; Peeters et al., 
2003; Senftle and Bracken, 1954) and c) the magnitude of isotope fractionation caused by 
diffusion in the aqueous phase is significant but lower than in the kinetic theory (eq. 1-5, chp. 1) 
following a more general power law model with the exponent ȕ < 0.5 (eq. 1-6, chp. 1) 
(Eggenkamp and Coleman, 2009; Kunze and Fuoss, 1962; Pikal, 1972; Richter et al., 2006; 
Schloemer and Krooss, 2004; Tempest and Emerson, 2013; Wanner and Hunkeler, 2015; Zhang 
and Krooss, 2001).   
Given these contradictory assumptions regarding isotope fractionation associated with 
diffusion in liquid water, this chapter reviews four different diffusion models (Fick, Maxwell-
Stefan, Einstein, Langevin) to investigate if and how they conceptualize the mass dependency of 
the diffusive transport rate in the aqueous phase. Furthermore, it is examined whether the 
different diffusion models are consistent with one of the used assumptions in literature regarding 
the magnitude of isotope fractionation due to diffusion in liquid water.  
 
 
  Chapter 2 
  29 
2.2. Mass dependency of the diffusive transport rate in different diffusion 
theories 
2.2.1. The Fickian theory of diffusion 
Fick’s theory of diffusion (Fick, 1855) is the most commonly applied model for 
describing the diffusive transport processes in the aqueous phase. The theory considers the 
average behavior of solute molecules and its interaction with a solvent and is based on two 
physical properties: The molecular density (concentration) and the solute molecular net flux. The 
molecular net flux is defined as the deviation of the concentration distribution in a given system 
(Fick’s first law of diffusion): 
 
u
C
DF iii,u w
w  (u=x,y,z)        (2-1) 
 
where Fu,i (mol/s) is the flux in direction x,y and z of species i, Di (m2/s) is the diffusion 
coefficient of species i and Ci/u (mol/m3/m) is the spatial density (concentration) gradient  
along the axis x,y, and z of species i. 
  Furthermore, Fick (1855) related the molecular net flux (eq. 2-1) with the molecular 
density (concentration) by assuming that the change in molecular density inside an infinitesimal 
volume element dxdydz at position r must be equal to the average net molecular flux in all 3 
dimensions during an infinitesimal time interval dt (Fig. 2-1): 
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Dividing equation 2-2 by dxdydzdt and letting all infinitesimals approaches zero, we obtain: 
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Inserting equation 2-1 in equation 2-3 leads to Fick’s second law of diffusion:  
 
       
¸¸¹
·
¨¨©
§
w
ww
ww
w w
w
2
2
2
2
2
2
z
t,rC
y
t,rC
x
t,rCD
u
t,rC        (2-4) 
 
 
 
 
 
 
 
 
 
 
Figure 2-1. Schematic illustration of a representative infinitesimal volume element dxdydz for 
Fick’s theory of diffusion. The net change of the molecular density (concentration) in the 
infinitesimal volume element during the infinitesimal time interval dt depends on the difference 
between the incoming flux from the left side Jx(r.t)Â dydz Â dt and the outgoing flux on the right 
side Jx(r+dx,t) dydz Â dt. 
 
A potential mass dependency of the diffusive transport rate in Fick’s theory of diffusion 
can be investigated by assessing the different theoretical and empirical definitions of the Fickian 
diffusion coefficients (D; eq. 2-4). For the theoretical definitions two approaches are 
distinguished: the hydrodynamic and the kinetic theory. The hydrodynamic theory assumes that a 
solute molecule moves through a continuum solvent with a specific viscosity and the diffusion 
coefficient is commonly described by the Stokes-Einstein relation (Tyrrell and Harris, 1984): 
 
06 R
TkD BSK            (2-5) 
 
where D (m2/s) is the diffusion coefficient, kB (J/K) is Boltzmann’s constant, T (K) is the 
temperature, Ș (kg/ms) refers to the dynamic viscosity of the solvent and R0 (m) is the solute 
radius.  
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 The hydrodynamic definition of the Fickian diffusion coefficient includes no mass 
dependency, as the diffusion coefficient is radius but not mass dependent (eq. 2-5). Thus, the 
hydrodynamic theory predicts no fractionation between isotopically distinct species as an 
additional neutron increases the mass significantly but not necessarily the radius of a diffusing 
species. In contrary to the hydrodynamic theory, the kinetic theory assumes that the solute 
molecule diffuses in a dense hard-sphere fluid and the diffusion coefficient is commonly 
described by the Enskog relation (Alder et al., 1974; Tyrrell and Harris, 1984):  
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where ȡ is the density of the fluid, gi0(Ri+R0) is the value of the solute radial distribution function 
at the point of contact of solute and solvent molecules, R0 is the solvent molecule radius, Ri0 = (Ri 
+ R0)/2, and ȝi0 is the reduced mass of the solute solvent pair (ȝi0=mim0/(mi + m0)), where mi and 
m0 correspond to the molecular mass of the solute and solvent, respectively. 
 In contrast to the hydrodynamic theory, the kinetic theory (eq. 2-6) predicts a mass 
dependency of the diffusive transport rate showing an inverse proportionality of the diffusion 
coefficient to the square root of the reduced mass:  
 
D ןȝ-0.5           (2-7) 
  
where ȝ refers to the reduced mass (ȝ = mM/m+M), while m and M are the solute and solvent 
molecular masses, respectively. 
For the case when the mass of the solvent molecules is infinitely large compared to the 
diffusing species, the reduced mass can be replaced by the molecular mass of the diffusing 
species as u ĺ m, since m + M ĺ M:  
 
D ןm-0.5           (2-8) 
 
where m is the molecular mass of the diffusion species 
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In addition to the theoretical definitions of the Fickian diffusion coefficient 
(hydrodynamic and kinetic), several empirical definitions can be found in literature. For instance 
Worch (1993) suggested the following empirical definition for the aqueous phase diffusion 
coefficient:  
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This definition of the diffusion coefficient by Worch (1993) is consistent with the kinetic theory 
showing a mass dependency of the diffusive transport rate, which is roughly inversely 
proportional to the square root of the molecular mass of the diffusing species: 
 
D ןm-0.53           (2-10) 
 
Furthermore, Wilke and Chang (1955) and Hayduk and Laudie (1974) correlated empirically 
diffusion coefficients for diffusing species in liquid water and in non-associated solvents 
exhibiting the following relationships: 
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where x is the empirical association parameter of the solvent (2.6 for water and 1 for non-polar 
fluids), M is the molecular weight of the solvent and V corresponds to the molar volume of the 
diffusing substance. 
In contrast to Worch (1993), the empirical diffusion coefficients defined by Wilke and 
Chang (1955) and Hayduk and Laudie (1974) are not directly dependent on the mass but on the 
volume of the diffusing species (eqs. 2-11 and 2-12). It has been demonstrated that isotopic 
substitution can have an influence on the molar volume of the diffusing species, especially when 
comparing deuterated vs. non-deuterated compounds (Bartell and Roskos, 1966; Lacks, 1995). 
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The effect originates from the longer C-H than the C-D bond length due to the greater zero point 
energy and the higher vibrational amplitude of the stretching vibrations for C-H compared to C-D 
bonds. Bartell and Roskos (1966) showed experimentally, that deuterated benzene, toluene, 
cyclohexane, and methyl cyclohexane have an about 0.3% smaller volume compared to their 
hydrogenated equivalents. Hence, the empirical diffusion coefficients defined by Wilke and 
Chang (1955) and Hayduk and Laudie (1974) include a mass dependency of the diffusing species 
via the molar volume as follows:  
 
D ןV-0.6    (Wilke and Chang, 1955)      (2-13) 
D ןV-0.589  (Hayduk and Laudie, 1974)      (2-14) 
 
However, as the molar volume of the isotopically light compared to the isotopically heavy 
species is greater, the diffusive transport rate defined by Wilke and Chang (1955) and Hayduk 
and Laudie (1974) is expected to be faster for heavy compared to light isotopes. This is in 
fundamental contradiction with the kinetic theory (eq. 2-8) and the empirical definition of the 
diffusion coefficient defined by Worch (1993) (eq. 2-10), which show a mass dependency of the 
diffusive transport rate in the opposite way (faster for isotopically light compared to heavy 
species). Furthermore, the empirical diffusion coefficients defined by Wilke and Chang (1955) 
and Hayduk and Laudie (1974) are also not consistent with the hydrodynamic theory predicting 
no mass dependency of the diffusive transport rate. 
 
2.2.2. Maxwell-Stefan’s theory of diffusion 
The Maxwell-Stefan theory of diffusion (Maxwell, 1866; Stefan, 1871) was developed 
based on the thermodynamic theory of ideal gases but it has been also widely applied for liquid 
solutions (Krishna and Wesselingh, 1997; Liu et al., 2013; Rehfeldt and Stichlmair, 2007; 
Rehfeldt and Stichlmair, 2010). The theory assumes that in a solution the chemical potential 
gradient of species i ( iP ) is in equilibrium with the molecular friction between species i and j 
(Fig. 2-2).  
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where iP  is the chemical potential gradient of species i, R (8.3145 J/molK) is the gas constant, 
T (K) is the temperature, ij  (m2/s) is the Maxwell-Stephan diffusion coefficient, xi and xj  refer 
to the mole fractions of species i and j, respectively vi - vj (m/s) is the velocity difference between 
species i and j, ȝi0 is the chemical potential of the pure species i and ȝi is the chemical potential 
for species i in a fluid mixture.  
 
 
 
 
 
 
 
 
 
 
 
 
Figure 2-2. Schematic illustration of the force balance assumed by the Maxwell-Stefan theory of 
diffusion. The force acting per mole of species 1 in x-direction –dȝ/dx is equal to the friction 
between species 1 and 2. Modified after Krishna and Wesselingh (1996). 
 
 Maxwell (1866) and Stefan (1871) assumed that every deviation from the equilibrium 
state between chemical potential gradient and molecular friction (eq. 2-15) leads to a diffusive 
movement of the dissolved species. In contrast to Fick’s theory, the Maxwell-Stefan’s theory of 
diffusion provides the advantage that it can be used for describing diffusive transport in 
multicomponent systems. On the contrary the theory has the disadvantage that the experimental 
Friction 
between species 
Species 1 and 2 
ȝ1 
ȝ2
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determination of the Maxwell-Stefan diffusion coefficient is only possible for binary systems and 
only via the Fickian diffusion coefficient and the thermodynamic correction factor (īij) as the 
chemical potential (eq. 2-16) is not directly measurable (Rehfeldt and Stichlmair, 2007; Rehfeldt 
and Stichlmair, 2010):  
 
ji
i
ij
D
*             (2-17) 
 
where ij  (m2/s)  is the Maxwell-Stefan diffusion coefficient of species i dissolved in species j, 
Di (m2/s) is the Fickian diffusion coefficient of dissolved species i and īi is the thermodynamic 
correction factor.  
It has been demonstrated by Rehfeldt and Stichelmair (2010) that experimentally 
determined Maxwell-Stefan diffusion coefficients, via the Fickian diffusion coefficient and the 
thermodynamic correction factor (eq. 2-17), are consistent with the predicted theoretical values 
(eq. 2-15) for thermodynamically ideal mixtures. In contrast for non-ideal systems predicted and 
measured Maxwell-Stefan diffusion coefficients were not consistent (Rehfeldt and Stichlmair, 
2010). This indicates that the Maxwell-Stefan’s diffusion theory is suitable for assessing 
diffusive transport in a solution with a thermodynamic ideal behavior, while for non-ideal 
mixtures the theory shows a high uncertainty.   
Equation 2-15 suggests that the Maxwell-Stefan diffusion coefficient is not mass 
dependent. However, when the diffusive transport rate is determined via the Fickian diffusion 
coefficient (eq. 2-17), a mass dependency is observed similar to Fick’s diffusion theory, 
depending on which definition of the Fickian diffusion coefficient is used for the transformation 
(eq. 2-17). When using the kinetic and the empirical definitions of the Fickian diffusion 
coefficient of Worch (1993) (eqs. 2-6 – 2-10), the diffusive transport rate is inversely dependent 
on the square root of the molecular mass of the diffusing species. In contrast when using the 
hydrodynamic thermodynamic definition of the Fickian diffusion coefficient (eq. 2-5), the 
Maxwell-Stefan diffusion coefficient shows no mass dependency, while when considering the 
empirical definition of Wilke and Chang (1955) and Hayduk and Laudie (1974) the diffusive 
transport is expected to be faster for heavy compared to light isotopes. 
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2.2.3. Einstein’s theory of diffusion 
In contrast to Fick’s and Maxwell-Stefan’s diffusion theory, which assesses the average 
behavior of solute molecules in a solution, Einstein’s theory of diffusion (Einstein, 1906) is based 
on the probabilistic behavior of a single solute molecule within a solvent. In particular, Einstein 
(1906) assessed the probability that a single solute molecule changes its position due to its 
diffusive migration in the solvent. Einstein (1906) considered a time interval įt that is short 
enough for a solute molecule to collide several times with solvent molecules base on its random 
movement, but small enough that it can be considered infinitesimally small on the macroscopic 
scale. Afterwards a probability density function ĳ(ǻ;įt) was defined, whereby ĳ(ǻ;įt)dǻ gives 
the probability that a solute molecule changes its position along the x-axis of a system during įt 
by an amount between ǻ and dǻ due to a collision with a solvent molecule. From the definition 
of ĳ(ǻ;įt) Einstein calculated the average molecular density (concentration) between the spatial 
interval x and x + dx at time t+įt using the following equation: 
 
   > @  > @'G'M'UGU ' dt;dxt,xdxtt,x   ³f f        (2-18) 
 
The first factor in the brackets indicates the average number of solute molecules at the 
position x+ǻ at time t, which is the average number of solute molecules prior collision with 
solvent molecules (Fig. 2-3). The second term is the probability that the solute molecules will be 
displaced along the x-axis during the time interval by an amount between ǻ and dǻ and will 
therefore end up in the dx interval at time t+ įt. Einstein (1906) integrated equation 2-18 over all 
possible ǻ values between + and - for obtaining the average number of solute molecules with 
the x coordinate between x+dx at time t+ įt. After integrating and rearranging equation 2-18, 
Einstein received the following equation for describing the diffusive transport process in three 
dimensions (for details, readers are referred to Einstein (1906)):   
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with: 
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Figure 2-3. Schematic illustration of Einstein’s perspective on the diffusion process. ȡ(x+ǻ) and 
ȡ(x-ǻ) are the molecular densities (concentrations) of solute molecules in positive and negative x 
direction from the considered dx interval at time t before the collision with the solvent molecules. 
These concentrations are multiplied with the PDF ĳ(ǻ;įt) and then integrated over all ǻ values in 
order to receive the solute molecular density in the dx interval after the collision of solute with 
solvent molecules at time t+įt. 
 
 
Equations 2-19 and 2-20 show that Einstein (1906) obtained the same equation for 
describing the diffusive transport process as Fick (1855) (eq. 2-4) but with a different definition 
for the diffusion coefficient. Furthermore, Einstein (1906) revealed for the first time a 
relationship between the mean square displacement of a solute molecule and the diffusion 
coefficient D by showing that the mean square displacement increases with time at a rate 2dD, 
where d is the dimensionality of the system: 
 
      02 20 ttdDrtr                 (2-21)  
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rearranging equation 2-21 gives: 
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where (r(t)-r(0))2 (m2) corresponds to the mean square displacement of a solute molecule during 
the time interval t – t0 (s), D (m2/s) refers to the diffusion coefficient and d indicates the 
dimensionality of the system. 
Even tough Einstein’s diffusion theory predicts not explicitly a mass dependency of the 
diffusive transport rate (eq. 2-20), the exhibition of a relationship between the mean square 
displacement and the diffusion coefficient (eq. 2-22) opened the possibility to asses a mass 
dependency of the diffusive transport rate by measuring the mean square displacement for 
isotopocially distinct species. 
   
2.2.4. Langevin’s theory of diffusion 
Similar to Einstein’s theory, Langevin’s diffusion theory focuses on behavior of one 
solute molecule within a solvent. The diffusion theory was developed by examining a single 
solute molecule with mass m, which is exposed to forces coming from collisions with solvent 
molecules (Lemons and Gythiel, 1997). In contrast to Einstein’s theory of diffusion, which is 
based on the probabilistic behavior of a solute molecule, Langevin used Newton’s second law to 
explain the random motion of a solute molecule: 
 
    XtyVx
dt
tdVxm           (2-23) 
 
Langevin assumed that the force F=ma (Newton’s second law; left term eq. 2-23), which a solute 
molecule experiences during collision with solvent molecules equals the sum of two different 
forces. The first force (-yVx(t); first term right side of equation 2-23) is directly proportional to 
the velocity of the molecule but in negative direction, whereby the constant y represents the drag 
force (y=6ʌȘR), which corresponds to the conventional drag force used in hydrodynamics. The 
second force (X; second term, right side of equation 2-23) equals to a random fluctuation forces, 
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which is independent of the velocity of the moving solute molecule. Langevin used this force 
cautiously and intuitively because their formal properties were not yet developed and not widely 
applied at this time, whereas today this force is defined and applied as the Gaussian white noise. 
For a detailed description of the Gaussian white noise readers are referred to Kuo (1996). 
 Similar to Einstein, Langevin’s diffusion theory also yields an expression for the mean 
square displacement of solute molecule within a solvent. (For details of the deviation of the mean 
square displacement equations of Langevin’s diffusion theory readers are referred to Gillespie 
and Seitaridou (2013)):  
 
         > @WW 0120 02 ttB ettyTkdrtr         (2-24) 
 
where kB (J/K) is the Boltzmann constant, T (K) is the temperature, y=6ʌȘR (kg/ms) corresponds 
to the drag forces, where Ș is the viscosity of the solvent and R (m) is the solute radius, t – t0 (s) is 
the time interval and Ĳ (s) equals mD/kBT, where m is the mass of the solute molecule.  
For investigating the properties of Langevin’s mean square displacement formula (eq. 2-
24) with respect to a mass dependency the equation is considered for large and short time 
intervals. When taking a large time interval with respect to the constant Ĳ (t – t0 >> Ĳ), which has 
also units of time, the right most term   WW 01 tte    in equation 2-24 becomes zero. Hence, the 
mean square displacement equation for long time intervals becomes:  
 
        002 2620 ttdDttR
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drtr B    SK       (2-25) 
 
The expression in equation 2-25 corresponds to Einstein’s means square displacement expression 
(eq. 2-23) showing that during large time intervals (t – t0 >> Ĳ) Langevin’s and Einstein’s mean 
squared displacement formulas are identical. Hence, during large time intervals (t – t0 >> Ĳ) the 
Langevin theory of diffusion is not predicting a mass dependency of the diffusive transport rate. 
In contrast when the time interval is taken small (t – t0 << Ĳ) Langevin’s mean square 
displacement equation expression becomes: 
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Equation 2-26 demonstrates that in contrast to large time intervals (t – t0 >> Ĳ) (eq. 2-25), the 
mean square displacement is inversely proportional to the mass of the diffusion species during 
short time intervals (t – t0 << Ĳ). Hence, in contrast to long time intervals, the mean square 
displacement equation for Langevin’s theory of diffusion predicts a mass dependency for the 
movement of solute molecules during short time intervals. 
 
2.3. Discussion 
 
The different definitions of the Fickian diffusion coefficient (kinetic, hydrodynamic, 
empirical) are inconsistent with respect to their mass dependency. The mass dependency of the 
diffusive transport rate is either neglected shows an inverse proportionality to the square root of 
the molecular mass of the diffusing species or predicts a faster diffusive transport rate for heavy 
compared to light isotopes (eqs. 2-5 – 2-14). The same inconsistency regarding the mass 
dependency of the diffusive transport rate is also observed for the Maxwell-Stefan diffusion 
theory, as the Maxwell-Stefan diffusion coefficient is determined via the Fickian diffusion 
coefficient (eq. 2-17). Einstein’s diffusion theory foresees not explicitly a mass dependence of the 
diffusive transport rate, being consistent with the hydrodynamic but in contradiction with the 
kinetic and the empirical definition of the Fickian diffusion coefficients. However, as mentioned 
in section 2.2.3. the relationship between the diffusion coefficient and the mean squared 
displacement by Einstein (1906) (eq. 2-24) enabled the possibility to investigate a potential mass 
dependency of the diffusive transport rate by measuring the mean square displacement for 
isotopically distinct species. However, Einstein’s relationship between the diffusion coefficient 
and the mean square displacement contains also some limitations due to the inverse 
proportionality to the arbitrarily taken time interval įt (eq. 2-23). When the time interval įt is 
very small, the solute molecule might not experience enough collisions with the solvent 
molecules that its movement is randomly. Thus, during short time intervals, the solute molecule 
moves nearly straight (ballistic) at a nearly constant speed like in a diluted gas, which is not 
corresponding to a diffusive behavior. Therefore, at small time intervals it is not possible to 
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determine diffusion coefficient using Einstein’s mean square displacement formula. In contrast to 
Einstein, Langevin’s diffusion theory contributed to the solution that the mean square 
displacement can also be described during short time intervals. Langevin revealed an inverse 
proportionality between molecular movement of the solute and the mass of the diffusing species 
during short time intervals (eq. 2-26). However, the disadvantage of the expression in equation 2-
26 is that although Langevin found a way to describe the mass dependent ballistic behavior 
during short time intervals, it cannot be related with a diffusive transport rate, as the term kBT/m 
(eq. 2-26) is not corresponding to the diffusion coefficient. In contrast during long time intervals 
Langevin’s diffusion theory proposed that the diffusive transport process is mass independent 
obtaining the same mean square displacement equation as Einstein (eq. 2-28). This is in 
agreement with the hydrodynamic definition of the diffusion coefficient but contradicts the 
kinetic and empirical definitions of the Fickian and the Maxwell-Stefan diffusion coefficients. 
In addition to the contradictory results regarding the mass dependency of the diffusive 
transport rate non-of the described diffusion models was consistent with the recently proposed 
more general power law model by experimental studies (eq. 1-6, chp. 1). The different diffusion 
models either overestimated the magnitude of isotope fractionation (kinetic and Worch (1993) 
empirical definition of the Fickian diffusion), predicted an isotope fractionation in the opposite 
way (empirical definition of Fickian diffusion coefficient by Hayduk and Laudie (1974) and 
Wilke and Chang (1955)) or underestimated the mass dependency of the diffusive transport rate 
compared to the power law model (Einstein’s, Maxwell-Stefan’s and Langevin’s diffusion 
models). Therefore, non-of the standard diffusion models provide a theoretical rationale for the 
general power law model proposed by recent experimental studies (eq. 1-6, chp. 1). Alternatively, 
to the standard diffusion models, molecular dynamic simulations have been increasingly used to 
investigate the mass dependency of the diffusive transport rate in aqueous solutions. The basic 
concept relies on the quantification of the diffusive transport rate for isotopically distinct species 
by determining the solute’s mean square displacement using Einstein’s equation (eq. 2-22) for a 
time interval being large enough to ensure a random movement of the solute in the solvent. In 
contrast to the standard diffusion models, molecular dynamic simulations (Bourg et al., 2010; 
Bourg and Sposito, 2007; Bourg and Sposito, 2008) for isotopically distinct ions and noble gases, 
revealed a consistency between the mass dependency of the diffusive transport and the power law 
model (eq. 2-2). Hence, Bourg and Sposito (2007), Bourg and Sposito (2008) and Bourg et al. 
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(2010) provided for the first time a theoretical rationale for the more general power law model 
(eq. 1-6, chp. 1) supporting its validity for estimating the magnitude of isotope fractionation due 
to aqueous phase diffusion. Furthermore, the performance of molecular dynamic simulations 
opened the possibility to gain more insight into the mechanism of the mass dependency of the 
diffusive transport rate. Bourg et al. (2010) and Bhattacharyya and Bagchi (2000) revealed that 
two competing effects determine the mass dependency of the diffusive transport rate in the 
aqueous phase: The strongly mass dependent short time kinetic-like friction and the mass 
independent long time hydrodynamic friction, which will be discussed in more detail in chapter 
4. This outcome is to some extent consistent with the Langevin’s theory of diffusion proposing a 
mass dependency during short but not during long time intervals (eqs. 2-24 – 2-26). However, 
Langevin’s diffusion theory is not providing an equation, which includes both time interval 
considerations to predict correctly the mass dependency of the diffusive transport rate in the 
aqueous phase.  
 
2.4. Conclusions 
 
The review of four standard diffusion theories (Fick, Maxwell-Stefan, Einstein, Langevin) 
revealed equivocal results regarding the mass dependency of the diffusive transport rate in the 
aqueous phase. In addition to the provision of ambiguous results, non-of the four diffusion 
theories is coherent with the general power law model (eq. 1-6, chp. 1), exhibited by recent 
experiment studies. In contrast to the standard diffusion models, molecular dynamic simulations 
were able to reproduce the weaker power law mass dependency of the diffusive transport rate 
than postulated by the kinetic theory being consistent with recent experimental studies. Thus, the 
molecular dynamic simulation results reinforce the validity of the more general power law model 
(eq. 1-6, chp. 1). However, so far molecular dynamic simulations were only performed for 
isotopically distinct inorganic species. Thus, the confirmation of the validity of the more general 
power law model for isotopically distinct organic species has not yet been provided by molecular 
dynamic simulations.  
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Abstract 
 
To identify reactive processes in diffusion dominated water-saturated systems using 
compound-specific isotope analysis (CSIA), the effect of the diffusive transport process on 
isotope ratios needs to be known. This study aims to quantify the magnitude of carbon and 
chlorine isotopologue fractionation of two chlorinated hydrocarbons (trichloroethene (TCE) and 
1,2-dichloroethane (1,2-DCA)) during diffusion in the aqueous phase and to relate for the first 
time laboratory with field results. Diffusion coefficient ratios in the aqueous phase were 
experimentally quantified with a modified Stokes diffusion cell. The experiment revealed a 
significant shift of carbon and chlorine isotopologue ratios of TCE and 1,2-DCA during 
diffusion. For both TCE and 1,2-DCA, the magnitude of the shift of chlorine isotopologue ratios  
was larger (TCE: D132/D130=0.99963±0.00003; 1,2-DCA: D102/D100=0.99939±0.00003) in 
comparison to carbon isotopologue ratios (TCE: D131/D130=0.99978±0.00006; 1,2-DCA: 
D101/D100=0.99977±0.00004), which is consistent with the larger mass difference between stable 
chlorine compared to carbon isotopes. Determined diffusion coefficients for carbon and chlorine 
isotopologues of TCE and 1,2 DCA follow an inverse power law form (D ןm-E with ȕ<0.5 
revealing that the magnitude of isotopologue fractionation of TCE and 1,2-DCA is lower than in 
the previously postulated kinetic theory (D ןm-. To relate laboratory with field results, a 
water-saturated clay core from a VOC contaminated site was retrieved and subsampled as a 
function of depth to assess possible shifts in isotopologue ratios during downward diffusion of 
VOCs into the low permeable clay. Observed small shifts of TCE carbon and chlorine 
isotopologue ratio profiles were consistent with laboratory determined diffusion coefficient 
ratios, demonstrated by a 1D-diffusion model. Further 1D-simulations for shorter diffusion 
periods (5-10 years) than observed in the retrieved clay core (45 years), revealed a larger effect 
on TCE chlorine and carbon isotopologue ratio profiles. Thus the diffusive transport process in 
water-saturated low permeability sediments only impairs the identification of reactive processes 
using compound-specific isotope analysis (CSIA) during short diffusion periods and for reactive 
processes with small enrichment factors. 
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3.1. Introduction 
 
Due to industrial activities, groundwater contamination by chlorinated hydrocarbons is a 
widespread problem (Pankow and Cherry, 1996). When chlorinated hydrocarbons are released as 
dense non-aqueous phase liquid (DNAPL), vertical transportation through the unsaturated zone 
into aquifer systems usually occurs due to high density and low viscosity of DNAPLs (Cotel et 
al., 2011). During the further migration in aquifer systems, DNAPLs tend to accumulate on top of 
low permeability zones and diffuse into them (Falta, 2005; Feenstra et al., 1991; Johnson and 
Pankow, 1992; Parker et al., 2004; Seyedabbasi et al., 2012). In these zones, typically more 
reducing conditions are encountered and biodegradation of chlorinated hydrocarbons possibly 
occurs (Damgaard et al., 2013). 
Compound-specific stable isotope analysis (CSIA) has been developed to track such 
(bio)chemical transformation processes and to associate contaminant sources to down gradient 
contamination. This method is generally based on the assumption, that only bond cleavage of 
organic molecules (i.e.(bio)chemical transformation processes) is associated with isotope effects 
(Elsner et al., 2005; Hunkeler et al., 2011; Hunkeler et al., 2005; Hunkeler et al., 1999; Lollar et 
al., 2001; Meckenstock et al., 2004). However, recent studies have shown that physical processes 
also can fractionate isotopes such as gas diffusion (Bouchard et al., 2008a; Bouchard et al., 
2008b), vaporization and air water partitioning (Harrington et al., 1999; Huang et al., 1999; 
Hunkeler et al., 2011; Jeannottat and Hunkeler, 2013; Kuder et al., 2009; Poulson and Drever, 
1999; Shin and Lee, 2010), which potentially complicates the identification of (bio)chemical 
transformation processes using CSIA. In contrast to these processes, the effect of diffusion in the 
aqueous phase and water-saturated low permeability materials on isotope ratios has received little 
attention so far. In particular, isotope fractionation during diffusion could impair the 
identification of reactive processes in diffusion dominated saturated low permeability sediments 
using CSIA. Consequently, the quantification of a potential isotopic effect during diffusion of 
chlorinated hydrocarbons is indispensable to track reactive processes in diffusion dominated low 
permeability sediments such as clays.  
Most previous studies in groundwater hydrology assumed that isotope fractionation of 
dissolved ions and noble gases during diffusion in the aqueous phase follows either the 
hydrodynamic theory (Berkowitz and Wan, 1987; Biswas and Bagchi, 1997; Chernyavsky and 
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Wortmann, 2007; Chong and Hirata, 1998; McManus et al., 2002) or alternatively the kinetic 
theory, which was developed for gaseous mixtures (Appelo and Postma, 2005; Clark and Fritz, 
1997; Desaulniers et al., 1985; Donahue et al., 2008; LaBolle et al., 2008; Peeters et al., 2003; 
Senftle and Bracken, 1954). The hydrodynamic theory assumes that a solute molecule moves 
through a continuum solvent with a specified viscosity and the diffusion coefficient is commonly 
described by the well-known Stokes-Einstein relation (Cussler, 2009): 
 
06 R
TkD BSP            (3-1)  
 
where D (m2/s) is the diffusion coefficient, kB (J/K) is Boltzmann’s constant, T (K) is the 
temperature, P (kg/ms) refers to the viscosity of the solvent and R0 (m) is the solute radius.    
In the framework of the Stokes-Einstein relation, the diffusion coefficient of a dissolved 
species is radius but not mass dependent. Therefore, the hydrodynamic theory foresees no 
fractionation between isotopically distinct species differing in one or more neutrons, since an 
additional neutron increases the mass significantly but not necessarily the radius of the dissolved 
species. In contrary, in the framework of the kinetic theory, the diffusion coefficient of a 
dissolved species is mass dependent and the ratio between two diffusion coefficients of two 
isotopically distinct species is proportional to the inverse square root of their reduced masses: 
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where DH (m2/s) is the diffusion coefficient of the heavy isotope, DL (m2/s) is the diffusion 
coefficient of the light isotope and PL and PH refer to the reduced masses (Pi=miMi/mi+Mi) of the 
diffusing species, where mi and Mi are solute and solvent masses. 
For diffusing gases equation 3-2 can be simplified by assuming that the mass of the 
molecules of the medium (Mi) is infinitively large in comparison to the diffusing molecules (Mi 
>> mi) (Ballentine et al., 2002; Bourg and Sposito, 2008; Klump et al., 2007; Lippmann et al., 
2003; Peeters et al., 2003; Richter et al., 2006; Strassmann et al., 2005; Zhou et al., 2005). 
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Therefore, the reduced mass in equation 2 becomes to Pi ĺ mi since mi + Mi ĺ Mi. This 
simplification leads to the kinetic “square root” relation:  
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where mL and mH refer to the molecular weights of the diffusing species. 
Although the kinetic theory (eq. 3-3) was commonly used for estimating the magnitude of 
isotope fractionation during diffusion in the aqueous phase, it has been long known that this 
theory is not suitable, especially in liquid water, when a hydrodynamic behavior becomes more 
important (Alder et al., 1974; Nuevo et al., 1995). Recent studies emphasized this incorrect 
assumption by showing experimentally that the kinetic square root relation (eq. 3-3) 
overestimates the magnitude of isotope fractionation during diffusion in liquid water. Several 
studies (Richter et al., 2006; Eggenkamp and Coleman, 2009; Tempest and Emerson, 2013) 
demonstrated that the exponent in equation 3 ranges between 0 and 0.2 for diffusing ions (Li+, 
Na+, K+, Mg2+, Cl-, Br-) and noble gases (Ar, Ne) and that a more general power law model with 
an exponent ȕ<0.5 is more suitable to quantify isotope fractionation due to aqueous phase 
diffusion:  
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Molecular dynamic simulations (Bourg and Sposito, 2007; Bourg and Sposito, 2008; Bourg et al., 
2010) confirmed the validity of the general power law model (eq. 3-4) for quantifying isotope 
fractionation during diffusion in liquid water. Bourg and Sposito (2007) revealed an inverse 
proportionality between beta values and the residence time of nearest water molecules 
surrounding dissolved ions (Li+, Cl-, Mg2+). Moreover, by expanding molecular dynamic 
simulations to noble gases (Ar, Ne) and metal cations (Na+, K+, Cs+, Ca2+),  Bourg and Sposito 
(2008) and Bourg et al. (2010) confirmed the generality of the inverse power law (eq. 3-4) for a 
wider range of solutes. Due to the wider spectra of assessed species, Bourg et al. (2010) 
demonstrated, that the value of ȕ (eq. 3-4) also depends, in addition to the residence time of 
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nearest water molecules, on solute radius and valence state. Thus, diffusive transport process in 
the aqueous phase can be considered as an intermediate between a hydrodynamic and a kinetic 
behavior. Furthermore, Beekmann et al. (2009), Lavastre et al. (2005) and Bourg and Sposito 
(2008) showed, that a general inverse power law form (eq. 3-4) is also valid at the field scale for 
assessing diffusive isotope fractionation of chlorine (37Cl/35Cl) and noble gases (40Ar/36Ar, 
22Ne/20Ne) in diffusion dominated saturated low permeable clays.  
In contrast to ions, chlorinated hydrocarbons are dissolved as uncharged molecules in 
water. A given chlorinated hydrocarbon exists as species with different weight, denoted as 
isotopologues, as the elements (C, Cl, H) constituting the molecule have several stable isotopes. 
Compared to ions, less information is available in the literature regarding isotopologue 
fractionation during diffusive transport of organic compounds in water. Some studies used 
deuterated vs. non-deuterated compounds to determine isotopologue fractionation in ambient 
liquid water at the laboratory scale, as they are easy to measure. However, the results are 
conflicting, since some studies obtained beta values close to the kinetic theory (e.g. 0.455 for 
toluene and ethylbenzene isotopologue pairs) (Jin et al., 2014), while other studies received lower 
beta values close to the values obtained for diffusing ions (e.g. 0.063 for isopropanol (IPA) and 
0.023 for tertiary butyl alcohol (TBA)) (LaBolle et al., 2008). This raises the question of the 
representativeness of the approach for natural abundance studies. In contrast, a few studies 
evaluated isotopologue fractionation of organic compounds at natural abundance under controlled 
laboratory conditions by addressing one type of isotopologue: Zhang and Krooss (2001) and 
Schloemer and Krooss (2004) assessed carbon isotopologue fractionation of methane and ethane, 
while Jin et al. (2014) assessed chlorine isotopologue fractionation of cis-1,2-dichloroethene 
(cDCE) and trichloroethene (TCE). These studies received beta values close to those for diffusing 
ions and clearly lower than 0.5, postulated in the kinetic theory (methane and ethane: 0.021 – 
0.055, cDCE: 0.088 and TCE: 0.043). Furthermore, studies addressing isotopologue fractionation 
in saturated systems at the field scale are limited to modelling studies assuming a kinetic beta 
value of 0.5 (LaBolle et al., 2008; Rolle et al., 2010; Van Breukelen and Rolle, 2012). Thus, a 
study relating laboratory measured beta with measured field values and addressing more than one 
type of isotopologue pair of a specific organic compound (e.g. C and Cl types) is lacking.   
In this study, diffusion coefficient ratios were for the first time determined for isotopes 
with distinct mass differences (C and Cl) within the same molecule and related to isotopologue 
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ratio profiles at a field site, where transport is likely diffusion dominated. At the laboratory scale, 
diffusion coefficient ratios of carbon and chlorine isotopologue pairs of two common chlorinated 
organic groundwater contaminants, 1,2-dichloroethane (1,2-DCA) and TCE, were determined 
using a modified Stokes diffusion cell. At the field scale, a water-saturated clay core was 
retrieved from the bottom of a contaminated site and subsampled as a function of depth to 
evaluate possible shifts of TCE carbon and chlorine isotopologue ratios during downward 
diffusion into the clay. To compare field and laboratory data, field isotopologue ratio profiles 
were simulated using a 1D-diffusion model based on the laboratory determined diffusion 
coefficient ratios. The new insight into isotopologue fractionation of chlorinated hydrocarbons 
during diffusion in the aqueous phase provides a basis for identifying reactive processes in 
diffusion dominated low permeability sediments using CSIA.  
 
3.2. Experimental design of modified Stokes’ diffusion cell 
 
We used a modified Stokes’ diffusion cell to quantify isotopologue fractionation during 
aqueous phase diffusion. Stokes’ diffusion cell design (Stokes, 1950) is a well-accepted and 
commonly used method to determine diffusion coefficients of dissolved species in aqueous 
solutions (Asfour, 1983; Asfour and Dullien, 1983; Cussler, 2009; Lo, 1974; Mills et al., 1968; 
Vangeet and Adamson, 1964; Wedlake and Dullien, 1974). The concept relies on a horizontal 
separation of two, well-stirred compartments by a frit with small pore sizes (diameter: 5-7 Pm). 
The lower compartment contains a dissolved species while the upper compartment is filled with 
pure water. Because of the concentration gradient between the two compartments and the small 
pore size of the frit, the dissolved species in the lower compartment are exclusively transported 
by diffusion through the frit into the upper compartment. Diffusion coefficients are determined 
using the concentration difference between the two compartments, diffusion time and the 
previously determined diffusion cell constant. The latter is derived from species with known 
diffusion coefficients and is a correction factor for tortuosity and porosity effects affecting the 
diffusing species in the frit (Asfour, 1983; Asfour and Dullien, 1983; Cussler, 2009; Lo, 1974; 
Mills et al., 1968; Vangeet and Adamson, 1964; Wedlake and Dullien, 1974). 
For the present study, the classical Stokes’ diffusion cell design was modified to 
determine diffusion coefficient ratios for carbon and chlorine isotopologue pairs differing in one 
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heavy isotope in ambient liquid water at constant temperature (22°C). The intention of the 
modification was to maintain a maximal concentration gradient between the two compartments 
over time, by keeping the concentration in the upper compartment close to zero. This provides the 
advantage, that a constant rate of isotopologue accumulation was achieved in the lower 
compartment, which corresponds to a typical Rayleigh type behavior. The prevention of an 
equilibration between the source and the sink compartment is also an improvement in comparison 
to earlier diffusion experiments (Richter et al., 2006). In the earlier experiments, diffusion occurs 
from a small source container into a large sink container (Vsink/Vsource ~ 300), during which 
equilibration occurred at the latest stage of the experiment between the source and the sink 
container. The modification was implemented by continuously renewing the water in upper 
compartment. For this purpose, deionized water was passed at a rate of 10ml/min through the 
upper compartment, by connecting it to a clean water reservoir placed higher than the diffusion 
cell (see Fig. 3-1 for details).  
 
 
 
 
 
 
 
 
 
 
 
 
Figure 3-1. Set up of modified Stokes’ diffusion cell experiment. 
 
The lower compartment was filled with an aqueous solution, containing either TCE or 1,2-DCA. 
The solutions of the two compartments of the modified diffusion cell were stirred with the help of 
a magnetic plate set vertically on the side of the cell, to stir the magnetic bars inside the two 
compartments (Fig. 3-1). This prevented the formation of boundary layers above and below the 
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porous frit and ensured a homogenous concentration in the two compartments of the modified 
diffusion cell. To produce more data, two diffusion cells (named P2 and P3) were used 
simultaneously. The lower compartment of the diffusion cells used had volumes of 41.0 mL (P3) 
and 40.9 mL (P2), respectively and the upper compartments volumes of 34.0 mL (P3) and 35.0 
ml (P2), respectively. The porous frit of both cells has the same pore size (1.0 – 1.6 Pm diameter; 
data from manufacturer) (Fig. 3-1). Experiments of different duration were performed and 
samples were taken at the beginning and the end of each experiment from the lower 
compartment.  
The governing equation for diffusive transport within the modified diffusion cells can be 
expressed according to Fick’s law of diffusion: 
 
Aj
dt
dCV lowerlower            (3-5) 
 
where Vlower (L) is the volume of the lower compartment, dClower/dt (mg/L/s) corresponds to the 
temporal change in concentration, A is the area of the frit (m2) and j (mg/m2s) is the diffusive 
flux. 
Within the frit a linear concentration gradient was assumed (quasi-steady-state), which 
has been proven as a reasonable assumption (Mills et al., 1968; Wedlake and Dullien, 1974). 
Thus, the diffusive flux across the porous frit is defined as follows according to the given 
geometric conditions of the diffusion cells:  
 
 
L
CCD
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           (3-6) 
with 
W)0DDe              (3-7) 
   
where D0 (m2/s) is the diffusion coefficient in free solution, ) (-) is the porosity, W (-) is the 
tortuosity factor, De (m2/s) is the effective diffusion coefficient and Clower (mg/L) and Cupper
(mg/L) are the concentrations in the lower and upper compartment, respectively.   
Chapter 3  
  56 
The tortuosity factor in equation 3-7 includes the lowering of the diffusive transport rate due to 
the curved diffusion paths in the porous media in comparison to the straight paths in free 
solutions. Commonly tortuosity factors are expressed as the squared ratio between the length of 
the diffusion path in porous media and the diffusion path in free solution (Bear, 1972; Steefel and 
Maher, 2009):   
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where, L (m) is the diffusion path length in a free solution and LE (m) is the diffusion path length 
in porous media. 
Due to the continuous renewal of the water, the concentration in the upper compartment of the 
diffusion cell is close to zero. Inserting equation 3-6 and 3-7 with Cupper = 0in equation 3-5 leads 
to: 
 
L
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W)0         (3-9) 
 
Rearranging and integrating formula 3-9 under the given boundary conditions, leads to the 
concentration evolution as function of time in the lower compartment: 

lowerLV
AtD
t eCC
W)0
0
        (3-10) 
 
where C0 (mg/L) is the initial concentration in the lower compartment at time zero and Ct (mg/L) 
is the final concentration in the lower compartment at time t. 
Equation 3-10 can also be expressed for the temporal concentration evolution of one individual 
isotopologue, since the diffusion transport process in the diffusion cells acts on isotopologues.
By formulating equation 3-10 for two isotopologues and dividing these equations by each other, 
the temporal evolution of the ratio of two isotopologues in the lower compartment of the 
diffusion cell can be expressed as follows:  
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where CH,0 (mg/L) is the initial concentration of the heavy isotopologue, CL,0 (mg/L) is the initial 
concentration of the light isotopologue, CH,t (mg/L) is the concentration of the heavy isotopologue 
at timet, CL,t  (mg/L) is the concentration of the light isotopologue at timet, D0,H (m2/s) refers to 
the diffusion coefficient of the heavy isotopologue in free solution and D0,L (m2/s) refers to the 
diffusion coefficient of the light isotopologue in free solution.  
Expanding the right term of equation 3-11 by power to D0,L/D0,L and expressing the isotopologue 
ratios at time t and time zero by Rt and R0, respectively leads to the following equation:  
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Equation 3-12 corresponds to a typical Rayleigh type equation of the form Rt = R0f(D-1), where the 
term 
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 equals the remaining fraction f of the species in the lower compartment and 
D0,H/D0,L  corresponds to the fractionation factor D. Therefore, equation 3-12 demonstrates that 
the fractionation between two isotopologues in the lower compartment of the diffusion cell 
follows a typical Rayleigh type behavior with a constant fractionation factor D and that the 
magnitude of fractionation depends only on the ratio between the diffusion coefficients in free 
solution of the two isotopologues. For convenience, equation 3-12 was multiplied by a factor of 
1000 and the natural logarithm was taken, which results in the following equation:     
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Hence, by plotting [ln(Rt/R0)]x1000 vs. ln f, the ratio of the diffusion coefficients in free solution 
for heavy and light isotopologues can be obtained using linear regression. The usage of 
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isotopologue ratios in equation 3-13 instead of isotope ratios provides the advantage that the 
determined ratio of D0,H/D0,L in equation 3-13 can be used to evaluate the E values (eq. 3-4) for 
the corresponding isotopologue pairs. To obtain the uncertainty of diffusion coefficient ratios 
(D0,H/D0,L) using the slope of the linear regression in the plotting space ln(Rt/R0)]x1000 vs. ln f 
(eq. 3-13), the 95% confidence interval of the slope of the regression line was calculated 
according to the following equation: 
 
mn,. Stm ur 20250             (3-14) 
 
where m is the slope of the regression line, t0.025,n-2 is the t-distribution for the 95% confidence 
interval, n is the degree of freedoms and Sm is the standard deviation of the regression line. The 
uncertainty of beta values was calculated according to Gauss’ error propagation law including the 
uncertainty of the determined diffusion coefficient ratios. 
 
3.3. Site description 
 
For comparing laboratory with field results, samples were taken from a saturated clay 
unit, which underlies a chemical waste landfill. The clay consists mainly of Smectite, Illite and 
Kaolinite and has sandy layers showing a higher permeability than the clay. During the 
deposition period (~45 years), hazardous waste including organic contaminants was placed on top 
of the clay and remained in place until remediation of the site. During the period of waste storage, 
diffusion was expected to be the predominant process for transporting organic contaminants away 
from the waste landfill into the underlying clay. In April 2013, a clay core of 45cm length was 
retrieved from the saturated bottom of the waste landfill and subsampled as a function of depth to 
analyze concentrations and isotopic evolution with increasing distance from the source for the 
landfill age of about 45 years.  
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3.4. Sampling, analytical methods and data evaluation  
 
3.4.1. VOC extraction from clay core 
Volatile organic compounds (VOCs) were extracted from the clay core following the 
procedure described by Parker (1996): The retrieved clay core (diameter = 20 cm) was split 
longitudinally in two pieces of the same size. After splitting, the core was logged (photographs 
and description) for geological features. Logging was performed as fast as possible (~5 min) to 
prevent any loss of VOCs. Afterwards subsampling was carried out with a spacing of 5 cm to 
gain a satisfactory resolution of the concentration and isotopic data of the VOCs as a function of 
depth. Subsamples of about 3 cm length were taken from the clay core using a mini corer (inner 
diameter 16 mm, length 110 mm) and a plunger (diameter 15 mm, length of 125mm), both made 
of stainless steel. To prevent any loss of VOC during subsampling, the clay core was covered by 
aluminum foil except at the place, where subsampling took place. The subsamples were extruded 
by the plungers into 42 mL glass vials containing 20 mL high purity (>99.7%) methanol 
(MeOH). A high clay to MeOH ratio (typically 0.8) was chosen to maximize the amount of 
VOCs in the MeOH extracts. Subsequently the vials were sealed with a screw cap with a Teflon 
lined septum. The vials were weighed before and after the collection of the clay samples to 
determine the weight of the solid samples.  
In the laboratory, the 42 mL vials were sonicated for 30 minutes followed by shaking for 
one hour in order to disperse the clay samples and to dissolve all VOC completely in the MeOH. 
Afterwards, the vials were centrifuged for 30 minutes at 1200 rpm to obtain a clear MeOH 
supernatant. The clear MeOH supernatant was then decanted in 4 mL vials, which were sealed 
with a screw cap with Teflon lined septum for storage prior to analysis.  
    
3.4.2. VOC concentration analysis 
VOC concentrations in water samples were analyzed using a TraceTM GC-DSQII mass 
spectrometer (Thermo Fisher Scientific, Waltham, MA, US) operated in selected ion mode with a 
detection limit of 2.0 ȝg/L. Calibration curves for cDCE, TCE, Tetrachloroethene (PCE), 1,1,2,2-
Tetrachloroethane (TCA) and 1,2-DCA were produced using external standards (purity  95.0%), 
which were prepared at seven different concentration levels: 5, 10, 25, 50, 75, 100, 150 ȝg/L. 
Chapter 3  
  60 
Headspace samples from 20mL vials filled with 10ml sample were injected using a CombiPal 
auto sampler (CTC Analytics, Zwingen, Switzerland). Based on an initial screening of VOC 
concentrations, the samples were diluted to approximately identical concentrations (50ȝg/L) to fit 
the calibration interval and to maximize precision of the analysis. For samples containing cDCE, 
TCE, PCE and 1,1,2,2-TCA, the GC oven temperature was held at 40°C for 2 minutes, ramped at 
15°C/min to 130°C and held for 2 minutes. For samples with 1,2-DCA, the oven temperature was 
held at 40°C for 2 minutes, ramped at 15°C/min to 90°C and held for 2 minutes. The carrier gas 
was helium with a flow rate of 1,2 ml/min. The analytical uncertainty (1ı) of the concentration 
measurements was determined by a repeated measurement of standards included in the sample 
sequence (standards/samples = 1/5) and corresponded to ±5% (n=10) for cDCE, TCE, PCE and 
1,1,2,2-TCA and of ±4%, (n=5) for 1,2-DCA.   
For analyzing VOC concentrations in the clay samples, aliquots of the MeOH extracts 
were diluted at least 10 times with pure water and analyzed analogously to water samples. The 
dilution was made because the polar MeOH is incompatible with the non-polar column of the gas 
chromatograph. The total soil concentrations were calculated according the following formula:  
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CVC             (3-15) 
 
where, Cs (mg/kg) is the VOC concentration in the wet clay, Vm (L) is the total volume of 
methanol, Cm (mg/L) is the VOC concentration in the methanol and mWS (kg) is the total mass of 
the wet clay. The detection limit for VOCs concentrations in the wet clay is approximately 0.05 
mg/kg for typical clay to MeOH ratio of 0.8.    
 
3.4.3. Carbon Isotopes 
Compound-specific carbon isotope measurements of TCE and 1,2-DCA were performed 
using a purge-and-trap concentrator (Tekmar Velocity XPT, USA) coupled to a  TRACETM gas 
chromatograph (GC) and a DeltaPlus XP isotope mass spectrometer (IRMS) via a combustion III 
interface (Thermo Finnigan, Germany). Water samples were diluted to identical concentrations of 
30ȝg/L in 42 mL glass vials with PTFE-lined screw cap to maximize precision of the 
measurements. The MeOH extracts from the field samples were also diluted to identical 
Chapter 3 
 61  
concentrations of 30ȝg/L but the dilution had to be at least 100 times due to the incompatibility 
of the MeOH with the purge-and-trap concentrator and the column of the GC. Prior analysis, pre-
concentration of samples was performed with the purge-and-trap system by purging 25 ml for ten 
minutes with N2 (40 mL/min) and trapping the VOCs on a Vocarb 3000 trap. After desorption, 
the compounds were transferred to a cryogenic trap (Tekmar Dohrmann) in the GC oven set to -
80°C. The trap was heated to 180°C to release the compounds to the GC column (DB-VRX, 60m, 
0.25mm, 1,2 ȝm) for chromatographic separation. The GC oven temperature for TCE analysis 
was held at 50°C for 2 minutes, then ramped at 5°C/min to 135°C and held for 2 minutes. For 
1,2-DCA the temperature was held at 60°C and then ramped at 5°C/min to 135°C and held for 2 
minutes. The carrier gas was helium with a constant flow of 1.2 ml/min. Carbon isotope 
signatures of TCE and 1,2-DCA were analyzed relative to a standard and expressed in the delta 
notation (VPDB į = (R/Rstd – 1)*1000 (‰), where R and Rstd are the isotope ratios of the sample 
and the standard, respectively. The analytical uncertainty for experimental water samples 
(standard deviation of the mean: SDM = 1V/(n)1/2,V: standard deviation, n: sample number) of 
each TCE and 1,2-DCA measurements was determined based on triplicate measurements. In 
contrast, field samples were analyzed twice due to the limited samples volume. Thus, the 
standard deviation of the mean (±SDM) of the field samples was determined based on the 
standard deviation (1V of standards included in the samples sequence (ı=0.30‰, n=15).   
 
3.4.4. Chlorine Isotopes 
Compound-specific chlorine isotope measurement of TCE and 1,2 DCA was performed 
using a gas chromatograph coupled to a quadrapole mass spectrometer (GC-qMS; Agilent 
7890A, Agilent 5975C). Samples were injected by a headspeace method from 20 mL vials filled 
with 15 mL solution using a CompiPal Autosampler (CTC Analytics, Zwingen, Switzerland). For 
chromatographic separation a DB-5 column (30m, 0.25mm, 0.25ȝm, Agilent) with a constant 
helium flow of 1,2 mL/min was used. Water samples and MeOH extracts were diluted to 
identical concentrations of 30ȝg/L to maximize precision of the measurements. For the MeOH 
extracts from the field, the dilution had to be at least 10 times due to the incompatibility of the 
MeOH with the column of the GC. The analytical uncertainty (±SDM) of each TCE and 1,2-
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DCA measurements was based on a tenfold measurement of each sample from two different vials 
(5 replicates from each vial).  
The TCE samples and standards were diluted to identical concentrations of 100ȝg/L to 
obtain identical peak areas and thus to maximize precision of the measurements. The temperature 
program of the GC for TCE was started at 35°C for 2 minutes and then ramped at 10°C/min to 
50°C and held for 0.2 minutes. All four chlorine isotopologues intensities of TCE (mass 130, 
132, 134, 136) were quantified using the GC-qMS. Thus, raw chlorine isotopic ratios were 
calculated with the method developed by Sakaguchi-Soder et al. (2007) and further improved by 
Aeppli et al. (2010), which takes all chlorine isotopologue of TCE (130, 132, 134 and 136) into 
account. The raw chlorine isotopic ratios of TCE were then calculated using the following 
equation: 
 
134132130
136134132
23
32
III
IIIRTCE 
            (3-16) 
 
where I is the corresponding molecular ion abundance at different m/z values.  
A calibration of raw isotope ratio (eq. 3-16) was performed with two external TCE 
standards having different chlorine isotope ratios (EIL1 = 3.05‰ and EIL2 = -2.70‰). The 
standards were previously determined by an IRMS after conversion to methyl chloride using the 
Holt method (Holt et al., 1997) at the University of Waterloo. Calibration with external standards 
was performed to receive delta values on the SMOC scale. A recent inter laboratory comparison 
for different GC-qMS equipment, demonstrated that a lack of calibration of raw GC-qMS 
chlorine isotope ratios potentially leads to variation of the difference in isotope ratios between 
two samples by as much as a factor of 1.3 (Bernstein et al., 2011). 
The 1,2-DCA samples and standards were also diluted to identical concentrations of 
2000ȝg/L to obtain identical peak areas and thus to maximize precision of the analysis. The 
temperature program of the GC for 1,2-DCA was held at 40°C for 1.8 minutes and then ramped 
at 25°C/min to 120°C and held for 0.2 minutes. Chlorine isotopic raw ratios of 1,2-DCA were 
determined from the two most abundant fragment ion peaks (m/z 64 and 62) in combination with 
the general equation for the chlorine isotopic ratios for symmetric molecules developed by Elsner 
and Hunkeler (2008). For 1,2-DCA this equation corresponds to: 
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where I is the corresponding fragment ion abundance of 1,2-DCA at different m/z values.  
As for TCE, received raw chlorine isotope ratios from 1,2-DCA fragments (eq. 3-17) 
were calibrated against two external standards having different chlorine isotopic ratios (CHYN1 
= 6.30‰ and CHYN2 = -0.84‰) to obtain delta values on the SMOC scale.. The standards were 
characterized by the Holt method (Holt et al., 1997) at the Helmholtz Centre in Munich.  
 
3.4.5. Isotope and isotopologue data evaluation 
Since fractionation of isotopically distinct species of chlorinated hydrocarbons occurs 
between isotopologues and not between isotopes, isotope effects associated with diffusion are 
characterized by considering isotopologue rather than isotope ratios as justified in more detail for 
carbon and chlorine in the following paragraph.   
3.4.5.1. Carbon isotopes vs. carbon isotopologues 
As demonstrated in the Supplementary Information at the end of this chapter (section 
3.10.), carbon isotope ratios (13C/12C), measured in the delta notation, fractionate proportionally 
to carbon isotopologue pairs differing in one heavy carbon isotope (13C/12C v  CHL/CLL and 
CHH/CHL). This proportionality implies no information loss when considering only one of the two 
proportional isotopologue pairs. Due to the low abundance of the heavy carbon isotope (13C 
1.07% vs. 12C 98.93%), in the present study only the most abundant TCE and 1,2-DCA carbon 
isotopologue pairs containing one and zero heavy carbon isotope, respectively (131TCE/130TCE 
and 1011,2DCA/1001,2DCA) are considered, which is coherent with previous studies (Elsner and 
Hunkeler, 2008; Jin et al., 2013; Neumann et al., 2009).  
3.4.5.2. Chlorine isotopes vs. chlorine isotopologues 
In contrast to carbon, both chlorine isotopes are present at high abundance (37Cl 24.22% 
vs. 35Cl 75.78%) therefore, also several chlorine isotopologues are present at high abundance. As 
shown theoretically and experimentally by previous studies (Elsner and Hunkeler, 2008; 
Chapter 3  
  64 
Jeannottat and Hunkeler, 2012), TCE chlorine isotope ratios (37Cl/35Cl) behave proportional to 
TCE isotopologue pairs differing in one heavy chlorine isotope analogously to carbon. The 
possibility of tracking TCE chlorine isotopologues directly (eq. 3-16) permits verification of this 
proportionality. This study confirmed that TCE chlorine isotope ratios (37Cl/35Cl) are proportional 
to TCE chlorine isotopologue pairs differing in one heavy chlorine isotope (132TCE/130TCE and 
134TCE/132TCE) (Fig. 3-2). For 1,2-DCA, chlorine isotope ratios are also expected to fractionate 
proportionally to isotopologue pairs differing in one heavy chlorine isotope (37Cl/35Cl v
1021,2DCA/1001,2DCA and 1001,2DCA/981,2DCA) as demonstrated in the Supplementary 
Information at the end of this chapter (section 3.10.) for 1,2-DCA and more generally for 
symmetric molecules by Elsner and Hunkeler (2008). The proportionality among TCE and 1,2-
DCA chlorine isotopologue pairs differing in one heavy chlorine isotope also results in equal beta 
values (eqs. 3-13 and 3-4), since the change of mass ratios between isotopologue pairs differing 
by one heavy chlorine isotope affects the beta value only within the uncertainty. Therefore, the 
present study considers only the most abundant TCE and 1,2-DCA chlorine isotopologue pairs 
differing by one heavy chlorine isotope (132TCE/130TCE and for 1,2-DCA 
1021,2DCA/1001,2DCA). 
  
 
 
 
 
 
 
 
 
 
 
 
Figure 3-2. Relation between TCE chlorine isotope ratios (37Cl/35Cl) and TCE chlorine 
isotopologue pairs differing in one heavy chlorine isotope (132TCE/130TCE and 134TCE/132TCE). 
The chlorine isotopologue pairs differing by one heavy chlorine isotope correlate (R2 = 0.99) 
with the chlorine isotope ratios with a slope of three and one, respectively and intercept the 
origin. 
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3.5. Results  
3.5.1. Diffusion cell experiment 
Initial concentrations of TCE and 1,2-DCA in the lower compartment of the diffusion cell 
ranged between 22.6 and 901 mg/L (Tab. 3-1), while final concentrations after performance of 
different time series of the diffusion cell experiments were between 8.2 and 199 mg/L (Tab. 3-1). 
Initial and final concentrations of each time series of the experiment were used to determine 
diffusive transport rates acting on TCE and 1,2-DCA in both diffusion cells by calculating 
effective diffusion coefficients (eqs. 3-7 and 3-10). Effective diffusion coefficients for TCE and 
1,2-DCA in both diffusion cells ranged from 1.28x10-10 to 2.20x10-10 m2/s (TCE; Tab. 3-1) and 
from 1.75x10-10 to 8.96x10-11 m2/s (1,2-DCA; Tab. 3-1), respectively. The effective diffusion 
coefficients are lower than published diffusion coefficients in free aqueous solutions of TCE 
(1.01x10-9 m2/s) (Pankow and Cherry, 1996) and 1,2 DCA (9.70x10-10 m2/s) (Gordon, 1999) due 
to tortuosity and porosity effects affecting the diffusing species in the frit. The average tortuosity 
and porosity effects in the two used diffusion cells were quantified by dividing the determined 
effective diffusion coefficient by published diffusion coefficients in free solution (eq. 3-7). 
Different De/D0 ratios were obtained for the two cells with values of 0.19r0.02 (1ı=±0.03, n=3) 
for P2 and 0.13r0.02 (1ı=±0.03, n=5) for P3 (Tab. 3-1). Both ratios lie within the range of values 
obtained in previous studies using the classical Stokes diffusion cell (e.g. 0.10 – 0.49 in Mills et 
al. (1968)).   
 
Table 3-1. Effective diffusion coefficients and De/D0 ratios of diffusion cells P2 and P3. 
Uncertainty of De/D0 (±SDM) was determined by a triplicate measurement of cell P2 and a 
quintuple measurement of cell P3. 
Compound Initial (mg/L) 
Final 
(mg/L) Fraction 
Time 
(d) 
Effective diffusion 
coefficient De (m2/s) 
De/D0 
Diffusion 
cell 
De/D0 
Average 
TCE 22.6 8.2 0.364 0.9 2.20E-10 0.22 P2  
1,2-DCA 96.3 33.2 0.345 11.9 1.75E-10 0.18 P2  
1,2-DCA 211 20.4 0.097 26.9 1.69E-10 0.17 P2 0.19±0.02a 
TCE 84.0 63.1 0.751 4.3 1.28E-10 0.13 P3  
TCE 608 28.8 0.047 42.1 1.41E-10 0.14 P3 
TCE 608 114 0.188 18.2 1.79E-10 0.18 P3  
1,2-DCA 88.4 69.1 0.782 4.0 1.19E-10 0.12 P3  
1,2-DCA 901 199 0.221 32.8 8.96E-11 0.09 P3 0.13±0.02b 
aAverage for cell P2 
bAverage for cell P3 
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With increasing experimental duration, an accumulation of heavy carbon and chlorine 
isotopologues of TCE and 1,2-DCA in the lower compartment of the diffusion cells was observed 
(Figs. 3-3 and 3-4). Thus, the light carbon and chlorine isotopologues diffused faster than heavy 
isotopologues through the frit into the upper compartment. The accumulation was stronger for 
heavy chlorine isotopologues in comparison to heavy carbon isotopologues of TCE and 1,2-
DCA. The accumulation of both isotopologue types (carbon and chlorine) followed a Rayleigh 
trend (Figs. 3-3 and 3-4), which is expected given that the Stokes’ diffusion cell was modified to 
a Rayleigh type experiment. The magnitude of isotopologue fractionation was quantified from the 
slope of the regression line using the Rayleigh equation (eq. 3-13). The diffusion coefficient 
ratios for TCE isotopologue pairs differing in one heavy isotope gave values of 
D132/D130=0.99963±0.00003 for chlorine D131/D130=0.99978±0.00006 for carbon (Tab. 3-1). 
For 1,2-DCA, the isotopologue fractionation was stronger for chlorine 
(D102/D100=0.99939±0.00003) than for carbon (D101/D100=0.99977±0.00006) similarly as for 
TCE. But when comparing the two compounds, a stronger chlorine isotopologue fractionation 
was observed for 1,2 DCA relative to TCE, while similar carbon isotopologue fractionation 
occurred for both compounds (Tab. 3-2).  
  
 
 
 
 
 
 
 
 
 
 
 
Figure 3-3. Rayleigh plot for TCE carbon (red) and chlorine (blue) isotopologue fractionation in 
the lower compartment of the diffusion cell. Error bars indicate analytical uncertainty (±SDM) of 
measurements. Uncertainty of diffusion coefficient ratios of TCE carbon and chlorine 
isotopologue pairs was calculated based on the 95% confidence interval of the regression line. 
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Figure 3-4. Rayleigh plot for 1,2-DCA carbon (red) and chlorine (blue) isotopologue 
fractionation in the lower compartment of the diffusion cell. Error bars indicate analytical 
uncertainty (±SDM) of measurements. Uncertainty of diffusion coefficient ratios of 1,2-DCA 
carbon and chlorine isotopologue pairs was calculated based on the 95% confidence interval of 
the regression line.  
 
 
 
3.5.2. Diffusion profiles in retrieved core 
Four different organic contaminants were found in the clay core from the chemical waste 
landfill: cDCE, TCE, PCE and 1,1,2,2-TCA (Figs. 3-5A-D). All four contaminants showed the 
highest concentration at the top of the clay core reaching values of 2.27 mg/kg (cDCE), 5.69 
mg/kg (TCE), 0.11 mg/kg (PCE) and of 0.12 mg/kg (1,1,2,2,-TCA), while with increasing depth 
Table 3-2. Diffusion coefficient ratios and beta values of carbon and chlorine isotopologues of 
TCE and 1,2-DCA. Uncertainty of diffusion coefficient ratio was calculated based on the 95% 
confidence interval of regression line (eqs. 3-13 and 3-14). Uncertainty of beta values was 
calculated according to Gauss’ error propagation law by including the uncertainty of the diffusion 
coefficient ratios. 
Compound Isotopologue type Di/Dj ȕ in eq. 3-4 
TCE Carbon D131/D130 = 0.99978±0.00006 0.029±0.008 
 Chlorine D132/D130 = 0.99963±0.00003 0.024±0.002 
 Carbon D101/D100 = 0.99977±0.00004 0.023±0.004 
1,2-DCA Chlorine D102/D100 = 0.99939±0.00003 0.031±0.002 
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the concentrations gradually decreased (Figs. 3-5A-D). Only concentrations of TCE were high 
enough to measure isotopologue ratios. Chlorine and carbon isotopologue ratios of TCE 
displayed a small but significant shift towards smaller values with increasing depth within the 
clay core (Figs. 3-6A and B). Carbon isotopologue ratios of TCE (131TCE/130TCE) showed a 
value of 0.010903 (G13CVPDB = -29.72‰) at the top of the clay core before the ratio decreased to 
0.010898 (G13CVPDB= -30.18‰) at 40 cm depth (ǻG13CVPDB = 0.46‰) (Fig. 3-6A). The same 
pattern was observed for the TCE chlorine isotopologue ratios differing in one heavy isotope 
(132TCE/130TCE): The ratio showed values of 0.97374 (G37ClSMOC = 1.79‰) at the top of the clay 
core decreasing to 0.97324 (G37ClSMOC = 1.28‰) at 40cm depth (ǻG37ClSMOC = 0.51‰) (Fig. 3-
6B).  
 
3.6. Discussion 
3.6.1. Diffusion cell experiment 
The observed stronger accumulation of heavy chlorine isotopologues in comparison to 
heavy carbon isotopologues of TCE and 1,2-DCA is consistent with the mass differences 
between the stable isotopes of carbon and chlorine. Chlorine isotopologue pairs differ by two 
mass units in molecular weight, while carbon isotopologue differ only by one. Consequently the 
fractionation is larger for chlorine than carbon isotopologues. Furthermore, the larger chlorine 
isotopologue fractionation for 1,2-DCA compared to TCE (Tab. 3-2) is most likely due to the 
larger relative mass difference caused by an additional heavy chlorine isotope for 1,2-DCA 
(2.0%) compared to TCE (1.5%). However, a larger fractionation is not observable for the carbon 
isotopologues pairs of 1,2-DCA in comparison to TCE. Most likely for carbon, the difference is 
hidden in the uncertainty, given the relatively small mass difference of an additional heavy 
carbon isotope in comparison to the whole organic molecule (TCE: 0.8% vs. 1,2-DCA: 1%). To 
evaluate whether chlorine and carbon isotopologue fractionation of TCE and 1,2-DCA shows a 
similar mass dependence, beta values were calculated (eq. 3-4, Tab. 3-2). The beta value for the 
chlorine (0.024±0.002) and carbon (0.029±0.008) isotopologue pairs of TCE agree within the 
range of uncertainty. The equal beta values indicate that the diffusion coefficient ratios for carbon 
and chlorine isotopologues of TCE follow the same proportionality on a logarithmic scale with 
respect to their mass ratios. 
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Figure 3-5. Concentration profiles of TCE (A), cDCE (B), 1,1,2,2-TCA (C) and PCE (D) in the 
retrieved clay core beneath the chemical waste landfill. Error bars indicate analytical uncertainty 
of (±1ı). Where no error bars are visible the analyitical uncertainty was smaller than the size of 
the symbols. Grey lines indicate simulated concentration evolution in a 1D-diffusion model for a 
time period of 45 years and additionally in figure 3-5A for time periods of  5, 10, 30 and 100 
years. A tortuosity factor of 0.14, a clay porosity of 0.44 and fraction of 0.1% of organic carbon 
in the clay were used as parameters in the 1D-diffusion model, whereby the tortuosity factor was 
used as the fitting parameter. A percent average absolute error (PAAE) of 0.99% for TCE (A), of 
1.10% for cDCE (B), of 2.96% for 1,1,2,2 TCA (C) and of 10.00% (D) for PCE was determined 
for quantifying the goodness of the fit between measured and modelled data for the time period 
of 45 years.  
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For 1,2-DCA, the determined beta value for the carbon isotopologue pair (Tab. 3-2) agrees within 
the uncertainty with the value obtained for the TCE carbon isotopologue pair. In contrast, the 
determined beta value for the 1,2-DCA chlorine isotopologue pair (0.031±0.002) is slightly 
higher than the value for the carbon isotopologue pair (0.023±0.004). This indicates that the 
magnitude of carbon and chlorine isotopologue fractionation of 1,2-DCA is not equally 
proportional on a logarithmic scale in relation to the different mass ratios of the isotopologue 
pairs. This behavior is not yet fully understood and thus the fractionation of 1,2-DCA chlorine 
and carbon isotopologues is most likely influenced by other properties in addition to the mass 
ratios.   
Generally, the determined beta values for carbon and chlorine isotopologue pairs of 1,2-
DCA and TCE are more than one order of magnitude smaller than 0.5, indicating that the kinetic 
theory (eq. 3-3) overestimates the magnitude of isotopologue fractionation of 1,2-DCA and TCE 
during diffusion in the aqueous phase. For the chlorine isotopologues of TCE, Jin et al. (2014) 
also observed a more than one order of magnitude smaller beta value (0.043) than the value (0.5) 
postulated by the kinetic theory. Although the beta value obtained by Jin et al. (2014) falls in the 
same range as the value of the present study (0.024±0.002), the two results differ significantly 
possibly due to a different analytical approach. In our study, we maximized the accuracy and 
precision by using a two point calibration, equal concentrations for all samples and standards and 
10 repeats for each chlorine sample (cf. section 3.4.). The determined beta values of the present 
study for carbon and chlorine isotopologue pairs of TCE and 1,2-DCA (Tab. 3-2) are consistent 
with recent experimentally determined range of beta values (0d ȕ0.2) for diffusing ions in 
ambient liquid water (Richter et al., 2006), in polyacrylamide gel (Eggenkamp and Coleman, 
2009) and in silicate melts (Watkins et al., 2011). Furthermore, obtained beta values are in the 
same range as values quantified by molecular dynamic simulations for metal ions and noble gases 
(0.000 – 0.171) (Bourg et al., 2008; Bourg et al., 2010). Moreover, the determined beta values 
fall in the same range as observed for carbon isotopologues of methane (0.024 – 0.055) and 
ethane (0.021 – 0.046) (Schloemer and Krooss, 2004; Zhang and Krooss, 2001) and are close to 
the beta values for deuterated and non-deuterated isotopologues of TBA (0.063) and IPA (0.023) 
(LaBolle et al., 2008). This confirms the hypothesis, that the kinetic theory (eq. 3-3) 
overestimates not only the magnitude of isotope fractionation for ions diffusing in water but also 
for organic compounds. Furthermore, previous kinetic-theory based models of MTBE and TBA 
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transport in a thin high permeability layer bordered by two low permeability zones likely 
overestimate the magnitude of isotopologue fractionation due to aqueous phase diffusion 
(LaBolle et al., 2008).  
Moreover, the coherence of the determined beta values with a wide range of other studies 
also suggests that the experimental determined beta values for perdeuterated and non-deuterated 
isotopologues of toluene and ethylbenzene (0.433) by Jin et al. (2014) are also not representative 
for molecules with isotope ratios at natural abundance.  
   
3.6.2. Diffusion profiles in clay core  
The concentration profiles of cDCE, TCE, PCE and 1,1,2,2-TCA in the clay core, were 
fitted using a 1D analytical solution of Fick’s second law for a homogeneous, semi-finite porous 
medium (Crank, 1975; Cussler, 2009) assuming a constant concentration on the top of the clay: 
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where Cs,0 (mg/kg) is the initial concentration at the top of the clay unit, zrefers to the depth (m), 
Cs (z) (mg/kg) is the concentration at depth z, and R is the retardation factor, which includes the 
adsorbed mass of the organic contaminants on organic matter in the clay layer. The retardation 
factor was determined using the well-known relationship:  
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where Ub (g/cm3) is the dry soil bulk density, ) (-) is the soil porosity and Kd (ml/g) is the 
distribution coefficient. The value of Kd was calculated using the well-known relationship Kd = 
KOC·fOC, where KOCis the soil organic carbon-water partitioning coefficient and fOC is the organic 
matter content in the clay. KOC values of 126 ml/g for TCE, 364 ml/g for PCE, 86 ml/g for cDCE 
and 118 ml/g for 1,1,2,2-TCA were taken from Pankow and Cherry (1996). Clay porosity (0.44), 
clay dry bulk density (1.560 g/cm3), organic matter content in the clay (0.1%), were taken from 
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previous consultant studies. For diffusion coefficients in free solution (D0), published diffusion 
coefficients of 9.40E-10 m2/s for PCE, 1.01E-9 m2/s for TCE (Pankow and Cherry, 1996), 7.90E-
10 m2/s for cDCE and 7.90E-10 m2/s for 1,1,2,2-TCA (GSI, 2013) were used.  
The tortuosity factor (eq. 3-18) was used as the fitting parameter as it is common for such 
VOC diffusion profiles in clay units (Parker et al., 2004). The goodness of the fit between 
measured and modeled data was quantified using the percent average absolute error (PAAE). The 
best fit of the concentration profiles for the landfill age of 45 years was obtained with a tortuosity 
factor of 0.14 (Figs. 3-5A-D) with PAAE values  10% for all four VOCs. Determined low 
tortuosity factor is in a plausible range, since Schloemer and Krooss (2004) showed, that in low 
permeability sediments tortuosity factors are potentially up to three orders of magnitude lower 
than in free aqueous solutions. 
The fact that all four VOC diffusion profiles within the clay core were satisfactorily 
reproduced with equation 3-18 for the age landfill age of 45 years (PAAE<10%) indicates, that 
diffusion is likely the predominant transport process and that advection and biodegradation plays 
a minor role within the clay core. Furthermore, the advective flow velocity was previously 
estimated to be less than one mm per year using Darcy’s law (unpublished consultant study) 
confirming that diffusion is the predominant transport process in the clay layer. Therefore, the 
small shift of carbon and chlorine isotopologue ratios towards smaller values with increasing 
depth in the clay unit likely also originates from the diffusive transport. To explore this 
explanation in more detail, chlorine and carbon isotopologue ratios of TCE were simulated using 
the experimentally determined diffusion coefficient ratios for TCE carbon and chlorine 
isotopologue pairs differing in one heavy isotope and the same tortuosity factor (0.14) as for 
fitting the TCE concentration profile. For this purpose equation 3-18 was expressed for individual 
isotopologues of TCE and divided by each other:  
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where R(z) is the evolution of the isotopologue ratio as function of depth in the clay core, 
(CH/CL)Sample is the ratio between the heavy and the light isotopologue pair of the sample, CH,0 and 
CL,0 are the initial concentrations of the heavy and the light isotopologue at the top of the clay, z 
(m) is the depth, t (s) is the time,D0,H (m2/s) and D0,L (m2/s) are diffusion coefficients in free 
solution of the heavy and the light isotopologue of TCE, respectively taken from the diffusion 
cell experiment (D131/D130=0.99978 and D132/D130=0.99963, cf. section. 3.5.1.)  
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 3-6. Profiles of TCE carbon (A) and chlorine (B) isotopologues ratios measured in the 
retrieved clay core beneath the chemical waste landfill. Grey lines indicate simulated isotopic 
evolution with a 1D-diffusion model for 5, 10, 30, 45 and 100 years. Error bars of TCE carbon 
and chlorine isotopologue ratio measurements indicate standard error of the mean (±SDM). The 
same tortuosity factor of 0.14 as for the concentration profile, a clay porosity of 0.44 and an 
organic carbon fraction of 0.1% in the clay was used in the 1D diffusion model. An absolute 
average error (AAE) of 0.25‰ for chlorine and of 0.10‰ for carbon isotopologue ratios was 
determined for quantifying the goodness of the fit between measured and modelled ratios for the 
time period of 45 years.   
 
Simulated carbon and chlorine isotopologue profiles for the landfill age of 45 years, fitted 
well with measured carbon and chlorine isotopologue ratio profiles showing absolute average 
errors of 0.10‰ for carbon and of 0.25‰ for chlorine isotopologues, which are in the range of 
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the measurement uncertainty (Fig. 3-6A and B). This indicates that the magnitude of 
isotopologue fractionation observed in the clay unit of the field site is consistent with laboratory 
determined ratios of diffusion coefficients especially for the carbon isotopologue pairs of TCE 
(Figs. 3-6A and B). This also suggests that sorption likely has a relatively small influence on 
isotopologue fractionation, which is consistent with previous findings (Harrington et al., 1999; 
Slater et al., 2000). Furthermore, simulations for different diffusion periods in the clay unit (5, 10, 
30, 45 and 100 years) show how TCE concentrations and carbon and chlorine isotopologue ratio 
profiles evolve over time in diffusion dominated systems. In the initial stage (5 years), when the 
concentration gradient is steep (Fig. 3-5A), a much larger isotopologue effect is observed than in 
later times (Figs. 3-6A and B).  The difference between the ratios at the top of the clay core and 
the value at 45 cm depth is almost 0.00275 (ǻG37ClSMOC = 2.83‰) for chlorine isotopologues and 
0.000015 (ǻG13CVPDB = 1.35‰) for carbon isotopologues. In contrast with increasing time, when 
the TCE concentration gradient becomes more flat (Fig. 3-5A), the heavier isotopologues catch 
up and the isotopologue shift towards lighter isotopologue signatures with increasing depth 
becomes smaller and almost disappears during long diffusion periods (100 years, Figs. 3-6A and 
B). Therefore, although there is a significant isotopologue fractionation during the diffusive 
transport process, during long diffusion periods, shifts in isotopologue ratios almost completely 
disappear. 
 
3.7. Conclusions and implications for environmental studies  
 
The results of the present study demonstrate that the kinetic theory (eq. 3-3) overestimates 
the magnitude of carbon and chlorine isotopologue fractionation of TCE and 1,2-DCA during 
diffusion in the aqueous phase. This outcome is consistent with experimentally determined beta 
values for the fractionation of diffusing ions (Eggenkamp and Coleman, 2009; Richter et al., 
2006), noble gases (Tempest and Emerson, 2013; Tyroller et al., 2014) and different isotopologue 
types of organic compounds (Jin et al., 2014; LaBolle et al., 2008; Schloemer and Krooss, 2004; 
Zhang and Krooss, 2001). Furthermore, the results of the present study are consistent with 
molecular dynamic simulations addressing metal cations and noble gases (Bourg and Sposito, 
2008; Bourg et al. 2010). Thus, our results confirm that the kinetic theory not only fails for the 
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prediction of isotope fractionation of diffusing ions and noble gases in the aqueous phase, but 
also for organic compounds. Furthermore, by including the laboratory determined diffusion 
coefficients in a 1D-diffusion model, the present study relates for the first time consistently 
laboratory with field values for chlorinated hydrocarbons. Thus, the measurements and 
simulations demonstrate that the kinetic theory is also not suitable for assessing isotopologue 
fractionation in diffusion dominated low permeable systems at the field scale. Therefore, 
previous kinetic theory based modeling studies have overestimated isotope effects during 
diffusive transport of organic compounds into low permeability units (LaBolle 2008; Rolle et al., 
2010; Van Breukelen and Rolle, 2012). Furthermore, simulations for different time periods 
showed that large shifts in isotopologue ratios will only occur during short diffusion periods. 
Consequently, diffusion-caused isotopologue fractionation in water-saturated low permeability 
sediment only impairs the identification of reactive processes using CSIA during short diffusion 
periods, when diffusion-rated shifts in isotopologue ratios are largest and shifts related to reactive 
processes might still be small. The diffusion coefficient ratios for carbon and chlorine 
isotopologues of TCE and 1,2-DCA from this study can help to improve models that incorporate 
isotope data to identify reactive processes. 
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3.10. Supplementary Information to Chapter 3 
 
In the diffusion cell, fractionation occurs according to the Rayleigh equation. In the 
following, we consider a symmetric compound consisting of two atoms that occurs as three 
different isotopologues, HH, HL and LL representing TCE and 1,2-DCA carbon and 1,2-DCA 
chlorine isotopologues.   
 
Fractionation between isotopologues containing no and one heavy isotopes can be described 
following the Rayleigh fractionation by: 
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dividing both sides by CLL/CLL,0 yields: 
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Fractionation between isotopologues with one or two heavy isotopes is given by: 
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Inserting equation S3-1 into equation S3-3 leads to: 
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In good approximation:  
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The validity of this approximation can be illustrated by calculating an example. The calculation is 
made for a typical Į value of 0.998 for diffusive fractionation and assuming that Į1= Į2 given that 
mass ratios between isotopologue pair differing by one isotope is nearly equal. A value of -
0.002000 for the term (Į1-1) and a value of -0.001996 is obtained for the term Į1·(Į2-1), which is 
not significantly different.     
 
Consequently:  
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or 
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Equation S3-7 demonstrates that the isotopologue containing two heavy isotopes CHH is enriched 
relative to the isotopologue containing only one heavy isotope CHL in the same way as CHL is 
enriched relative to the isotopologue containing no heavy isotope CLL. Therefore, isotopologue 
pairs that differ in one heavy isotope behave proportional. Furthermore, initial proportional 
isotopologue pairs differing by one heavy isotope can be related to the initial isotope ratio 
assuming an non-selective distribution of isotopes over isotopologue, which was proven to be a 
valid assumption by Elsner and Hunkeler (2008). For the initial isotope and isotopologue ratios, 
respectively the following equation was used:   
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where R0 is the initial isotope ratio, HP,0 and Lp,0 are the probabilities of encountering heavy and 
light isotopes, respectively.   
 
Combining equation S3-7 and S3-8: 
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To relate isotope ratios to isotopologue ratios, isotope ratio can be expressed in terms of 
isotopologue abundance.  
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Rearrangement of equation S3-10 and insertion of equation S3-9 leads to 
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Equation S3-11 shows that the assumption of a non-selective distribution of equation S3-11 
isotopes over isotopologues is generally true regardless the degree of fractionation thus: 
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Dividing equation S3-12 by equation S3-8 leads to: 
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Equations S3-12 and S3-13 demonstrate that for symmetric molecules having three possible 
isotopologues (HH, HL, LL), isotope ratios behave proportionally to isotopologue ratios differing 
by one heavy isotope. Therefore, measured carbon isotope ratios of TCE and 1,2-DCA and 
measured chlorine isotope ratios of 1,2-DCA are proportional to isotopologue pairs differing in 
one heavy isotope. The proportionality between isotope ratios and isotopologue ratios also 
demonstrates that there is no information loss, when considering only the TCE and 1,2-DCA 
carbon isotopologue pair containing one and zero heavy carbon isotope  
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Chapter 4: Molecular Dynamic Simulations 
of Carbon and Chlorine Isotopocule 
Fractionation of Chlorinated Hydrocarbons 
During Diffusion in Liquid Water 
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4.1. Introduction 
 
Molecular dynamic (MD) simulations have been increasingly used as a computational 
tool to gain molecular-scale insight into properties of liquids and solids (Abraham, 1986; Allen 
and Tildesley, 1989; Hansson et al., 2002; Plimpton, 1995; Rapaport, 2004). In contrast to 
experimental and field studies, which investigate the average behavior of atoms and molecules, 
MD simulations provide the advantage of assessing the behavior of individual atoms and 
molecules. This is especially important for the study of liquid and solid properties, which 
originate from the atomistic or molecular scale such as sorption, partitioning mechanism, 
interfacial tension or diffusive transport rates. Furthermore, MD simulations open the possibility 
to examine systems under different conditions such as homogeneous pore sizes or hypothetical 
isotope masses, which is challenging to impose in laboratory or field studies.  
Despite the widespread application of MD simulations, only a few studies investigated the 
mass dependency of the diffusive transport rate in the aqueous phase using MD simulations so 
far. The main constraint was that determined diffusion coefficients for isotopes at natural 
abundance remained within the uncertainty of MD simulations results, prohibiting the assessment 
of a relationship between the diffusive transport rate and the mass of the diffusing species. In 
contrast, Wilson et al. (1985) revealed for the first time that diffusion coefficients obtained from 
MD simulations are different for isotopes at natural abundances (e.g. 23Na+) and having an 
infinitively large mass (e.g. Na+). More recent MD simulation studies (Bourg et al., 2010; Bourg 
and Sposito, 2007; Bourg and Sposito, 2008) addressing a wider spectra of diffusing ions and 
noble gases, also observed significantly different diffusion coefficients for hypothetical isotopes 
having large mass differences (mass range: 2 – 133) confirming the results by Wilson et al. 
(1985). Despite the use of hypothetical isotopes, Bourg and Sposito (2007), Bourg and Sposito 
(2008) and Bourg et al. (2010) demonstrated that MD simulation results can be compared with 
experimental natural abundance studies by using beta values embedded in the general power law 
model (eq. 1-6, chp. 1). The beta value is non-sensitive to mass differences between isotope pairs 
and hence, fractionation between hypothetical isotopes having large mass differences and 
isotopes at natural abundance can be related. The beta values for hypothetical isotope pairs of 
dissolved ions and noble gases calculated via MD simulations were consistent with the values 
determined by experimental natural abundance studies (Bourg et al., 2010; Bourg and Sposito, 
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2007; Bourg and Sposito, 2008). Therefore, as mentioned in chapter 2, the MD simulations 
performed by Bourg and Sposito (2007), Bourg and Sposito (2008) and Bourg et al. (2010) 
provided for the first time a theoretical basis for the general power law model with exponent beta 
and reinforced its validity for estimating the magnitude of isotope fractionation due to aqueous 
phase diffusion for dissolved ions and noble gases (eq. 1-6, chp. 1). 
In contrast to dissolved inorganic species MD simulation addressing isotope fractionation 
due to aqueous phase diffusion of organic compounds such as chlorinated hydrocarbons are 
lacking. Hence, all experimental studies, which investigated the magnitude of isotope 
fractionation due to aqueous phase diffusion of organic compounds have no theoretical basis and 
remain on a phenomenological level so far (Jin et al., 2014; LaBolle et al., 2008; Schloemer and 
Krooss, 2004; Wanner and Hunkeler, 2015; Zhang and Krooss, 2001). To address this gap of 
knowledge MD simulations for hypothetical carbon and chlorine isotopocules of trichloroethene 
(TCE) and 1,2-dichloroethane (1,2-DCA) having large mass differences are performed in this 
chapter and compared with experimental results determined in chapter 3 by using beta values. 
Hence, this chapter provides for the first time a theoretical basis for the experimental results of 
aqueous phase diffusion induced isotope fractionation of organic compounds and thus, opens the 
possibility to predict diffusion isotope effects for a wider spectra of organic compounds. 
 
4.2. Molecular dynamic simulation methods 
  
 In MD simulations, the trajectories of atoms and molecules within liquids and solids are 
simulated by integrating Newton’s differential equations of motions, which are given as follows: 
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where mi is the mass of the atom i, 
o
ir  and iv
o
 are its position and velocity vectors, F2 is a force 
function for the pairwise interactions between atoms, F3 describes three-body interactions and 
additional body interactions can be added. 
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 The force terms in equation 4-1 are derivate expressions in which the energy of an atom is 
expressed as a function of the position of itself or other atoms including both long- and short 
range interactions between atoms. The long-range interactions are commonly included in the MD 
simulations by assigning partial charges to each atom resulting in coulombic interactions, while 
short-range interactions are described by the 6-12 Lennard-Jones (LJ) potential:        
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where, I (kcal/mol) refers to the potential energy of the Lennard Jones potential, rij (Å) is the 
interatomic distance, ıij (Å) and ij (kcal/mol) correspond the to the LJ parameters, while 21/6ıij 
and ij define the location, where the LJ potential has its minimum. 
To minimize the computational demand, a cut-off distance is defined for calculation of 
the long- and short-range interactions i.e. the summation in equation 4-1 is restricted to the 
distance rc around atom i, whereas outside of rc all interactions between atoms are ignored.  
For performing MD simulations for isotopically distinct TCE and 1,2-DCA molecules 
(denominated as isotopocules) in liquid water, a simulation box with a volume of 58360 Å3 
(x=32Å, y=32Å, z=57Å) was created containing 1884 water and one TCE or 1,2-DCA molecule. 
The size of the box was chosen to minimize computation time, while avoiding boundary effects. 
Liquid water was described using the extended simple point charge (SPCE/E) model (Berendsen 
et al., 1987), whereas the water molecules were treated as rigid and non-polarizable. It has been 
demonstrated that the SPCE/E model predicts accurately the properties (density, surface tension, 
static dielectric constant) of liquid water at different temperatures (Alejandre et al., 1995; 
Berendsen et al., 1987; Hura et al., 2003; Wasserman et al., 1995). For the water molecules a O-
H bond length of 1 Å and an H-O-H angle of 109.47 degrees was defined. Furthermore, long-
range coulombic interactions were taken into account by assigning discrete atomic charges of qO 
= -0.8476 e and of qH = 0.4238 e to the oxygen and hydrogen atoms of the water molecules. The 
short-range interactions of the oxygen atoms in the water molecules were described by using 
Lennard Jones parameters of OO = 0.15527 kcal/mol and VOO = 3.169 Å (eq. 4-3) taken from 
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A B 
previous MD simulation studies (Bourg et al., 2010; Bourg and Sposito, 2007; Bourg and 
Sposito, 2008).  
The long- and short-range interactions for the atoms constituting the TCE and 1,2-DCA 
molecules were defined according to Jorgensen (2009). Partial discrete charges resulting in long-
range coulomb interactions were assigned to each atom in the TCE (C1 = 0.005, C2 = 0.120, Cl 
and Cl2 = -0.06, Cl3 = -0.120 and H = 0.115 (Fig. 4-1A)) and in the 1,2-DCA molecule (-0.006 
for C1 and C2, -0.200 for Cl1 and Cl2 and 0.103 for H1, H2, H3 and H4 (Fig. 4-1B)). 
 
   
 
 
 
  
 
 
 
 
 
 
Figure 4-1. Molecular structure of A) TCE modified after ChemLibrarian (2015) and B) 1,2-DCA 
modified after Mills (2009) with assigned partial atomic charges. 
  
Short-range interactions were described by defining LJ parameters for each atom type in 
the TCE and 1,2-DCA molecules (Tabs. 4-1A and 4-1B). LJ parameters for the interactions 
between the different atom types in the TCE and 1,2-DCA molecule and the O atom in the water 
molecules were calculated using the following rules (Plimpton, 2005): 
 
 jiij             (4-4) 
  2jiij VVV            (4-5) 
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In contrast to the water molecules, TCE and 1,2-DCA molecules were treated as non-rigid 
molecules in the MD simulations. Hence, energy potentials for the bond length (eq. 4-6), the 
angles between three atoms in the TCE and 1,2-DCA molecule (eq. 4-7) and for the torsional 
angle defined by the quadruplet of atoms in the same plane (dihedrals) (eq. 4-8)  were defined as 
follows (Tabs. 4-1A and 4-1B) (Plimpton, 2005): 
 
 20rrKE BB              (4-6) 
 20TT  AA KE             (4-7) 
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where EB, EA and ED (kcal/mol) refer to the energy potentials of the bonds, angles and dihedrals 
respectively, KB (kcal/mol/Å), refers to the bond coefficient, KA (kcal/mol/rad) is the angle 
coefficients and  KD,1, KD,2, KD,3 and KD,4 (kcal) are the dihedral coefficients. Furthermore r and 
ro (Å) refer to the bond length and the equilibrium bond length, respectively, ș and ș0 (degrees) 
refer to the angle and to the equilibrium angle defined by three atoms in the molecule,  
respectively and I (degrees)refers to the dihedral angle.  
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To avoid that obtained diffusion coefficient from MD simulations for  1,2-DCA and TCE 
carbon and chlorine isotopocules remain within the uncertainty of the MD simulations, 
hypothetical masses were assigned to carbon and chlorine atoms ranging between 1.65 – 301.65 
for C and between 2.00 -178.50 for Cl, respectively (Tabs. 4-2 and 4-3). The range of 
hypothetical isotope mass variations was chosen similar to previous MD simulations studies (2 – 
133), which assessed the mass dependency of the diffusive transport rate of diffusing ions and 
noble gasses in the aqueous phase (Bourg, 2008; Bourg et al., 2010; Bourg and Sposito, 2007). 
As both stable chlorine isotopes are present at high abundance (35Cl = 75.76%; 37Cl = 24.24%) 
isotopic substitution occurs for all chlorine atoms in the TCE and 1,2-DCA molecules at natural 
abundance. Hence, the hypothetical masses of all chlorine isotopes were varied in the TCE and 
1,2-DCA chlorine isotopocules in the MD simulations for being consistent with natural 
abundance conditions. In contrast, for the TCE and 1,2-DCA carbon isotopocules the 
Table 4-1A. Lennard Jones and bond parameters for TCE and 1,2-DCA molecules used in the 
MD simulations according to Jorgensen (2009). 
Molecule Atom Vij(Å) (kcal/mol) Bond Length(Å) K (kcal/mol/Å2) 
TCE C 3.55 0.076 C-C 1.340 549.00 
 Cl 3.40 0.300 C-Cl 1.725 300.00 
 H 2.42 0.030 C-H 1.080 340.00 
1,2-DCA C 3.50 0.060 C-C 1.529 268.00 
 Cl 3.40 0.300 C-Cl 1.781 245.00 
 H 2.50 0.030 C-H 1.090 340.00 
Table 4-1B. Angle and dihedral  parameters for TCE and 1,2-DCA molecules used in MD 
simulations according to Jorgensen (2009). 
Molecule Angle type Angle (°) K (kcal/mol/rad2) Dihedrals K1, K2, K3, K4 (kcal) 
TCE Cl-C-C 121.50 75.00   
 H-C-C 120.00 35.00 Cl-C-C-Cl -1.60, 14.00, 0.00, 0.00 
 Cl-C-H 121.50 75.00 Cl-C-C-H 0.00, 14.00, 0.00, 0.00 
1,2-DCA Cl-C-C 109.90 69.00   
 H-C-C 110.70 37.50   
 Cl-C-H 107.60 51.00   
 H-C-H 107.80 33.00 Cl-C-C-Cl -0.25, 0.00, 0.00, 0.00 
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hypothetical mass of only one carbon isotope was varied in the MD simulations (C1 in Fig. 4-1B) 
as at natural abundance isotopic substitution occurs only for one carbon isotope due to the low 
abundance of the heavy carbon compared to the light isotope (12C = 98.93% ;13C = 1.07%). MD 
simulations of TCE and 1,2-DCA carbon and chlorine isotopocules in liquid water were carried 
out with the software Lammps (Plimpton, 1995) on the “Cori” Supercomputer at the US National 
Energy Research Scientific Computing Center (NERSC) located at the University of Berkeley. 
For performing MD simulations, Newton’s equations of motions (eqs. 4-1 and 4-2) were 
integrated by using the SHAKE algorithm (Ryckaert et al., 1977) with a cut-off distance of 10Å. 
MD simulation production runs for TCE and 1,2-DCA isotopocules were performed in the NVT 
ensemble (constant volume of simulation box) at 298 K for 50 nanoseconds with a one 
femtosecond time step. The production runs were anteceded by 5 picoseconds of simulations in 
the NPT ensemble (constant pressure in simulation box) at 1 bar and at 298 K and a 30 
picoseconds simulation in the NVT ensemble at 298 K to fully equilibrate the system (see 
Appendix for used input files). For assessing the random trajectories of the TCE and 1,2-DCA 
isotopocules its position was saved every picosecond. Diffusion coefficient for the TCE and 1,2-
DCA isotopocules were calculated from their mean square displacement using the well-known 
Einstein relation:  
 
dt
ld
lim
n
D
t
2
2
1
fo
  (n=order of dimension)       (4-9) 
 
The uncertainty of the determined diffusion coefficient was estimated by dividing each 50 ns 
production run into 5 blocks of 10 ns, whereas for each block the average diffusion coefficients 
for TCE and 1,2-DCA isotopocules was calculated from the slope of 2l (eq. 4-9) from several 
100 ps time intervals. Afterwards, the uncertainty of the diffusion coefficient was indicated as the 
standard error of the mean (SDM) based on the standard deviation of the block-averaged 
diffusion coefficients: SDM = 1ı(Di,Total)/(nB)0.5(ı: standard deviation of block-averaged 
diffusion coefficients, nB: numbers of block). 
 To investigate the mass dependency of the obtained diffusion coefficients for the 
hypothetical TCE and 1,2-DCA carbon and chlorine isotopocules from equation 4-9, log (D) 
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versus log (m) plots were used, in which the slope of the regression line corresponds to the beta 
value (eq. 1-6 chp. 1) as illustrated with the following equation:  
 
   ii mlogADlog E          (4-10) 
 
The uncertainty of the beta value was determined based on the 95% confidence interval of the 
regression line in the log (D) - log (m) plots. To compare experimental beta values from isotopes 
at natural abundance inferred in chapter 3 with MD simulations for hypothetical isotopes, the 
experimentally determined beta values were plotted as solid lines in the log (D) – log (m) plots, 
while the A values (eq. 4-10) were used to minimize the deviation between experimental and MD 
simulation results.   
 
4.3. Results and Discussion 
 
For the TCE and 1,2-DCA isotopocules at natural abundance (130TCE and 991,2-DCA; 
Tabs. 4-2 and 4-3) obtained free solution diffusion coefficients from MD simulations are 
comparable with published “bulk” diffusion coefficient. The detected faster diffusive transport 
rate for TCE (1.39E-09 m2/s) compared to 1,2-DCA (1.36E-09 m2/s) (Tabs. 4-2 and 4-3) is in 
agreement with published diffusion coefficients (TCE: 1.01E-09 m2/s (Pankow and Cherry, 1996) 
and 1,2.DCA: 9.9E-10 m2/s (Wiedemeier, 1999)). The observed faster absolute diffusive 
transport rates during MD simulations compared to the published rates for TCE and 1,2-DCA can 
be likely attributed to the higher temperature applied in the MD simulations (25°C) than for the 
determination of diffusion coefficients found in literature (20°C). When the temperature 
dependence of the diffusion coefficients is taken into account (11% faster at 25°C compared to 
20°C (Mills, 1973)), published and calculated values agree well. 
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Table 4-2. Results of MD simulations for TCE carbon and chlorine isotopocules at 298K. All 
chlorine atoms were isotopically substituted, while for carbon the mass was varied only for one C 
atom.  
Isotopocule 
Mass of hypothetical C or Cl isotopes in 
the TCE molecule (mi) 
Diffusion coefficient (10-9 m2s-1) 
Carbon isotopocules 
121TCE 1.65 1.33± 0.01 
181TCE 61.65 1.28± 0.02 
271TCE 151.65 1.29±0.08 
331TCE 211.65 1.28±0.02 
421TCE  301.65 1.25±0.04 
Chlorine isotopocules 
31TCE 2.00 1.44±0.07 
91TCE 22.00 1.36±0.04 
130TCE 35.00 1.39±0.07 
235TCE 70.00 1.31±0.03 
421TCE 132.00 1.26±0.04 
Table 4-3. Results of MD simulations for 1,2-DCA carbon and chlorine isotopocules at 298K.  
All chlorine atoms were isotopically substituted, while for carbon the mass was varied only for 
one C atom. 
Isotopocule 
Mass of hypothetical C or Cl isotope in the 
1,2-DCA molecule (mi) 
Diffusion coefficient (10-9 m2s-1) 
Carbon isotopocules 
901,2-DCA 3.10 1.34±0.09 
991,2-DCA 12.00 1.36±0.09 
1781,2-DCA 91.10 1.30±0.09 
2231,2-DCA 136.10 1.31±0.06 
2831,2-DCA 196.10 1.30±0.12 
3531,2-DCA 266.10 1.27±0.06 
Chlorine isotopocules 
351,2-DCA 3.50 1.36± 0.10 
551,2-DCA 13.50 1.42± 0.10 
991,2-DCA 12.00 1.36±0.09 
1451,2-DCA 58.50 1.28±0.08 
2351,2-DCA 103.50 1.33±0.08 
3851,2-DCA 178.50 1.32±0.13 
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For the hypothetical TCE and 1,2-DCA isotopocules diffusive transport rates in the range 
between 1.25E-09 m2/s and 1.34E-09 m2/s for the carbon and between 1.26E-09 m2/s and 1.44E-
09 m2/s for chlorine isotopocules were obtained from the MD simulations (Tabs. 4-2 and 4-3). 
The log(D)-log(m) plots, for the hypothetical TCE and 1,2-DCA isotopocules revealed a trend 
towards slower diffusive transport rates with increasing mass (Figs. 4-2 and 4-3). The slope of the 
regression lines (eq. 4-10) revealed beta values in the range between 0.025 and 0.049 for the TCE 
and 1,2-DCA isotopocules.  
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 4-2. Log-log plots of diffusion coefficients of TCE carbon (A) and chlorine (B) 
isotopocules in liquid water at 298K obtained from MD simulations as a function of the 
hypothetical mass. The E-values inferred from the experimental results in chapter 3 are 
represented by the solid blue lines. 
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Figure 4-3. Log-log plots of diffusion coefficients of 1,2-DCA carbon (A) and chlorine (B) 
isotopocules in liquid water at 298K obtained from MD simulations as a function of the 
hypothetical mass. The E-values inferred from the experimental results in chapter 3 are 
represented by the solid blue lines. 
 
By plotting the experimentally determined beta values derived in chapter 3 for TCE and 
1,2-DCA carbon and chlorine isotopocules in figures 4-2 and 4-3 (solid blues lines) a coherency 
between experimental and MD simulation results was revealed. Hence, the performed MD 
simulations provided for the first time a theoretical basis for the experimentally determined lower 
beta values for diffusing organic compounds in chapter 3 than predicted by the kinetic theory 
(0.5). The simulated beta values were also consistent with previous MD simulations (0E<0.2) 
addressing isotope fractionation of inorganic species (Bourg et al., 2010; Bourg and Sposito, 
2007; Bourg and Sposito, 2008). This indicates that the mass dependency of diffusive transport 
rate in the aqueous phase for organic compounds is likely governed by similar molecular scale 
mechanisms as for inorganic species. 
For inorganic species some studies attributed the failure of the kinetic theory for 
estimating the mass dependency of the diffusive transport rate in the aqueous phase to the 
formation of solvation shells around the diffusing solutes (Gussone et al., 2003; Pernaton et al., 
1996). They argued that the magnitude of isotope fractionation due to aqueous phase diffusion is 
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consistent with the kinetic theory when replacing the solute mass (eq. 1-5, chp. 1) by an assembly 
composed of solute and several solvent molecules (mi + n · m0), where mi is the solute and m0 is 
the solvent mass and n can be treated as fitting parameter to obtain a beta value of 0.5. However, 
Richter et al. (2006) revealed that an impossible large amount of solvent molecules (e.g. n = 900 
for Mg2+ isotopes) would be required to obtain a beta value of 0.5. A similar unrealistic number 
of surrounding solvent molecules (n = 86 – 143) was also observed for the TCE and 1,2-DCA 
carbon and chlorine isotopocules for obtaining a beta value 0.5. This shows that the simple 
consideration of a diffusing assembly is also not valid to explain the weak power law mass 
dependency of the diffusive transport rate for carbon and chlorine TCE and 1,2-DCA 
isotopocules.  Hence, a more sophisticated model is required to explain the observed lower beta 
values for the carbon and chlorine TCE and 1,2-DCA isotopocules compared to the kinetic 
theory. Bhattacharyya and Bagchi (2000) demonstrated that the weak power law mass 
dependency of diffusing species can be more accurately described by a mode-coupling theory, 
assuming that isotope fractionation in the aqueous phase is a result of a competition between 
long-term hydrodynamic and short-term binary collision modes of motion. The hydrodynamic 
modes of motion describe the movement of solute molecules through a continuum solvent 
following the Stokes-Einstein relation (eq. 2-5. chp. 2). Hence, the hydrodynamic modes of 
motion foresee no mass dependency of the diffusing transport rate. In contrast the binary collision 
modes of motion, which occur at much shorter timescales, originate from collisions between the 
solute and the surrounding solvent molecules and show a strong mass dependency following the 
kinetic theory (eq. 1-5, chp. 1). The relative contribution of the hydrodynamic and binary 
collision modes of motion to the overall mass dependency of the diffusive transport rates can be 
identified by considering a memory function of the friction affecting a diffusing solute (Bourg et 
al., 2010). The friction memory can be decomposed in short-time binary collision component and 
in a long-time hydrodynamic component (Chong and Hirata, 1999; Yamaguchi et al., 2005). The 
decomposition showed that the contribution of the mass dependent short-time binary collision 
mode is 30 – 40% to the total diffusive motion of the solute (Bhattacharyya and Bagchi, 2000) 
causing likely the weaker power law mass dependency of the diffusing TCE and 1,2-DCA carbon 
and chlorine isotopocules compared to the kinetic theory.  
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4.4. Conclusions  
 
In this chapter, MD simulations results were conducted for the first time to investigate the 
mass dependency of the diffusive transport rate for isotopocially distinct organic compounds. The 
results revealed a weaker power-law mass dependency of the diffusive transport rate than in the 
previously postulated by kinetic theory, which was consistent with the experimental results 
obtained in chapter 3. Hence, conducted MD simulations provided for the first time a theoretical 
rationale for the experimentally determined lower beta values compared to the kinetic theory for 
isotopically distinct organic compounds. The weak mass dependency of the diffusive transport 
rate of organic compounds can be explained by the mode-coupling theory showing that the 
overall isotope effect due to aqueous phase diffusion is a result of a competition between mass 
independent hydrodynamic and strongly mass dependent kinetic modes of motion.  

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Abstract 
 
This study aims to investigate the effect of sorption on isotope ratios of chlorinated 
hydrocarbons migrating through the subsurface under field conditions. For that purpose 
concentration and isotope (carbon and chlorine) ratio profiles were determined in saturated low 
permeability sediments below two DNAPL sources (1,2-DCA and DCM), which were emplaced 
artificially as a part of a long-term controlled release field experiment 15.5 years (5672 days) ago. 
Low permeable units are superior to aquifers for investigating sorption induced isotope 
fractionation under field conditions as the advancing concentration front, where isotope 
fractionation due to sorption is predicted, can be localized precisely and sampled at a high spatial 
resolution. Isotope trends in opposite directions were observed below the DNAPL sources, 
whereby carbon isotope ratios of 1,2-DCA and DCM became heavier (ǻG13C=2.0‰ and 2.4‰, 
respectively) and chlorine isotope ratios of 1,2-DCA became lighter with depth (ǻG37Cl=1.3‰). 
A simulation scenario considering only diffusive isotope fractionation failed to reproduce the 
opposite isotope trends. When sorption induced isotope fractionation was also considered based 
on laboratory-derived isotope fractionation factors, the model reproduced the data well. Hence, 
the observed isotope trends reflect a superposition between competing isotope effects due to 
sorption and diffusion. For chlorine the diffusive isotope effect is larger than for carbon due to 
the mass difference of two between the stable isotopes overruling the sorption effect, while for 
carbon the sorption effect dominates.  The observed shifts of isotope ratios due to sorption are in 
the range of the threshold value of 2‰ set by the US EPA for identifying reactive processes. 
Numerical modelling showed that under specific conditions (strong sorption behavior, early 
transient diffusion) even higher shifts of isotope ratios can occur. Hence, when shifts of isotope 
ratios in the range of 2‰ are observed under field conditions their attribution to reactive 
processes should be made with caution. This is especially crucial for slow reactive processes 
associated with small isotope fractionation factor as for instance the degradation of BTEX.    
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5.1. Introduction 
 
Chlorinated hydrocarbons are frequent subsurface contaminants at many polluted sites 
throughout the world (Aelion et al., 2010; Pankow and Cherry, 1996). As a result of improper 
disposal and accidental spills, chlorinated hydrocarbons are often released at the surface as dense 
non-aqueous phase liquid (DNAPL) and migrate downwards into aquifer systems due to their 
high mobility (high density, low viscosity) (Pankow and Cherry, 1996; Schwille, 1988). 
Chlorinated hydrocarbons tend to accumulate on top of low permeability layers (e.g. aquitards) 
and are slowly dissolved creating a persistent contaminant plume (Hwang et al., 2008; Kueper et 
al., 1993). With increasing time, the accumulated chlorinated hydrocarbons are transported by 
diffusion into the underlying low permeability layer (Chapman and Parker, 2005; Parker et al., 
2008). During the migration in aquifers and low permeable units, chlorinated hydrocarbons are 
retarded due to sorption, which affect the migration rate and spreading of the contaminants 
(Allen-King et al., 1996; Parker et al., 1994; Rivett and Allen-King, 2003).  
Stable isotope methods have been widely applied to gain insight into the origin and fate of 
organic compounds in the subsurface (Elsner et al., 2005; Harrington et al., 1999; Huang et al., 
1999; Hunkeler et al., 2011; Hunkeler et al., 2005; Hunkeler et al., 1999; Jeannottat and 
Hunkeler, 2012; Jeannottat and Hunkeler, 2013; Lollar et al., 1999; Meckenstock et al., 2004; 
Wanner and Hunkeler, 2015; Wanner et al., 2016). Researchers have shown that aqueous phase 
diffusion can cause isotopic fractionation in aquifer – aquitard systems (Wanner and Hunkeler, 
2015). However, there is currently no consensus on whether sorption results in significant isotope 
fractionation under field conditions, partly due to the lack of field data at sufficiently high spatial 
resolution. In analytical chemistry it is known that liquid chromatographic separation of organic 
compounds is associated with an isotope effect, whereas light isotopes are preferentially sorbed 
on the stationary phase leading to an enrichment of heavy isotopes in the mobile phase (Caimi 
and Brenna, 1993; Caimi and Brenna, 1997; Filer, 1999; Klein et al., 1964; Poulson et al., 1997). 
In contrast, less is known about isotope effects of chlorinated hydrocarbons during sorption 
processes in natural systems. Some laboratory studies suggested that sorption might not 
significantly change isotope ratios (Schüth et al., 2003; Slater et al., 2000), while others provided 
evidence that sorption induced isotope fractionation is significant (Höhener and Yu, 2012; Imfeld 
et al., 2014; Kopinke et al., 2005). To extrapolate the magnitude of isotope fractionation due to 
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sorption from laboratory to field studies, modeling studies have been used so far (Höhener and 
Atteia, 2010; Liu et al., 2016; Van Breukelen and Prommer, 2008). The simulations revealed a 
significant isotope effect due sorption, especially at the fringe of contaminant plumes, which 
potentially complicates the assessment of reactive processes using isotope methods (Van 
Breukelen and Prommer, 2008). However, verification of the modelling results is challenging, as 
it is difficult to localize and to sample the plume fringe, where isotope fractionation is predicted, 
at sufficient high spatial resolution. Furthermore, at the plume fringe, isotope fractionation might 
also occur due to mixing enhanced degradation and diffusion across the steep concentration 
gradient, which complicates an unequivocal attribution of isotope patterns to sorption. In contrast 
to aquifers, low permeability aquitards offer several advantages for investigating sorption 
induced isotope fractionation, since: a) the diffusion front can be targeted very precisely and at a 
very high spatial resolution, b) the retardation due to sorption is expected to be stronger due to 
the higher organic carbon content typical of fine-grained clay-rich sediments (i.e. clayey 
aquitards) compared to granular aquifers, and c) the transport mechanisms are well constrained, 
while in case of dispersion in sandy aquifers, the diffusion contribution often remains unclear, 
which introduces greater uncertainty in the data evaluation.  
This study aims to investigate, whether sorption has a significant influence on isotope 
ratios of chlorinated hydrocarbons under field conditions. The study was done as part of a long-
term release field experiment on diffusion transport over a range of time-scales to evaluate 
variability of effects of various natural processes on transport in fate in natural clay rich 
sediments. The field experiment was created by emplacing between 1.5 and 2.0 liters of different 
chlorinated solvents (PCE, TCE, DCM, 1,2-DCA and TCE/DCM mixture) as DNAPL, into a 
well characterized (Johnson et al., 1989; Parker, 1996) low-permeability, clay-rich sediment, 
where significant sorption occurs due to high organic carbon content (Allen-King et al., 1995; 
Allen-King et al., 1996; AllenǦKing et al., 1997). The DNAPL sources were emplaced at the 
bottom of drilled boreholes at 10 – 12 m depth below ground surface (bgs), below the water table, 
where no visible fractures were present. For the present study cores are retrieved 15.5 years (5672 
days) after DNAPL emplacement beneath the 1,2-DCA and the DCM DNAPL sources and 
subsampled at depth-specific points for detailed concentration and carbon and chlorine isotope 
ratios to assess changes due to sorption during the diffusive migration of the chlorinated 
hydrocarbons. For field data interpretation, isotope fractionation factors for sorption and diffusion 
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are determined on uncontaminated samples of the sediment in the laboratory and included in a 
numerical model to simulate observed isotope ratio profiles. Finally, conclusions are drawn as to 
what extent isotope fractionation due to sorption impairs the identification of reactive processes 
using stable isotope methods.  
 
5.2. Materials and Methods 
5.2.1. Multistep sorption experiment 
 In the laboratory, isotope fractionation due to sorption was quantified using a multistep 
approach, which leads to a higher shift of isotope ratios and thus, to a higher precision of the 
determined isotope fractionation factor compared to a single step batch experiment. Two 
replicates of multistep sorption experiments were performed for 1,2-DCA and DCM with initial 
concentrations of 7226 mg/L and 5983 mg/L for 1,2-DCA and of 572 mg/L and 745 mg/L for 
DCM, respectively. The experiment included five sorption steps until the concentration in the 
solution was too low to determine the concentration and isotope ratios. In a 42 mL vial, 30 mL of 
solution with 1,2-DCA or DCM were mixed with 15 g of dry uncontaminated clay from the field 
site (see site description below). The vials were shaken on a rotary shaker for 24 hours. After 
each sorption step, an aliquot (4 mL) of the solution was removed from the vials for 
concentration and isotope ratio analyses and 10 mL of the solution removed from the vial to be 
added to the subsequent 42 mL vial containing a new 15 g dry sample of clay for the next 
sorption step. The solution in the following vial was topped up to 30 mL with deionized water in 
order to keep a constant volume of solution during each step. The isotope fractionation factor due 
to sorption was determined using the equation for multistep experiments derived by Kopinke et 
al. (2005), Voskamp (2004) and Imfeld et al. (2014): 
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where HKd and LKd are the carbon-pore water partitioning coefficients for the heavy and light 
isotope, respectively, Įsorption refers to the fractionation factor due to sorption, ǻįi = įi,final - įi,intial 
refers to the total shift of isotope ratios during the multistep experiment, m corresponds to the 
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number of identical sorption steps and (1 – Xdissolved) is the average amount adsorbed after each 
sorption step.  
5.2.2. Diffusion cell experiment 
 In addition to sorption, the isotope effect due to aqueous phase diffusion was also 
quantified, which is required for interpretation of the field profile isotope data given the 
simultaneous occurrence of diffusion and sorption in saturated low permeability sediments. The 
magnitude of isotope fractionation due to aqueous phase diffusion was quantified using a 
modified Stokes’ diffusion cell as described by Wanner and Hunkeler (2015). For the present 
study the diffusion cell experiment was performed for DCM, while for 1,2-DCA the previously 
reported value was used (Wanner and Hunkeler, 2015). The modified Stokes’ diffusion cell 
corresponds to a Rayleigh type experiment, where isotopically heavy and light species are 
transported by diffusion out of a source reservoir through a small pore sized frit at different 
diffusive transport rates. The magnitude of isotope fractionation due to differential rates of 
aqueous phase diffusion was quantified by determining the diffusion coefficient ratios between 
isotopically distinct species using the Rayleigh equation:  
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where Rt is the isotope ratio at time t in the source reservoir, R0 refers to the initial isotope ratio in 
the source reservoir, D0,H/D0,L is the ratio between diffusion coefficient of the heavy and the light 
isotope, respectively in free solution and f corresponds to the remaining fraction in the source 
reservoir.  
5.2.3. Site description and emplaced source field experimental procedure 
 A detailed description of the controlled release field experiment is provided in section 
S1.1. of the Supporting Information at the end of this chapter. In brief, the controlled release field 
experiment was carried out at a permitted hazardous waste disposal site, 15 km southeast from 
Sarnia and 300 km west of the city of Toronto in Ontario, Canada in the St. Clair clay plain (Fig. 
5-1A).  
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Figure 5-1. Location of emplaced source field experiment at the permitted hazardous waste 
disposal site in Petrolia, Ontario (Fig. 5-1A) in the St. Clair clay plaine (outlined based on 
Johnson et al., 1989). (Fig, 5-1B), A across section of the experimental setup for multiple-year 
solute diffusion from a constant source concentration (with DNAPL present to ensure aqueous 
solubility in the adjacent pore water) (Fig. 5-1B). 
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At the site, an experimental area was established outside of the active disposal area, with the goal 
of conducting long-term emplaced source experiments in saturated low permeability sediments of 
the St. Clair clay plain (Fig. 5-1A). The well-characterized, regionally extensive saturated clay 
unit of the St. Clair Clay Plain underlying this area (Allen-King et al., 1996; Desaulniers et al., 
1985; Johnson et al., 1989; McKay and Fredericia, 1995; Myrand et al., 1992; Parker, 1996) can 
be divided into a weathered upper clay unit with a thickness of about 2.5 to 3.5 meters, 
transitioning to unoxidized clay with oxidation staining along fractures to a depth of 6 to 7 m 
blow ground surface (bgs), underlain by a non-weathered, unfractured lower unit with a thickness 
of about 30 meters in which the experiment was carried out (Fig. 5-1B). The high organic matter 
content of the aquitard unit (0.534% ± 0.241%; n=36) strongly retards the migration of organic 
contaminants due to sorption processes, with no evidence of degradation occurring over the time-
scales of previous studies (Allen-King et al., 1996; Parker, 1996). To perform the field 
experiment, different DNAPL sources (PCE, TCE, DCM, 1,2-DCA and TCE/DCM mixture) with 
a volume of between 1.5 and 2.0 liters were emplaced approximately 5 m apart in November 
1998 in the non-weathered clay at depths of 10 to 12 meters bgs (Fig. 5-1B) in holes created with 
large diameter Shelby tubes for minimal disturbance.  
5.2.4. Core retrieval, subsampling and VOC extractions 
A detailed description of core retrieval, core subsampling and VOC extraction from core 
subsamples is provided in sections S1.2. and S1.3. of the Supporting Information at the end of 
this chapter. Briefly, continuous cores were collected from the unweathered clay below the 1,2-
DCA and DCM DNAPL – sediment interface from the boreholes in June 2014, 15.5 years (5672 
days) after source emplacement. The cores were retrieved using a direct push rig using the 
Envirocore dual tube continuous coring system described by Einarson et al. (1998). After 
bringing the cores to the surface, the percent recovery was recorded and core tubes were split in 
half longitudinally and subsampled in the field as a function of depth with narrow spaced 
sampling points (~5 cm) to gain highly resolved depth discrete chlorinated hydrocarbon 
concentration and isotope profiles. Subsequently, chlorinated hydrocarbons were extracted into 
the methanol following the description by Parker (1996) and White et al. (2008). The DCM and 
1,2-DCA pore water concentrations were determined based on the measured total concentration 
using the following partitioning equation (Parker et al., 2004): 
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where Ce (mg/L) is the pore water concentration, Ctot (mg/kg) corresponds to the measured total 
(sorbed and dissolved) concentration in the clay derived directly from the laboratory extraction, 
ȡwet (g/cm3) refers to the sediment wet bulk density, Irefers to the clay porosity, R (-) 
corresponds to the non-linear retardation factor (eq. S5-5, Supporting Information) as justified by 
our multistep sorption experiment (see below in section 5.4.1.) and ȡdry (g/cm3) refers to the dry 
bulk density. Parameter values used to estimate pore water concentrations were taken from a 
previous study at the site (Parker, 1996) (Tab. 5-1, Supporting Information).  
5.2.5 Concentration and compound-specific isotope analysis (CSIA) 
Detailed descriptions of analytical methods are available in section S1.4. of the 
Supporting Information at the end of this chapter. In brief, chlorinated hydrocarbon 
concentrations in laboratory samples (multistep sorption and diffusion experiment) and in the 
methanol extracts of the field samples were analyzed by a gas chromatograph coupled to a mass 
spectrometer (GC-MS). Compound-specific carbon isotope ratios of 1,2-DCA and DCM were 
analyzed relative to a CO2 standard by a gas chromatograph coupled to an isotope mass 
spectrometer (GC-IRMS) and expressed in the delta notation (VPDB į = (R/Rstd – 1)*1000 (‰), 
where R and Rstd are the isotope ratios of the sample and the standard, respectively. The 
analytical uncertainty for samples from the laboratory multistep sorption and diffusion 
experiment (standard deviation of the mean: SDM=1ı/(n)1/2 ı: standard deviation n: sample 
number) was determined based on a triplicate measurement. In contrast, field samples were 
analyzed only twice due to the limited sample volume. Thus, the standard deviation of the mean 
(±SDM) for the field samples was estimated based on the standard deviation (1ı) of standards 
included in the samples sequence (ı=0.32‰, n=12). Compound-specific chlorine isotope ratios 
were analyzed using a gas chromatograph coupled to a quadrupole mass spectrometer (GC-qMS). 
Compound-specific chlorine isotope ratios were exclusively determined for 1,2-DCA, since no 
standards referenced to the SMOC scale (standard mean ocean water) are available for DCM. The 
1,2-DCA chlorine isotopic raw ratios were determined from the two most abundant fragment ion 
peaks (m/z 64 and 62) (Palau et al., 2014; Wanner and Hunkeler, 2015) using an equation that 
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relates fragment ratios to isotope ratios for symmetric molecules developed by Elsner and 
Hunkeler (2008): 
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where I is the corresponding fragment ion abundance of 1,2-DCA at different m/z values.  
The raw chlorine isotope ratios from 1,2-DCA fragments (eq. 5-4) were calibrated against two 
external standards having different chlorine isotopic ratios (CHYN1 = 6.30‰ and CHYN2 = -
0.84‰) to obtain delta values on the SMOC scale. The standards were characterized by the Holt 
method (Holt et al., 1997) at the Helmholtz Centre in Munich. The analytical uncertainty (±SDM) 
of each 1,2-DCA measurement was based on a tenfold measurement of each sample from two 
different vials (5 replicates from each vial).  
 
5.3. Numerical modelling 
 
The migration of chlorinated hydrocarbons in the clayey unit was simulated in 3 
dimensions by rotating a 2D numerical modeling domain around a vertical axis (Fig. S5-1, 
Supporting Information). A detailed description of such a 2D axisymmetrical numerical model is 
provided by Jin et al. (2012). The aim of the simulation was to assess a) how isotope fractionation 
due to sorption and diffusion are reflected in isotope ratio profiles in saturated low permeability 
sediments, and b) whether observed shifts of carbon and chlorine isotope ratios are reproducible 
with laboratory determined isotope fractionation factors for diffusion and sorption. A detailed 
description of the 2D axisymmetrical model is available in section S2. of the Supporting 
Information at the end of this chapter. Briefly, it has been assumed that the transport is diffusion 
dominated and that advective transport can be neglected, consistent with previous studies of 
organic contaminant transport at the site (Johnson et al., 1989; Myrand et al., 1992; Parker, 
1996). Sorption was represented by the non-linear Freundlich isotherm as justified by our 
multistep sorption experiment (see below in section 5.4.1.) and by previous studies at the site for 
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similar chlorinated hydrocarbon compounds (Allen-King et al., 1996; AllenǦKing et al., 1997; 
Johnson et al., 1989; Myrand et al., 1992).  
 To simulate isotope ratio profiles of 1,2-DCA and DCM, isotopocules were considered as 
fractionation occurs between species of chlorinated hydrocarbon that differ in their isotopic 
composition and not between isolated isotopes. The term isotopocules encompasses 
isotopologues (molecules differing in isotopic composition) as well as isotopomers (molecules 
having the same number of isotopes but at different positions). Each 1,2-DCA and DCM carbon 
and 1,2-DCA chlorine isotopocules differing by one heavy isotope was defined as individual 
species in the model database (Tabs. S5-2 and S5-3 in Supporting Information). To account for 
isotopocule fractionation due to aqueous phase diffusion and sorption during the migration in the 
water-saturated clay, different Freundlich constants (KFr) and diffusion coefficients were assigned 
to each carbon and chlorine isotopocule differing in one heavy isotope (see section S2.1. in 
Supporting Information). The different Freundlich constants and diffusion coefficients were 
determined based on experimentally derived isotope fractionation factors for sorption and 
diffusion, which are proportional to the ratio of diffusion coefficients and Freundlich constants 
for isotopocules differing by one heavy isotope (Wanner and Hunkeler, 2015) (Tab. 5-2). To 
compare modelled isotopocule ratios with measured isotope ratio profiles, carbon and chlorine 
isotopocules differing by one heavy isotope were simulated in separate runs and converted to 
isotope ratios by making use of the proportional behavior during the migration in low 
permeability sediments between isotopes and isotopocule pairs differing in one heavy isotope 
(Wanner and Hunkeler, 2015):  
 
 
   
    100012
2
10098
102100
21
37 
¸¸
¸¸
¹
·
¨¨
¨¨
©
§


 
SMOC
DCA, R
zIzI
zIzI
zClG       (5-5) 
 
   
   
10001
2
2
10099
101100
21
13 
¸¸
¸¸
¸
¹
·
¨¨
¨¨
¨
©
§


 
VPDB
DCA, R
zIzI
zIzI
zCG       (5-6) 
Chapter 5  
  112 
 
 
  1000187
88
13 
¸¸
¸¸
¹
·
¨¨
¨¨
©
§
 
VPDB
DCM R
zI
zI
zCG         (5-7) 
 
where G13C and G37Cl are the carbon and chlorine delta values as a function of depth, Ix refers to 
the isotopocule abundance as a function of depth and RVPDB and RSMOC correspond to the 
international reference standard for carbon (13C/12C=0.011237) and chlorine (37Cl/35Cl=0.32) 
isotope ratios, respectively (Aelion et al., 2010).  
To prevent boundary effects, the size of the rotating 2D numerical model domain was 
built sufficiently large (5 meters length and 1 meter width) (Fig. S5-1, Supporting Information). 
The initial concentration boundary condition at the location, where the DNAPL was present 
corresponded to the literature reported solubility limits for 1,2-DCA (8,690 mg/L (Wiedemeier, 
1999)) and DCM (15,400 mg/L (Wiedemeier, 1999)), respectively; while at the other end and on 
the vertical side of the modeling domain the boundary concentration was set to zero. The 
abundance of carbon and chlorine isotopocules differing by one heavy isotope of 1,2-DCA and 
DCM used in the boundary conditions, was determined based on the measured isotope ratios 
adjacent to the source zone using a binominal distribution combining the occurrence of both C 
and Cl isotopes as proposed by Jin et al. (2013) (Tabs. 5-2 and 5-3, Supporting Information). 
Model calibration was conducted against measured concentration profiles, while the isotope ratio 
profiles were predicted based on the laboratory derived enrichment factors for diffusion and 
sorption without further calibration. Calibration of concentration profiles was conducted by 
varying the tortuosity factor, by setting the point in time when the boundary concentrations 
started to decrease (due to DNAPL exhaustion) and by the extent of the boundary concentration 
decrease at the location, where the DNAPL was present. To quantify the quality of the fit 
between measured and modeled data, the Nash Sutcliff efficiency (NSE) was used. NSE values 
range between - and 1, while 1 indicates a perfect fit between measured and modelled data. 
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5.4. Results  
5.4.1. Multistep sorption experiment 
During the performance of the multistep sorption experiment the aqueous-phase 
concentration dropped by about six orders of magnitude compared to the initial concentration due 
to the sorbed mass on the clay after each sorption step (Figs. 5-2A and 5-2B). The mass 
distribution between the clay sediment and aqueous solution for both 1,2-DCA and DCM agreed 
well with the Freundlich isotherm (Freundlich, 1909) (Figs. 5-2A and 5-2B):  
 
eFre CN
Klogqlog 1          (5-8) 
 
where qe (mg/kg-dry) and Ce (mg/L) are the equilibrium sorbed and solution concentrations, 
respectively, KFr (mg1-1/n kg-1 L1/n) refers to the Freundlich sorption coefficient and 1/N (-) is an 
empirical exponent indicating the degree of non-linearity. 
 
 
 
 
 
 
 
 
 
 
 
Figure 5-2. Concentration in solution Ce (mg/L) vs. the sorbed concentration on the clay qe 
(mg/kg-dry) for 1,2-DCA (Fig. 5-2A) and for DCM (Fig. 5-2B). Freundlich isotherm parameter 
(KFr and 1/N) for 1,2-DCA and DCM were determined by using linear regression. Comparison of 
the sorption behavior of 1,2-DCA and DCM using the unified Freundlich variable Ku (eq. 5-9) as 
a function of the concentration in solution (Ce) (Fig. 5-2C).   
 
 
Chapter 5  
  114 
This indicates that the sorption behavior of 1,2-DCA and DCM behaves non-linearly at the site 
i.e. is stronger at low compared to high pore water concentrations. The determination of the 
Freundlich isotherm parameters (KFR and 1/N; eq. 5-8) exhibited values of 5.36±0.35 mg1-1/n kg-1 
L1/n for 1,2-DCA and of 2.97±0.33 mg1-1/n kg-1 L1/n for DCM (Tab. 5-1) for the Freundlich 
constant and a slightly stronger non-linear behavior for DCM (1/N=0.71±0.08) compared to 1,2-
DCA (1/N=0.74±0.05) (Tab. 5-1). It has been demonstrated that Freundlich constants (KFr) with 
different 1/N values are not comparable as its value is directly dependent on 1/N. (Chen et al., 
1999). Hence, to compare the sorption behavior of 1,2-DCA and DCM, the unified Freundlich 
sorption variable (Ku) was determined (Chen et al., 1999), which corresponds to the slope of the 
Freundlich isotherm: 
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where Ku (L/kg) is the unified sorption variable for Freundlich isotherms. and 1/N (-) is the 
empirical exponent indicating the degree of non-linearity. 
The calculated Ku values (eq. 5-9) for concentrations between 0 and 5000 mg/L indicate 
that 1,2-DCA sorbs stronger than DCM on the clay at the Laidlaw hazardous waste disposal site 
(Fig. 5-2C), which is consistent with the higher value of the carbon-pore water partitioning 
coefficient (KOC) for 1,2-DCA compared to DCM (Mabey et al., 1982). 
 
Table 5-1. Determined parameters for the Freundlich isotherm for the clay unit at the Sarnia site. 
Uncertainty of Freundlich constant (KFr) and exponent (1/N) was determined based on the 95% 
confidence interval of the regression line (eq. 5-8). 
Compound KFr (mg1-1/N kg-1 L1/n) 1/N (-) 
1,2-DCA 5.36±0.35 0.74±0.05 
DCM 2.97±0.33 0.71±0.08 
 
During the multistep sorption experiment 1,2-DCA and DCM became increasingly 
enriched in heavy carbon and chlorine isotopes after each sorption step (Figs. 5-3A-C) showing 
that 1,2-DCA and DCM isotopocules with light isotopes are preferentially sorbed compared to 
isotopocules with heavy isotopes. To quantify the isotope fractionation factor for sorption 
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following the Freundlich isotherm, the term HKd/LKd in equation 5-1 was replaced by the ratio of 
the unified Freundlich sorption variable HKu/LKu for the heavy and the light isotope, respectively: 
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where HKFr and LKFr  (mg1-1/N kg-1 L1/N) are the Freundlich constants for the heavy and light 
isotope, respectively.  
Equation 5-10 shows that the isotope fractionation factor for sorption according to the Freundlich 
isotherm reduces to the ratio of the Freundlich constants HKFr/LKFr of the heavy and light isotope, 
respectively.  
  
 
 
 
 
 
 
 
 
 
Figure  5-3. Determination of the fractionation factor due to sorption for chlorine (Fig. 5-3A) and 
carbon (Fig. 5-3B) isotopes of 1,2-DCA and for DCM carbon isotopes (Fig. 5-3C). Error bars 
indicate analytical measurement uncertainty (standard error of the mean: SDM=1ı/(n)1/2 ı: 
standard deviation n: sample number). For 1,2-DCA carbon isotopes (Fig. 5-3B) the error was 
smaller than the size of the symbols in the plot. The uncertainty of the sorption fractionation 
factor was determined using the Gaussian error propagation law in equation 5-8 by including the 
uncertainty (±SDM) of the isotope ratio and the remaining fraction measurements after each 
sorption step. 
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For 1,2-DCA a lager enrichment of heavy chlorine compared to carbon isotopes was 
observed during the multistep sorption experiment resulting in isotope fractionation factors of 
ĮCl,sorption = 0.99945±0.00006 (eq. 5-10) (HCl,sorption = -0.55‰; whereas H D·) and 
ĮC,sorption = 0.99960±0.00014 (HC,sorption = -0.40‰), respectively (Tab. 5-2). For DCM the 
enrichment of heavy carbon isotope was larger compared to 1,2-DCA with a fractionation factors 
of ĮC,sorption = 0.99946±0.00017 (HC,sorption = -0.54‰) (Tab. 5-2).  
 
 
5.4.2. Diffusion cell experiment 
 The initial and final concentration after each time series of the diffusion cell experiment 
was used to determine the effective diffusion coefficient (De) according to equations 3-7 and 3-10 
in chapter 3. The ratio between initial and final DCM aqueous concentration ranged between 0.19 
and 0.86 for the different time series of the diffusion cell experiments (Tab. 5-3). The average 
effective diffusion coefficient for DCM of the different time series was 1.06E-10 ± 1.78E-12 
(m2/s) (Tab. 5-3), which is lower than the diffusion coefficients in free solution (1.17E-09 m2/s 
(USEPA, 1989)) as the frit reduces the diffusive transport rate due to porosity and tortuosity 
effects (eq. S5-4, Supporting Information). During the performance of the experiment an 
enrichment of heavy DCM carbon isotopes in the source reservoir was observed. This indicates 
that the DCM carbon isotopocules with light isotopes diffuses faster out of the source reservoir 
than isotopocules with heavy carbon isotopes. The magnitude of DCM carbon isotope 
fractionation due to diffusion was quantified from the slope of the regression line using the 
Table 5-2. Carbon and chlorine isotope fractionation factors for diffusion and sorption for 1,2-
DCA and DCM. Uncertainty of determined diffusion induced isotope fractiationation factor was 
calculated based on the 95% confidence interval of the regression line (eq. 5-2). Uncertainty of the 
isotope fractionation factors due to sorption was calculated based on the twofold performance of 
the sorption experiment and by including the uncertainty (standard error of the mean) of the 
isotope ratio and the remaining fraction measurements after each sorption step (eq. 5-10). 
Compound Isotopocule 
type 
Fractionation factor diffusion 
(ĮDiffusion=Di/Dj) 
Fractionation factor sorption 
(ĮSorption=KFr,i/KFr,j) 
1,2-DCA Carbon ĮDiffusion= 0.99977±0.000041 ĮSorption = 0.99960±0.000142  
 Chlorine ĮDiffusion= 0.99939±0.000031 ĮSorption==0.99945±0.000062 
DCM Carbon ĮDiffusion=0.99972±0.000092 ĮSorption=  0.99946±0.000172 
1Determined in chapter 3. 
2Determined in this chapter. 
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Rayleigh equation (eq. 5-2), resulting in an isotope fractionation factor of ĮC,diffusion = 
0.99972±0.00009 (HC,diffusion = -0.28‰) (Fig. 5-4).  
 
 
 
 
 
 
 
 
 
 
 
 
Figure 5-4. Rayleigh plot for DCM carbon isotope fractionation in the source reservoir of the 
diffusion cell experiment. Error bars indicate analytical uncertainty (standard error of the mean: 
SDM=1ı/(n)1/2 ı: standard deviation n: sample number) of measurements. Uncertainty of 
diffusion induced isotope fractionation factor was calculated based on the 95% confidence 
interval of the regression line. 
 
 
 
Table 5-3. Effective diffusion coefficients and De/D0 ratios of DCM for the diffusion cell 
experiment. Uncertainty of average diffusion coefficient was calculated using the standard error 
of the mean (±SDM). 
Initial 
(mg/L) 
Final 
(mg/L) Fraction 
Time 
(d) 
Effective 
diffusion 
coefficient 
(m2/s) 
Average effective 
diffusion 
coefficient (m2/s) 
De/D0 
De/D0 
Average
15.5 8.8 0.566 10.1 1.10E-10  0.09  
58.8 50.7 0.862 3.3 8.86E-11  0.08  
324 98.4 0.303 22.3 1.04E-10  0.09  
416 80.4 0.193 25.9 1.23E-10 1.06E-10±1.78E-12 0.11 0.09 
 
 
Chapter 5  
  118 
5.4.3. Concentration and compound-specific isotope profiles beneath the emplaced DNAPL 
sources  
The determined 1,2-DCA and DCM pore water concentration profiles in the clay unit 
below the emplaced DNAPL sources, which were determined based on the measured total 
(sorbed and dissolved) concentration (eq. 5-3), showed typical transient-diffusion profiles (Fig. 5-
5A). The highest 1,2-DCA pore water concentration (917 mg/L) was determined at 18 cm 
vertical distance from the emplaced DNAPL source in the clay unit, while the pore water 
concentration decreased below detection limit (<2ȝg/L) at 100 cm below the bottom of the 
emplaced source (Fig. 5-5A). The 1,2-DCA carbon and chlorine isotope ratio profiles showed 
trends in opposite directions, whereby 37Cl in 1,2-DCA became depleted (ǻG37Cl=1.3‰; Fig. 5-
5B) and 13C enriched (ǻG13C = 2.4‰; Fig. 5-5C) with increasing depth. The DCM pore water 
concentration was highest adjacent to the DNAPL source and declined below the detection limit 
(<2ȝg/L) at 160 cm distance below the bottom of the emplaced source (Fig. 5-6A). DCM became 
enriched in 13C with depth to the same extent (ǻG13C = 2.4‰) as 1,2-DCA (ǻG13C = 2.0‰) (Fig. 
5-6B).  
 
 
 
 
 
 
 
 
Figure 5-5. Measured and modelled 1,2-DCA pore water concentrations (Fig. 5-5A) and 1,2-
DCA chlorine (Fig. 5-5B) and carbon (Fig. 5-5C) isotope ratio profiles vs. vertical distance from 
the 1,2-DCA DNAPL source in the clay core retrieved 5281 days after emplacement of the 1,2-
DCA DNAPL source. The continuous lines represent the modelled concentration and isotope 
ratio profiles, while the filled squares (Fig. 5-5A), the open squares (Fig. 5-5B) and the open 
circles (Fig. 5-5C) represent the measured concentrations on depth-discrete samples. For the 1,2-
DCA chlorine and carbon isotopes two scenarios were simulated: Diffusion only (Dsorption = 1) 
and a combined scenario that includes diffusion and sorption induced isotope fractionation for 
1,2-DCA chlorine (Dsorption = 0.99945) and carbon  (Dsorption = 0.99960) isotopes. The Nash-
Sutcliff efficiency (NSE) was used to quantify the quality of the fit between measured and 
modelled data. 
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Figure 5-6. Measured and modelled pore water DCM concentration (Fig. 6A) and DCM carbon 
isotope ratio profiles (Fig. 6B) vs. vertical distance from the DCM DNAPL source in the 
retrieved clay core 5281 days after emplacement of the DCM DNAPL source. The continuous 
lines indicate the modelled concentration and isotope ratios profiles, while the filled squares (Fig. 
6A) and the open circles (Fig. 6B) represent the measured concentrations for depth-discrete 
samples. For the DCM carbon isotopes two scenarios were simulated: Diffusion only (Dsorption = 
1) and a combined scenario, which includes diffusion and sorption induced isotope fractionation 
(Dsorption = 0.99946). The Nash-Sutcliff efficiency (NSE) was used to quantify the quality of the 
fit between measured and combined simulation scenario 
 
 
5.5. Discussion 
5.5.1. Multistep sorption and diffusion cell experiment 
The non-linear sorption behavior in the multistep sorption experiment is consistent with 
previous studies at the site, which also observed a Freundlich sorption trend with a similar degree 
of non-linearity (Allen-King et al., 1996; AllenǦKing et al., 1997). Furthermore, the multistep 
sorption experiment showed for the first time that isotope fractionation due to sorption occurs not 
only for carbon but also for chlorine isotopes for organic compounds.  
The observed preferential sorption of isotopocules with light isotopes compared to 
isotopocules with heavy isotopes and the detected magnitude of isotope fractionation 
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(ĮCl,Sorption = 0.99960 - 0.99945; Cl,Sorption = -0.40‰ - -0.55‰) for 1,2-DCA and DCM is 
coherent with previous experimental studies (ĮSorption = 0.99987 - 0.99896; Sorption = -
0.13‰ - -1.04‰) conducted for carbon and hydrogen isotopes of benzene, toluene, 
trichloroethene (Höhener and Yu, 2012; Imfeld et al., 2014; Kopinke et al., 2005). Furthermore, 
as after the first sorption step the shifts of isotope ratios remained within the analytical 
uncertainty of about 0.5‰, our multistep sorption experiment shows that single step experiment 
is not sufficient to detect sorption induced isotope fractionation. This is agreement with the 
studies conducted by Slater et al. (2000) and Schüth et al. (2003), which observed no significant 
sorption induced isotope effect by performing a single step sorption experiment.  
Isotope effects due to phase transition of hydrophobic compounds mainly occur due to 
changes of vibrational frequencies of the solute molecules caused by changing nonbonding 
interactions (Aelion et al., 2010; Jancso and Van Hook, 1974; Jeannottat and Hunkeler, 2012; 
Jeannottat and Hunkeler, 2013; Turowski et al., 2003). Accordingly, the detected preferential 
sorption of isotopocules with light compared to isotopocules with heavy isotopes can be likely 
explained by changes of vibrational frequencies due to changing nonbonding interactions during 
the transition between the aqueous solution and the sorbent material. In the sorbent material 
vibrational frequencies of the chlorinated hydrocarbon molecules are reduced compared to the 
aqueous solution due to the stronger interactions of the molecules with sorbent material 
(Turowski et al., 2003). Consequently, the zero point energy levels of the light and heavy 
isotopocules are lower and closer together in the sorbent material than in the aqueous solution. As 
a result, the difference of zero point energies between sorbed and dissolved compounds in the 
aqueous solution is lower for heavy than for light isotopocules and thus, it takes slightly less 
energy for the heavy isotopocule to go into the aqueous phase than for the light isotopocules 
leading to a depletion of heavy isotopocules in the sorbent material. This isotope effect is similar 
as observed for air – water partitioning and DNAPL – vapor equilibration, during which also the 
reduction of vibrational frequencies in the water phase or in the DNAPL lead to a preferential 
transition of heavy carbon isotopocules to the gas phase compared to light isotopocules 
(Jeannottat and Hunkeler, 2012; Jeannottat and Hunkeler, 2013). For the diffusion cell 
experiment, the observed faster diffusive transport rate for isotopocules with light compared to 
the heavy DCM carbon isotopes is in agreement with previous studies, which investigated isotope 
fractionation due to aqueous phase diffusion (Eggenkamp and Coleman, 2009; Richter et al., 
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2006; Wanner and Hunkeler, 2015). Furthermore, the determined magnitude of DCM carbon 
isotope fractionation due to diffusion is consistent with an earlier study (Wanner and Hunkeler, 
2015), which investigated carbon and chlorine isotope fractionation of TCE and 1,2-DCA due to 
aqueous phase diffusion and obtained isotope fractionation factors in the same range (ĮDiffusion = 
0.99939 - 0.99978; HDiffusion = -0.61‰ - -0.22‰) as the present study (ĮDiffusion  = 0.99972; HDiffusion 
= -0.28‰). Moreover, the mass dependency of the diffusive transport rate (D) of the carbon 
isotopes of DCM showed a weaker power mass dependency (D = m-0.025) than previously 
postulated by the kinetic theory (D = m-0.5). This is in agreement with previous experiments 
(Eggenkamp and Coleman, 2009; Pikal, 1972; Richter et al., 2006; Rodushkin et al., 2004; 
Schloemer and Krooss, 2004; Tyroller et al., 2014; Wanner and Hunkeler, 2015; Zhang and 
Krooss, 2001) and molecular dynamic simulation studies (Bourg et al., 2010; Bourg and Sposito, 
2007; Bourg and Sposito, 2008). Hence, the results of the diffusion cell experiment emphasized 
the failure of the kinetic theory for estimating the magnitude of isotope fractionation due to 
aqueous phase diffusion. 
5.5.2. Concentration and compound-specific isotope diffusion profiles beneath the emplaced 
DNAPL sources  
The presence of the highest 1,2-DCA concentration below and not adjacent to the 
contamination source in the clay unit indicates that upward diffusion (i.e. back-diffusion) 
occurred due to the depletion of the contamination source, as it has been observed at other 
contaminated sites (Chapman and Parker, 2005). In contrast, the highest DCM concentration was 
detected adjacent to the emplaced source, suggesting the DCM DNAPL mass in the source zone 
had not decreased sufficiently to initiate back-diffusion. This can be explained by the slower 
DCM mass flux out the source zone due to the flatter concentration gradient between the source 
zone and the surrounding clay caused by the weaker sorption behavior and the higher solubility 
of DCM compared to 1,2-DCA. The greater migration distance for DCM (160 cm) compared to 
1,2-DCA (100 cm) is in agreement with the results of the multistep sorption experiment, which 
revealed stronger sorption of 1,2-DCA compared to DCM (Fig. 5-2C). 
 The enrichment of heavy carbon isotopes in 1,2-DCA and DCM with depth  (Figs. 5-5C 
and 5-6B) are contrary to the trend expected for diffusion (Wanner and Hunkeler, 2015). 
Moreover, the small enrichment of heavy 1,2-DCA and DCM carbon isotopes can also not be 
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likely related to degradation, as the decrease in concentration with depth would be associated 
with a large isotope effect due the large degradation induced carbon isotope enrichment factors 
for 1,2-DCA (-3.5 to -32.0‰ (Palau et al., 2014)) and DCM ((-41.2 to -66.3‰ (Nikolausz et al., 
2006)), respectively. Moreover, neither the present nor previous studies (Allen-King et al., 1996; 
Parker, 1996) found evidence for reactive processes at the site, supporting inferences that 
degradation is not responsible for enrichment of 1,2-DCA and DCM carbon isotopes with depth. 
This suggests that an isotope effect due to sorption might govern the 1,2-DCA and DCM carbon 
isotope trends towards heavy signatures with depth, as the clay unit is known for its strong 
sorption due to high organic matter content (Allen-King et al., 1996; AllenǦKing et al., 1997; 
Myrand et al., 1992; Parker, 1996). This hypothesis is supported by the results of the multistep 
sorption experiment, which showed that the sorbed compounds are depleted in heavy isotopes, 
enhancing the mobility of isotopocules with heavy isotopes in the clay unit and leading to an 
enrichment of heavy isotopes with depth (Figs. 5-3). However, in contrast to carbon isotopes, the 
1,2-DCA chlorine isotopes show an opposite isotope trend towards lighter signatures with depth. 
As the mass difference is two between stable chlorine isotopes compared to one for carbon, the 
diffusive isotope effect is stronger for the chlorine compared to carbon isotopes. Hence, the trend 
towards lighter signatures with depth for 1,2-DCA chlorine isotopes could be explained by the 
interaction between sorption and diffusion, whereby the diffusion isotope effect overrules the 
sorption effect. To analyze the relative contribution of sorption and diffusion in more detail, 
numerical modeling was used as discussed in the following section.  
5.5.3. Simulation of field site-derived concentration and compound-specific isotope profiles 
The 2D axisymmetrical numerical model was used to: a) assess if measured 1,2-DCA and 
DCM concentration profiles can be reproduced with the experimentally determined parameters 
for the non-linear Freundlich isotherm (Tab. 5-1, Figs. 5-2A-B); and b) investigate if and how 
isotope fractionation due to diffusion and sorption processes are superimposed in saturated low 
permeability sediments.  
Simulated 1,2-DCA and DCM concentration profiles agreed well with measured 
concentration profiles. The best fit for the 1,2-DCA (NSE=0.91) and for the DCM (NSE=0.98) 
concentration profiles was obtained with a tortuosity factor of 0.91 (eq. S5-4, Supporting 
Information) and with a start of the concentration decrease at the source zone at 9.5 (1,2-DCA) 
and 10 years (DCM) after source emplacement to concentrations of 86.9 mg/L for 1,2-DCA and 
Chapter 5 
123 
of 7700 mg/L for DCM, respectively (Figs. 5-5A and 5-6A). The consistency between measured 
and modelled 1,2-DCA and DCM concentration data shows that non-linear sorption occurs, 
consistently with the laboratory experiments and with previous studies at the site (Allen-King et 
al., 1996; AllenǦKing et al., 1997).   
To assess the relative contribution of isotope fractionation due sorption and diffusion on 
isotope ratio profiles in the clay unit, two scenarios were simulated and compared with measured 
isotope ratio profiles: Isotope fractionation by a) diffusion only (ĮSorption=1), and b) by a 
combination of diffusion and sorption. The diffusion only scenario showing a shift towards 
lighter isotope signatures with depth was inconsistent with measured isotope ratio profiles (Fig. 
5-5B-C and Fig. 5-6B). For the 1,2-DCA chlorine isotopes, the simulated shift with depth was 
larger than the measured, while for the 1,2-DCA and DCM carbon isotopes the simulated profiles 
showed an opposite trend compared to measured isotope profiles, suggesting that isotope 
fractionation occurs not only due to the diffusion. In contrast, for the simulation scenario 
including both sorption and diffusion induced isotope fractionation, the simulated 1,2-DCA and 
DCM isotope profiles agreed well with the measured profiles (NSE = 0.74 – 0.95) (Fig. 5-5B-C 
and Fig. 5-6B). This further substantiates that sorption induced isotope fractionation causes an 
enrichment of heavy 1,2-DCA and DCM carbon isotopes, and that for 1,2-DCA chlorine isotopes 
the stronger diffusion isotope effect overrides the sorption effect causing a trend towards lighter 
isotopes with depth. 
The magnitude of isotope fractionation due to sorption might not only depend on the 
sorption isotope effect but also on the extent of sorption. To investigate how the extent of 
sorption impacts the magnitude of isotope fractionation the migration of 1,2-DCA in saturated 
low permeability sediments was simulated for different Freundlich constants (KFr) ranging 
between 2 and 10 for the same time period as for the field experiment. By plotting simulated 1,2-
DCA carbon and chlorine isotope profiles for different KFr values against 1,2-DCA 
concentrations normalized to the initial concentration (C/C0), it is shown that higher sorption 
amplifies the isotope trend going in opposite directions (Fig. 5-7A and 5-7B). For the 1,2-DCA 
chlorine isotopes, for which diffusion is the predominate fractionation process, an increased 
extent of sorption results in a slower diffusive transport rate causing a steeper concentration 
gradient enlarging the shift of isotope ratios towards lighter isotope signatures with depth (Fig. 5-
7A). This is consistent with previous detections by Wanner and Hunkeler (2015). In contrast, for 
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the 1,2-DCA carbon isotopes, for which sorption dominates isotope fractionation, an 
augmentation of the extent of sorption leads to larger a shift towards heavier isotope signatures 
with depth (Fig. 5-7B). The effect of increased sorption is more pronounced when sorption is the 
predominant fractionation process (Fig. 5-7B) compared to the scenario when diffusion caused 
isotope fractionation is prevalent (Fig. 5-7A).  
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 5-7.1,2-DCA chlorine (Fig. 5-7A) and carbon (Fig. 5-7B) isotope fractionation as function 
of concentration normalized to the initial concentration for a typical diffusion profile in saturated 
low permeability sediments for different Freundlich constants (KFr) ranging between 2 and 10. 
 
 
Sorption induced isotope fractionation might impair the identification of reactive 
processes using stable isotope methods, especially for carbon isotopes as sorption shifts carbon 
isotope ratios towards the same direction as reactive (degradation) processes (towards heavier 
isotope signatures with depth). The impairment might especially occur for organic compounds 
having small degradation induced carbon isotope enrichment factors (e.g. for BTEX compounds 
(benzene, toluene, ethylbenzene, xylenes)). To investigate the extent of impairment, a 
degradation scenario was simulated with a relatively slow degradation rate (half-life = 506 days) 
associated with isotope fractionation factors ranging between 0.999 and 0.995. Furthermore, the 
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degradation scenario was simulated without and with taking into account sorption induced 
isotope fractionation. The degradation scenario was compared with measured 1,2-DCA and DCM 
carbon isotope ratio profiles as the observed magnitude of isotope fractionation due to sorption 
for 1,2-DCA and DCM carbon isotopes is expected to be representative for other organic 
compounds such as BTEX. In the degradation scenario with the smallest isotope fractionation 
factor (0.999) a similar shift of carbon isotope ratios with depth was observed as in the scenario 
without degradation (Figs 5-8A and 5-8B). This indicates that for carbon isotope ratio profiles 
with shifts of about ǻG13C=2.0‰ with depth, it remains ambiguous whether or not degradation 
occurs in high organic content (high sorption capacity) sediments. Furthermore, the simulated 
profiles in the degradation scenario revealed that if sorption induced isotope fractionation is 
ignored (considered negligible), the enrichment of heavy isotopes with depth is less strong (Figs. 
5-8A and 5-8B). Hence, when fitting a reactive transport model to measured carbon isotope ratio 
profiles by ignoring sorption induced isotope fractionation, the total enrichment of heavy isotope 
with depth will be assigned to degradation processes, which leads to an overestimation of the 
degradation rates. Therefore, isotope effects due to sorption processes should be considered for 
the identification and quantification of reactive processes using stable isotope methods, especially 
for slow reactions with small fractionation factors. The impairment of isotope fractionation due 
sorption for the identification of reactive processes using stable isotope methods could be even 
more important for hydrogen isotopes as the sorption induced isotope effect is more distinct for 
hydrogen compared to carbon and chlorine isotopes (Höhener and Yu, 2012; Imfeld et al., 2014). 
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Figure 5-8. Simulated 1,2-DCA (Fig. 5-8A) and DCM (Fig. 5-8B) carbon isotope ratio profiles 
by including reactive processes (black lines) with fraction factors ranging between 0.999 – 0.995 
and a half-life (O) of 506 days. The continuous black lines represent the reactive scenario in 
which sorption induced fractionation was included, while the black-dashed lines represent the 
reactive scenario in which sorption induced isotope fractionation was neglected. The continuous 
blue (Fig. 5-8A) and green lines (Fig. 5-8B) correspond to the non-reactive scenario, which 
considers isotope fractionation due to sorption and diffusion only. 
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5.6. Conclusions 
 
This study provides for the first time clear evidence that isotope fractionation due to 
sorption has a measurable effect on carbon and chlorine isotope patterns of chlorinated 
hydrocarbons under field conditions. By including laboratory determined enrichment factors for 
sorption and diffusion in a numerical model, laboratory and field observations were for the first 
time consistently related. The results of the numerical model demonstrated that under field 
conditions sorption and diffusion are superimposed and compensate each other to some degree as 
the fractionate isotopes in opposite directions. Hence, depending on whether sorption or diffusion 
shows the larger isotope fractionation factor, isotope trends go towards opposite directions. 
Moreover, an increased sorption extent of organic compounds leads to an amplification of the 
isotope trends in opposite directions. The amplification is larger when sorption is the dominant 
fractionation process (enrichment of heavy isotopes with depth) compared to the case when 
diffusion is the predominant fractionation process (enrichment of light isotopes with depth) 
during migration in low permeability sediments.  
Furthermore this study shows that under field conditions sorption induced isotope 
fractionation can cause shifts of isotope ratios of around 2‰, which is considered by the US EPA 
(Hunkeler et al., 2008) as a threshold for identifying reactive processes affecting organic 
compounds. Numerical modelling showed that specific conditions (high sorption capacity, early 
transient diffusion state) can cause even larger shifts of isotope ratios due to sorption. Therefore, 
shifts of isotope ratios of around 2‰ at the field scale are not unequivocally attributable to 
reactive processes. This is especially important for the identification of slow reactive processes 
associated with small degradation induced isotope fraction factors as for the degradation of 
BTEX. Furthermore, the consideration of sorption induced isotope fractionation might even be 
more important for the identification of slow reactive processes with small fractionation factors in 
aquifers (granular sands and gravels) as sorption induced isotope fractionation is compensated to 
a lower degree by diffusion in aquifers compared to clayey sediments. 
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5.9. Supporting Information to Chapter 5 
 
S1. Materials and Methods 
 
S1.1. DNAPL source emplacement procedure 
First a 6.25” whole was augered into the undisturbed clay of the St. Clair clay plain to a 
depth of 10 m below ground surface (bgs) slightly higher than the desired depth for emplacing 
the chlorinated solvent DNAPL sources. Following the removal of the augers, a 6’’ PVC casing 
was pushed to the bottom of the augered hole to get access to the zone, where the DNAPLs were 
intended to emplace. During advancement of the casing, a slurry of Quik-Gel (high yield 
bentonite) was poured around the casing to provide lubrication, which allowed easier pushing of 
the casing and to help sealing the annular space between the casing and the borehole. Afterwards 
the casing was cleaned before installing the source zone by pushing a 4.5’’ Shelby Tube through 
the casing down to the bottom of the augered hole a few centimetres into the undisturbed clay. 
Afterwards the Shelby Tube was turned by 360° to shear the clay at the bottom and retrieved to 
complete the cleaning of the casing. After cleaning at the surface, the Shelby tube was placed 
back in the casing in a centralized position and advanced about 60 centimetres into the clay 
beneath the augered hole and removed full of clay to clear space for the emplacement of the 
chlorinated solvent DNAPL sources. Subsequently, an access tube was placed to the bottom of 
the Shelby tube hole for emplacing the different chlorinated solvent DNAPL sources. The access 
tube consisted of a 0.5’’ PVC, while the bottom 6’’ were slotted. After installing the access tube 
the casing was back-filled with coarse silica sand (well gravel) to about 2.5 bgs. Afterwards, the 
back-filled casing was filled with water to a level of about 3 meters bgs corresponding to the 
water level at the site. To install the DNAPL sources 1.5 – 2 litres of different chlorinated solvent 
DNAPL single phase and mixtures (TCE, DCM, 1,2-DCA TCE/DCM mixture) were poured into 
the access tube in five different wholes 5 m apart from each other. Subsequently, the access tube 
was pulled up about 60 cm and 2 L of water was poured into the access tube to flush out the 
remaining solvents, followed by removal of the access tube.  
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S1.2. Core retrieval 
To retrieve the cores below the emplaced 1,2-DCA and DCM DNAPL sources a 
Geoprobe 7720DT direct-push rig and the Envirocore dual tube sampling system was used as 
described by Einarson et al. (1998). An outer casing and an inner sample barrel containing a 
plastic liner of about 60 centimetres were, depending on the clay properties, pushed, pounded or 
vibrated simultaneously into the ground. During advancement, the clay cores were collected 
within the plastic liner inside the sample barrel. As soon as the sample barrel and the plastic line 
were filled with clay, it was withdrawn to the surface, while the casing was left in place to avoid 
a collapse of the borehole during further core retrieval.  
 
S1.3. Subsampling and VOC extractions from cores 
The collected cores were split lengthwise on-site in two equal pieces. After splitting, the 
cores were logged (photographs and description) as fast as possible (~5 minutes) for geological 
features to prevent any loss of chlorinated hydrocarbons by volatilization. Afterwards the cores 
were subsamples and chlorinated hydrocarbons were extracted from core subsamples following 
the procedure described by Parker (1996) to obtain highly resolved concentration and compound-
specific isotope profiles. Initially the cores were covered by aluminum foil except at the place, 
where subsampling took place to minimize the loss of chlorinated hydrocarbons. Subsampling of 
the clay cores as a function of depth was performed using a cut plastic syringe as a mini corer. 
The subsamples were taken by the cut plastic syringe and expelled into 42 mL glass vials 
containing 20 mL high purity VWR methanol. The vials were sealed with a screw cap with a 
Teflon lined septum and weighted before and after the collection of the clay samples to determine 
the weight of the solid samples. A high clay to methanol ratio (average: 0.8 with some variation 
among the samples) was chosen to maximize the amount of chlorinated solvents in the methanol 
extraction.  
In the laboratory the 42 mL vials were sonicated for 30 minutes followed by shaking for 
one hour in order to disperse the clay samples and to dissolve all chlorinated solvents completely 
in the methanol. Afterwards the vials were centrifuged for 30 minutes at 1200 rpm to obtain a 
clear methanol supernatant. The clear methanol supernatant was then decanted and stored prior to 
analysis. 
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S1.4. Concentration and compound-specific isotope analysis (CISA) 
 
S1.4.1. Concentration analysis  
VOC concentrations in the experimental water samples were analyzed using a TraceTM 
GC-DSQII mass spectrometer (Thermo Fisher Scientific, Waltham, MA, US) using the selected 
ion mode with a detection limit of 2.0 ȝg/L at the University of Neuchâtel. Calibration curves for 
1,2-DCA and DCM were produced using external standards (purity  95.0%), which were 
prepared at seven different concentration levels: 5, 10, 25, 50, 75, 100, 150 ȝg/L. Headspace 
samples from 20mL vials filled with 10ml sample were injected using a CombiPal auto sampler 
(CTC Analytics, Zwingen, Switzerland). The samples were diluted to approximately identical 
concentrations (50ȝg/L), based on an initial screening of VOC concentrations, to fit the 
calibration interval and to maximize precision of the analysis. For samples containing 1,2-DCA, 
the oven temperature was held at 40°C for 2 minutes, ramped at 15°C/min to 90°C and held for 2 
minutes. For samples with DCM the oven temperature was held at 40°C for 2 minutes at 
15°C/min to 130°C and held for 2 minutes. The carrier gas was helium with a flow rate of 1,2 
ml/min. The analytical uncertainty (±1ı) of the concentration measurements was determined by a 
repeated measurement of standards included in the sample sequence (standards/samples = 1/5) 
and corresponded to ±4%, (n=5) for 1,2-DCA and to  ±5% (n=6) for DCM.   
For analysing VOC concentrations in the clay samples, aliquots of the methanol extracts 
were diluted at least 10 times with pure water and analyzed analogously to water samples. The 
dilution was made because the polar methanol is incompatible with the non-polar column of the 
gas chromatograph. The total soil concentrations were calculated according the following 
formula:  
 
 
ws
mm
s m
CVC               (S5-1) 
 
where,  (mg/kg) is the VOC concentration in the wet clay,  (L) is the total volume of methanol,  
(mg/L) is the VOC concentration in the methanol and  (kg) is the total mass of the wet clay. The 
detection limit for VOCs concentrations in the wet clay is approximately 0.05 mg/kg for the 
average clay to methanol ratio of 0.8.     
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S1.4.2. Compound-specific carbon isotope analysis 
 Compound-specific carbon isotope ratios of 1,2-DCA and DCM in methanol extractions 
from clay core subsamples were performed using a TRACETM gas chromatograph (GC) coupled 
to a DeltaPlus XP isotope mass spectrometer (IRMS) via a combustion III interface (Thermo 
Finnigan, Germany) at the University of Neuchâtel, Switzerland. The methanol extractions were 
diluted to identical concentrations of 30ȝg/L in 42 mL glass vials with PTFE-lined screw cap, 
whereas the dilution had to be at least 100 times due to the incompatibility between the polar 
methanol extractions the column of the GC. Prior analysis with the GC-IRMS, samples were pre-
concentrated with a purge-and-trap concentrator (Tekmar Velocity XPT, USA) by purging a 
sample volume of 25 mL from the 42 mL glass vial for ten minutes with N2 (40mL/min) and by 
detaining the degassed VOCs on a Vocarb 3000 trap. After purging, the samples were desorbed 
from the trap and transferred to a cryogenic trap (Tekmar Dohrmann) installed in the GC oven 
having a temperature of -80°C for 1,2-DCA and of -150°C for DCM. Subsequently, the 
temperature was increased to 180°C and the samples were release to the column of the GC (DB-
VRX, 60m, 0.25mm, 1,2 ȝm) for chromatographic separation. The GC oven temperature for 1,2-
DCA analysis was held at 60°C for 2 minutes, then ramped at 5°C/min to 135°C and held for two 
minutes. The GC oven temperature for DCM was held at 60°C for two minutes, then ramped at 
10°C/min to 135°C and held for two minutes.  
 
S1.4.3. Compound-specific chlorine isotope analysis  
 Compound-specific chlorine isotope measurement of 1,2-DCA was performed using a gas 
chromatograph coupled to a quadrapole mass spectrometer (GC-qMS; Agilent 7890A, Agilent 
5975C). Samples were injected using a headspeace method from 20 mL vials filled with 15mL 
solution using a CompiPal Autosampler (CTC Analytics, Zwingen, Switzerland). For 
chromatographic separation a DB-5 column (30m, 0.25mm, 0.25ȝm, Agilent) with a constant 
helium flow of 1,2 mL/min was used. methanol extraction from the clay cores and 1,2-DCA 
standards were diluted to identical concentrations of 2000ȝg/L to maximize precision of the 
measurements whereas, the dilution of the methanol extractions had to be at least 10 times due to 
the incompatibility of the methanol with the column of the GC. The temperature program of the 
GC for 1,2-DCA was held at 40°C for 1.8 minutes and then ramped at 25°C/min to 120°C and 
held for 0.2 minutes.  
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S2. Modelling Approach 
 
S2.1. Model description 
The migration of chlorinated hydrocarbons in the clay unit around the emplaced 1,2-DCA 
and DCM DNAPL sources was simulated using the finite element computer code Comsol 
Multiphysics®. A 2D axisymmetric transport model domain was created with a vertical depth of 
5 meters and with 1 meter width. By rotating the model domain around the vertical axis a 3D 
domain was produced representing the clay unit around the emplaced source zone (Fig. S5-1). 
The modelling domain contains a highly resolved mesh, especially refined at the boundary 
between the source zone and the clay unit. To simulate solute transport of chlorinated 
hydrocarbons in the clay unit next to the emplaced sources, the advection-dispersion equation for 
porous saturated systems was used:   
 
   vccDCR
t nnn
 w
w I                   (S5-2) 
 
where z (m) is the vertical depth, Cn (ȝg/kg) is the concentration of species n, v (cm/y) is the 
vertical flow velocity in the clayey aquitard, Dn (m2/s) is the dispersion coefficient and Rn (-) 
refers to the retardation factor and I (-) is the porosity.  
 
 
 
 
 
 
 
 
 
 
 
Figure S5-1. 3D numerical diffusion model of the DCM concentration in the clay unit around the 
emplaced DNAPL source, 5672 days after the emplacement of the source.  
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The vertical dispersion coefficient (eq. S5-1) is determined using the relationship: 
 
vDD en D              (S5-3) 
 
where Dn (m2/s) is the dispersion coefficient, De (m2/s) is the effective diffusion coefficient, Į (m) 
refers to the dispersivity  and v (m/s) is the 1D linear flow velocity. In saturated low permeability 
sediments the advective velocity is often negligible (v~0 m/s) and the dispersion coefficient 
reduces to the diffusion coefficient. 
The effective diffusion coefficient (eq. S5-3) includes the lowering of the diffusive 
transport rate in porous media due porosity and tortuosity effects and is defined as follows:  
 
IW0DDe                (S5-4)
    
where D0 (m2/s) is the diffusion coefficient in free solution and  Ĳ (-) refers to the tortuosity factor  
The retardation factor was calculated assuming non- linear equilibrium sorption following the 
Freundlich isotherm: 
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where Ubdry (g/cm3) is the dry soil bulk density, KFr (mg1-1/n kg-1 L1/n) refers to the Freundlich 
sorption constant ,Ce (mg/L) is the pore water concentration and N (-) corresponds to the non-
linearity factor.  
For modelling isotopocule fractionation during migration into the clay DCM and 1,2-
DCA carbon (991,2-DCA, 1001,2-DCA, 1011,2-DCA and 87DCM, 88DCM) and 1,2-DCA chlorine 
isotopocules (981,2-DCA, 1001,2-DCA, 1021,2-DCA) differing by one heavy isotope were defined 
as separate species in the model database. The initial abundances of the defined 1,2-DCA and 
DCM carbon and 1,2-DCA chlorine isotopocules were determined out of all possible 
isotopocules (Tabs. S5-2 and S5-3) applying the binominal distribution combining the occurrence 
of both C and Cl isotopes as proposed by Jin et al. (2013) and using the measured 1,2-DCA and 
DCM carbon and 1,2.-DCA chlorine isotope ratio adjacent to the DNAPL source zone:  
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where Aj is the relative abundance of an isotopocule j having v 13C out of total u carbon atoms 
and i 37Cl out of total h chlorine atoms and P is the abundance of the corresponding carbon and 
chlorine isotopes. 
 
 
Table S5-1. Model parameters for simulating the migration of chlorinated hydrocarbons in the 
clay unit at the permitted hazardous waste disposal site in Petrolia, Ontario. 
Parameter Unit Value Reference 
Porosity:   - 0.34 (Parker, 1996) 
Soil dry bulk density: ȡbdry g/cm3 1.71 (Parker, 1996) 
Soil wet bulk density: ȡbwet g/cm3 2.02 (Parker, 1996) 
Tortuosityb - 0.91 Present study 
Diffusion coefficient in free solution 1,2-DCA: D0,1,2-DCA m2/s 9.90E-10 (USEPA, 1989) 
Diffusion coefficient in free solution DCM: D0,DCM m2/s 1.17E-09 (USEPA, 1989) 
Freundlich sorption constant KFr,1,2-DCAa mg1-1/n kg-1 L1/n 5.36 Present study
Freundlich sorption constant KDCMa mg1-1/n kg-1 L1/n 2.97 Present study 
Freundlich exponent 1/N 1,2-DCAa - 0.74 Present study 
Freundlich exponent 1/N DCMa - 0.71 Present study 
aExperimentally determined    
bCalibrated    
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Thus, the initial abundance of 1,2-DCA and DCM carbon and 1,2-DCA chlorine isotopocules 
differing by one heavy isotope corresponds to (Tabs. S5-2 and S5-3):   
 
Initial abundances of 1,2-DCA carbon isotopocules differing by one heavy carbon isotope: 
991,2-DCA= I98(1)+I100(2)+I102(3)        (S5-7) 
1001,2-DCA= I99(4)+I101(5)+I103(6)        (S5-8) 
1011,2-DCA= I100(4)+I102(5)+I104(6)        (S5-9) 
 
Initial abundances of 1,2-DCA chlorine isotopocules differing by one heavy chlorine isotope: 
981,2-DCA= I98(1)+I99(4)+I100(7)        (S5-10) 
1001,2-DCA= I100(2)+I101(5)+I102(8)        (S5-11) 
1021,2-DCA= I100(2)+I101(5)+I102(8)        (S5-12) 
 
Initial abundances of DCM carbon isotopocules differing by one heavy carbon isotope: 
87DCM= I86(1)+I88(2)+I90(3)         (S5-13) 
88DCM= I87(4)+I89(5)+I91(6)         (S5-14) 
where I is the isotopocule abundance and the number of in brackets corresponds to the 
isotopocule ID in tables 2 and 3. 
 
To simulate isotopocule fractionation due to sorption during the migration in the clayey 
unit, different Freundlich constants were assigned to each defined 1,2-DCA and DCM 
isotopocule differing  in one heavy isotope. The different Freundlich were determined based on 
experimentally derived isotope fractionation factors for sorption (eq. 10), which are proportional 
to the ratio of the Freundlich constants for isotopocules differing by one heavy isotope. 
 
For 1,2-DCA:  
Fr
DCA,
Fr
DCA,
Fr
DCA,
Fr
DCA,
Fr
C
Fr
C
Carbon,Sorption K
K
K
K
K
K




   
21
21
21
21
100
101
99
100
12
13
D         (S5-15)     
Fr
DCA,
Fr
DCA,
Fr
DCA,
Fr
DCA,
Fr
Cl
Fr
Cl
Chlorine,Sorption K
K
K
K
K
K




  
21
21
21
21
100
102
98
100
37
37
D       (S5-16) 
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Fr
DCM
Fr
DCM
Fr
C
Fr
C
Carbon,Sorption
K
K
K
K
87
88
12
13
 D              (S5-17) 
 
Expecting that the Freundlich constant of the 1,2-DCA carbon and chlorine isotopocules with the 
mass 100 (Tab. 2) correspond to the Freundlich constant of the total 1,2-DCA concentrations 
(KFr,1,2-DCA,total § KFr,100,1,2-DCA), the Freundlich constant for each individual 1,2-DCA isotopocules 
becomes to:   
 
Carbon,Sorptiontotal,DCA,,Fr,Fr KK DCA, D  2199 21        (S5-18) 
total,DCA,,Fr,Fr KK DCA,   21100 21          (S5-19) 
total,DCA,,FrCarbon,Sorption,Fr KK DCA,   21101 21 D        (S5-20) 
Chlorine,Sorptiontotal,DCA,,Fr,Fr KK DCA, D  2198 21        (S5-21) 
DCA,,Fr,Fr KK DCA,   21100 21          (S5-22) 
DCA,,FrChlorine,Sorption,Fr KK DCA,   21102 21 D        (S5-23) 
 
For DCM it was assumed that the unified Freundlich sorption variable of the DCM carbon 
isotopocules with the mass 87 (Tab. 2) correspond to the unified Freundlich sorption variable of 
the total DCM concentration (Ku,DCM,total § Ku,87,DCM). Hence, the diffusion coefficients for each 
individual DCM carbon isotopocules corresponds to:   
 
DCM,Fr,Fr KK DCM  87           (S5-24) 
DCM,FrCarbon,Sorption,Fr KK DCM  D87         (S5-25) 
 
To simulate isotopocule fractionation due to diffusion during the migration in the clayey unit, 
different diffusion coefficients were assigned to each defined 1,2-DCA and DCM isotopocule 
differing  in one heavy isotope. The different diffusion coefficients were determined based on 
experimentally derived isotope fractionation factors for diffusion (eq. 5-2), which are 
proportional to the ratio of diffusion coefficients for isotopocules differing by one heavy isotope 
(Wanner and Hunkeler, 2015):     
Chapter 5 
143 
 
For 1,2-DCA:  
DCA,
DCA,
DCA,
DCA,
D
D
D
D
D
D
C
C
Carbon,Diffusion



    
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21
21
21
100
101
99
100
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13D            (S5-26)   
 Chlorine,DiffusionD
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DCA,
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DCA,
D
D
D
D
D
D
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Cl
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21
21
21
21
100
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98
100
37
37            (S5-27) 
For DCM:  
DCM
DCM
D
D
D
D
C
C
Carbon,Diffusion
87
88
12
13   D                   (S5-28) 
 
Assuming that the diffusion coefficients in free solution of the 1,2-DCA carbon and chlorine 
isotopocules with the mass 100  (Tab. 1) correspond to the diffusion coefficient in free solution of 
the total 1,2-DCA concentrations (D0,1,2-DCA,total § D0,100,1,2-DCA) the diffusion coefficients for each 
individual 1,2-DCA isotopocules becomes to:   
 
Carbon,Diffusiontotal,DCA,,, DD DCA, D  210990 21        (S5-29) 
total,DCA,,, DD DCA,   2101000 21          (S5-30) 
total,DCA,,Carbon,Diffusion, DD DCA,   2101010 21 D        (S5-31) 
Chlorine,Diffusiontotal,DCA,,, DD DCA, D  210980 21        (S5-32) 
total,DCA,,, DD DCA,   2101000 21          (S5-33) 
total,DCA,,Chlorine,Diffusion, DD DCA,   2101020 21 D        (S5-34)
   
For DCM it was assumed that the diffusion coefficients in free solution of the DCM carbon 
isotopocules with the mass 87 (Tab. 2) correspond to the diffusion coefficient in free solution of 
the total DCM concentration (D0,DCM,total § D0,87,DCM). Hence, the diffusion coefficients for each 
individual DCM carbon isotopocules corresponds to:   
 
DCM,, DD DCM 0870            (S5-35) 
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DCM,Carbon,Diffusion, DD DCM 0880  D         (S5-36) 
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Abstract 
  
This field and modelling study aims to reveal if degradation of chlorinated hydrocarbons 
in low permeability sediments can be quantified using compound-specific isotope analysis 
(CSIA). For that purpose, the well-characterized Borden research site was selected, where an 
aquifer-aquitard system was artificially contaminated by a three component chlorinated solvent 
mixture (Tetrachloroethene (PCE) 45 vol%, Trichloroethene (TCE) 45 vol%, and Chloroform 
(TCM) 10 vol%). Nearly 15 years after the contaminant release, several high-resolution 
concentration and CSIA profiles were determined for the chlorinated hydrocarbons that had 
diffused into the clayey aquitard. The CSIA profiles showed large shifts of carbon isotope ratios 
with depth (up to 24‰) suggesting that degradation occurs in the aquitard despite the small pore 
sizes. Simulated scenarios without or with uniform degradation failed to reproduce the isotope 
data, while a scenario with decreasing degradation with depth fit the data well. This suggests that 
nutrients had diffused into the aquitard favoring stronger degradation close to the aquifer – 
aquitard interface than with increasing depth. Moreover, the different simulation scenarios 
showed that CSIA profiles are more sensitive to different degradation conditions compared to 
concentration profiles in aquitards highlighting the power of CSIA to constrain degradation 
activities in aquitards.  
 
 
 
 
 
 
 
 
 
 
 
 
Graphical Abstract 
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 6.1. Introduction  
 
Due to improper disposal and accidents, chlorinated hydrocarbons are major subsurface 
contaminants at many industrial sites. After releasing at the surface, chlorinated hydrocarbons 
migrate vertically as dense non-aqueous phase liquid (DNAPL) into aquifer systems and tend to 
form pools on top of low permeability sediments. With time the accumulated DNAPL phase is 
dissolved and transported by advection in the aquifer and by diffusion into the underlying low 
permeability sediments (Chapman and Parker, 2005; Parker et al., 2008). After reduction of the 
strength of the chlorinated hydrocarbon plume in the aquifer, back-diffusion occurs from low 
permeability sediments towards the aquifer due to the reversal of the concentration gradient, 
forming a long-term contamination source (Adamson et al., 2015; Johnson and Pankow, 1992; 
Liu and Ball, 2002; Parker et al., 2008). Most previous studies assumed that chlorinated 
hydrocarbons are not affected by degradation in low permeability sediments (Chapman and 
Parker, 2005; Johnson and Pankow, 1992; Liu and Ball, 2002; Seyedabbasi et al., 2012). It was 
commonly hypothesized that microbial growth is very limited in the small pores of low 
permeability sediments and that degradation of chlorinated hydrocarbons is thus unlikely to occur 
(Fredrickson et al., 1989; Lima and Sleep, 2007; Stotzky, 1986; White et al., 2008). In contrast, 
Manoli et al. (2012)  and Scheutz et al. (2010) stimulated artificial microbial growth in a clayey 
till and demonstrated that degradation can also occur in low permeability sediments despite the 
small pore sizes. By injecting electron donors and nutrients into fractures and sandy stringer in a 
low permeable clay unit, Manoli et al. (2012) and Scheutz et al. (2010) revealed that the electron 
donors and nutrients diffuse into the low permeable zones stimulating degradation activities in 
the surrounding clay unit. The degradation activities in the clay were strongest adjacent to the 
high permeability zone and decreased within a few centimeters distance. Moreover, recent studies 
(Damgaard et al., 2013; Takeuchi et al., 2011) found evidence for degradation of chlorinated 
hydrocarbons in low permeability sediments without stimulating microbial growth. However, the 
natural occurrence of degradation activities in aquitards has not yet been well constrained. In 
general most degradation studies have been done at sites, where the contamination occurred 
accidentally (Damgaard et al., 2013; Takeuchi et al., 2011) such that the initial conditions of the 
contamination source (composition, spill time, volume) were not well known. This complicates 
the identification of degradation activities and hampers the quantification of degradation rates.  
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Compound-specific isotope analysis (CSIA) has been successfully used as a tool to assess 
degradation occurring in aquifer systems. This method makes use of the more rapid cleavage of 
bonds between light compared to heavy isotopes during degradation.(Elsner et al., 2005; 
Hunkeler et al., 2011; Hunkeler et al., 2005; Hunkeler et al., 1999; Kuder et al., 2005; Lollar et 
al., 2001; Meckenstock et al., 2004) In contrast to aquifers, it is not yet clear as to what extent 
CSIA can also be used to quantify degradation of chlorinated hydrocarbons in saturated low 
permeability sediments. Recent studies (Jin et al., 2014; Wanner and Hunkeler, 2015) quantified 
for the first time isotope fractionation of organic contaminants due to aqueous phase diffusion 
and showed that it is associated with only a small isotope effect. Therefore, isotope fractionation 
associated with diffusion is not expected to impair identification of degradation in low 
permeability sediments using CSIA. 
In this study, we investigate if CSIA can be used to identify and quantify reactive 
processes in saturated low permeability sediments. For this purpose, an area of the well-
characterized aquifer-aquitard system at the Borden research site was selected. At this site a prior 
chlorinated hydrocarbon DNAPL infiltration experiment was conducted, resulting in formation of 
a plume in the aquifer and contamination of the underlying aquitard via diffusion below the 
plume. Multiple high-resolution concentration and compound-specific carbon isotope ratio 
profiles were determined using cores collected from the aquitard along groundwater monitoring 
transects at varying distances downgradient from the contamination source at about 14.5 years 
(5281 days) after the DNAPL release. Three different degradation scenarios were simulated for 
the aquitard to assess how vertically varying degradation conditions affect CSIA profiles and to 
identify which scenario is most consistent with measured field data. The present study provides 
new insight into degradation activities in a clayey aquitard from an aged controlled release 
experiment, which improves the understanding of the fate of chlorinated hydrocarbons in 
saturated low permeability sediments. Moreover, the study provides a basis for estimating the 
longevity of secondary contamination sources in low permeability sediments affecting adjacent 
aquifers.    
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6.2. Materials and Methods 
 
6.2.1. Site description and controlled release experiment procedure 
The controlled release experiment was performed in an aquifer overlying a clayey 
aquitard in the forested area of the Borden research (BDI) site, Ontario, Canada approximately 
100 kilometers north of the city of Toronto (Fig. 6-1). Both the aquifer as well as the aquitard is 
well characterized by previous studies (Brewster et al., 1995; Freyberg, 1986; Hartog et al., 2010; 
Hwang et al., 2008; Laukonen, 2001; Mackay et al., 1986; Morrison, 1998; Sudicky, 1986; 
Sudicky and Illman, 2011; Vargas, 2005). The sandy aquifer and the clayey aquitard were formed 
during the sedimentary deposition in the proglacial lake Algonquin 12,000 years B.P. (Brewster 
et al., 1995) and consists of primarily horizontal, discontinuous lenses of medium grained, fine-
grained, and silty fine grained sand (Sudicky, 1986) with a mean porosity of 0.33 (standard 
deviation (SD) of 0.017) (Mackay et al., 1986). Despite the observed variability, the sandy 
aquifer is considered as relatively homogeneous (Freyberg, 1986). At the study site the water 
table varies seasonally between 0.5 and 1.5 m below ground surface (bgs) and the groundwater 
velocity varies over the year with an average of 12±8 cm/day (Hartog et al., 2010). The lateral 
flow direction also changes seasonally within an angle range of about 58° (Laukonen, 2001) (Fig. 
6-1). The aquifer thickness is about 3 m (Hartog et al., 2010) containing a thin transition zone 
with occasional cobbles at the aquifer-aquitard interface (Fig. 6-1). The underlying aquitard 
consist mainly of dioctahedral mica (likely muscovite) and chlorite with detectable amounts of 
kaolinite and smectite (Allen-King et al., 1996) with a mean porosity of 0.40 (standard deviation 
(SD) of 0.09) (Parker, 1996). The aquitard thickness is about 8 m and is subdivided into upper 
and lower aquitard units (Morrison, 1998). The upper aquitard is about 3 m thick with a hydraulic 
gradient of 0.1 (Meldrum, 1999) and a  hydraulic conductivity ranging between 2.0E-7 and 
1.80E-9 m/s (Morrison, 1998), while the lower aquitard is 5 m thick with a hydraulic gradient of 
0.7 (Meldrum, 1999) and a hydraulic conductivity of 1.0E-8 m/s (Foley, 1992).   
The controlled release experiment was initiated by Laukonen (2001) on April 8, 1999 by 
injecting a 50-liter three component DNAPL mixture of Tetrachloroethene (PCE, 45 vol%), 
Trichloroethene (TCE, 45 vol%) and Chloroform (TCM, 10 vol%) into the sandy aquifer, 
through an open-ended pipe 0.5 m below the groundwater table (Fig. 6-1). After injection, the 
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DNAPL served as a source for a natural gradient, dissolved phase plume that was monitored in 
detail with sixteen rows of multilevel wells located perpendicular to groundwater flow direction 
over a distance of 95 m downgradient of the injection point by Laukonen (2001), Klein (2002), 
Vargas (2005) and the present study. Each multilevel row has between 8 and 30 multilevel wells 
containing between 7 and 16 sample points each, with a maximum 0.15 m vertical spacing, 
resulting in more than 3200 sampling ports total.  
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 6-1. Locations of multilevel wells along transects (only selected transects shown), drilling 
locations for determination of aquitard concentration and compound-specific carbon isotope ratio 
profiles, and injection point at the forested area at the Borden research site (Fig. 6-1A), and cross-
section along the groundwater flow direction showing multilevel system depths in the aquifer and 
core intervals in the aquitard (Fig. 6-1B). 
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6.2.2. Groundwater sampling, core retrieval and VOC extractions 
A detailed description of groundwater sampling, core retrieval, core subsampling and 
VOC extraction from core subsamples can be found in section S1. of the Supporting Information 
(SI), which can be found at the end of this chapter. In brief, groundwater from multilevel wells in 
the aquifer was sampled using Geopump® peristaltic pumps with dedicated 0.32 cm OD diameter 
Teflon® tubing. For the present study, multilevel well rows 6, 13, 14 and 15, located at 8, 30, 45, 
65 m distance downgradient from DNAPL injection point, were sampled in summer 2008 and 
2013 (Fig. 6-1). In contrast to the aquifer, water sampling in the aquitard was not possible as not 
enough water can be obtained from the aquitard. Hence, to assess chlorinated hydrocarbon 
concentration and compound-specific carbon isotope ratio profiles in the aquitard, continuous 
cores were collected adjacent to selected multilevel wells (ca. 20 cm distance) along four 
transects at rows 6, 13, 14 and 15 downstream of the injection point (cores referred to as 6-4, 13-
14, 14-10 and 15-13, corresponding to the nearest multilevel well designation) on November 15, 
2013, at about 14.5 years (5281 days) after the DNAPL release occurred (Fig. 6-1). Continuous 
cores were collected from the aquitard beginning just above the interface using a Geoprobe 
7720DT direct-push rig and the Envirocore dual tube sampling system described by Einarson et 
al. (1998). To obtain high resolution chlorinated hydrocarbon concentration CSIA profiles, 
retrieved cores were photographed, logged and subsampled with a narrow spacing (~5cm) as a 
function of depth and chlorinated hydrocarbons were subsequently extracted from the subsamples 
in methanol as described by Parker (1996) and White et al. (2008) 
 
6.2.3. Concentration, compound-specific carbon isotope and organic carbon content 
analysis 
Detail descriptions of analytical methods are available in section S1. of the SI at the end 
of this chapter. Briefly, chlorinated hydrocarbon concentrations in groundwater samples and in 
the MeOH extracts of core subsamples were analyzed by a gas chromatograph coupled to a mass 
spectrometer (GC-MS). Compound-specific carbon isotope ratios of PCE, TCE and cDCE were 
determined by a gas chromatograph coupled to an isotope mass spectrometer (GC-IRMS). The 
organic carbon content in the cores was measured using a G4 Icarus combustion analyzer. 
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6.3. Numerical Modelling 
 
A 1D numerical reactive transport model was developed to simulate the migration of 
chlorinated hydrocarbons in the aquitard at the BDI site under various degradation conditions. 
The aim of the simulations was to assess how different degradation scenarios are reflected in 
concentration and CSIA profiles and to explore if degradation activities lead to unique 
concentration and isotope ratio patterns compared to a diffusion/back-diffusion scenario without 
degradation. The modelling approach is described in detail in section S2. of the SI at the end of 
this chapter. Briefly, it was assumed that transport is diffusion dominated in the clayey aquitard 
and that sorption occurs linearly and non-competitive for the observed VOC concentration range, 
which is consistent with previous studies (Allen-King et al., 1995; Allen-King et al., 1996; 
Parker, 1996). Model calibration was performed against measured field data (see section S2.3. in 
SI for details). The known time series of chlorinated hydrocarbon concentrations at the aquifer 
interface from the bottommost port on the adjacent multilevel well (ca. 20 cm distance) were 
used as a boundary condition (Figs. S6-1A-D, SI). The degradation scenarios were modelled for 
5281 days (~14.5 years), which corresponds to the time period between contaminant infiltration 
and the retrieval of the cores from the aquitard. For simulating the scenarios, initial compound-
specific carbon isotope ratios (G13CVPDB) at the aquifer – aquitard interface in a range between -
25.0‰ and -26.0‰ for PCE, between -28.0‰ and -30.0‰ for TCE and between -33.0‰ and -
37.0‰ for cDCE were used. These values correspond to groundwater CSIA measurements 
conducted by Vargas (2005) at the aquifer-aquitard interface. Degradation activities affecting 
chlorinated hydrocarbons in the aquitard were taken into account in the model by considering the 
sequential dechlorination of PCE (Tab. S6-1, SI). Carbon isotope fractionation during the 
sequential dechlorination of PCE was simulated as described by Van Breukelen et al. (2005) 
using calibrated enrichment factors of İPCE= -2.0‰, İTCE=-18.2‰ and İcDCE=-24.0‰ (Tab. S6-
4a). These values are within the ±1ı range of the average of all published enrichment factors for 
the sequential dechlorination of PCE (Tab. S6-2a-c, SI). Beside reactive processes, it was 
assumed that the diffusive transport process is also associated with an isotope effect. 
Fractionation factors due to diffusion were defined according to Wanner and Hunkeler (2015). 
The calibration of the model revealed that degradation is non-uniformly distributed in the 
aquitard (stronger close to the aquifer – aquitard interface than with increasing depth), which will 
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be discussed in more detail in the “Results and Discussion” section. To quantify the quality of the 
fit between measured and modeled concentration and isotope data, the root mean squared error 
was used (RMSE; see equation S6-5 in SI). After model calibration, two additional degradation 
scenarios were simulated for the aquitard: No-degradation and uniform degradation with depth 
and compared with field data to investigate the sensitivity of concentration and CSIA profiles to 
different degradation conditions.  
 
6.4. Results and Discussion 
6.4.1. Concentration data 
The groundwater concentration analysis of the present study in combination with data 
from previous studies (Klein, 2002; Laukonen, 2001; Vargas, 2005) provides a detailed spatial 
and temporal data set of the long-term chlorinated hydrocarbon plume evolution in the aquifer at 
the BDI site (see section S3. in SI for details). In this study, the chlorinated hydrocarbon 
concentration evolution is of interest in the bottom most sampling points in the aquifer at about 
20 cm distance from the aquifer - aquitard interface, adjacent to the locations, where the clay 
cores were retrieved (Fig. 6-1A). At these locations, the chlorinated hydrocarbon plume arrived 
between 100 and 700 days after DNAPL infiltration (Figs. S6-1A-D, SI). During the migration in 
the aquifer, a separation of the different compounds was observed. PCE was detected later than 
TCE and TCM (Figs. S6-1A-D, SI), which is attributed to different sorption behavior. PCE sorbs 
more strongly on the sandy aquifer material and hence, migrates more slowly in the aquifer 
compared to TCE and TCM (Rivett et al., 2001). At all four coring locations, TCE shows the 
highest peak concentration (range: 16,000 - 210,000 Pg/L = 0.015 - 0.191 SolubilityTCE) followed 
by PCE (range: 10,000 - 100,000 Pg/L = 0.050 - 0.500 SolubilityPCE) and TCM (range: 800 - 
50,000 Pg/L = 9.76E-05 – 6.10E-03 SolubilityTCM (Figs. S6-1A-D, SI). In contrast, significant 
cDCE concentrations (maximum of 1400 Pg/L = 2.84E-05 SolubilitycDCE) were detected only at 
the interface at the farthest downgradient core location 15-13, with the peak occurring 3300 days 
after injection.  
 Concentration analysis in the clay cores revealed that three different contaminants are 
present in the aquitard: PCE, TCE and cDCE (TCM was only detected at low concentrations 
<0.05 Pg/g, likely due to its rapid depletion from the DNAPL source and rapid flushing through 
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the aquifer, hence, the results are not presented here) (Figs. 6-2A-D). The penetration depth of the 
organic contaminations into the aquitard varied among the cores between 30 and 50 centimeters 
(Figs. 6-2A-D). In the cores 6-4, 13-14 and 15-13 PCE shows the highest concentrations within 
10 centimeter distance from the aquifer - aquitard interface ranging between 2.3 and 6.4 Pg/g 
(Figs. 6-2A,B and D), while in core 14-10 PCE shows the lowest concentration (<0.2 Pg/g) 
compared to TCE and cDCE (Fig. 6-2C). The TCE concentrations reach their maximum deeper 
than PCE (12-20 cm depth) ranging between 1.7 and 2.1 Pg/g and declined with increasing depth 
(Figs. 6-2A-D). The cDCE concentrations showed a similar distribution as for TCE. However, 
compared to TCE, an increase of cDCE concentrations with increasing distance from the 
contaminant injection point is observed reaching concentrations up to 1.4 Pg/g in the farthest 
downgradient core 15-13 (Figs. 6-2A-D). Fractions of organic carbon content ranging between 
0.59 and 0.78% were measured in the retrieved cores (Tab. S6-4b, SI).  
The low chlorinated hydrocarbon concentrations (<7.0 ȝg/g) in the retrieved clay cores 
indicate that no DNAPL phase was present at the aquifer-aquitard interface as otherwise the 
aquitard concentrations would be at least one order of magnitude higher (Parker et al., 2004). The 
shape of the concentration profiles with the peak occurring below the interface and decreasing 
concentrations both with depth and towards the interface in combination with the temporal 
concentration evolution in the overlying aquifer is characteristic for a diffusion/back-diffusion 
scenario in the aquitard as observed in previous studies (Chapman and Parker, 2005; Johnson and 
Pankow, 1992; Liu and Ball, 2002; Parker et al., 2008; Seyedabbasi et al., 2012). The 
concentration profiles suggest that chlorinated hydrocarbons were initially diffusing into the clay 
as the plume arrived. After the peak concentrations passed through each location, concentrations 
at the interface diminished initiating back-diffusion towards the aquifer due to the reversal of the 
concentration gradient. However, the presence of cDCE in all four cores indicates that 
degradation is occurring in the aquifer and/or aquitard, since this compound is a degradation 
product of TCE and was not part of the injection mixture. The observed aerobic conditions in the 
aquifer between the contamination source and multilevel row 15 (Vargas, 2005) in 2004 and 
2005 suggest that degradation of the chlorinated hydrocarbons is mainly occurring in the 
aquitard. Furthermore, the integration of the time series of chlorinated hydrocarbon 
concentrations at the aquifer interface and of the aquitard concentration profiles, show that cDCE 
represents a larger mass portion (5-75%) of the total VOC mass in the aquitard than in the aquifer 
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(0.05-15%) (Figs. 6-2A-D). This indicates that cDCE is mainly produced in the aquitard and 
confirms the hypothesis that degradation is taking place mainly in the aquitard.  
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6.4.2. Compound-specific carbon isotope ratios in the aquitard 
The magnitude of the shift of compound-specific carbon isotope ratios with depth varied 
among the retrieved cores (Figs. 6-3A–D). In core 6-4, located closest to the injection point (Fig. 
6-1), small shifts of PCE and TCE carbon isotope ratios in a range of ǻG13CVPDB=2‰ were 
observed with increasing depth (Fig. 6-3A). In contrast, larger shifts of carbon isotope ratios with 
depth were observed in cores 13-14, 14-10 and 15-13 (Figs. 6-3B-D), which are located further 
downgradient from the injection point (Fig. 6-1). In core 13-14, PCE and cDCE became enriched, 
while TCE was depleted in heavy isotopes with increasing depth (Fig. 6-3B) with the magnitude 
of the shift of carbon isotope ratios for TCE up to ǻG13CVPDB=4.8‰. In core 14-10, the largest 
shift (ǻG13CVPDB = 23.9‰) of TCE carbon isotope ratios was observed, whereas for cDCE carbon 
isotope ratios were only slightly shifted towards lighter signatures with depth (Fig. 6-3C). In core 
15-13 (Fig. 6-3D) similar TCE and cDCE carbon isotope ratio profiles were observed compared 
to core 14-10 (Fig. 6-3C). However, the magnitude of the shift of carbon isotope ratios of TCE in 
core 15-13 was smaller than in core 14-10 (ǻG13CVPDB=19.7‰) but larger for cDCE 
(ǻG13CVPDB=7.7‰). 
The observed shifts primarily towards lighter carbon isotope signatures with depth in the 
retrieved clay cores (Figs. 6-3A-D) are consistent with what is expected for diffusive transport in 
saturated low permeability sediments without degradation (Wanner and Hunkeler, 2015). 
However, the magnitude of the shifts of carbon isotope ratios is much larger (up to 23.9‰) 
mainly in clay cores 13-14, 14-10 and 15-13 (Figs. 6-3B–D) than what is expected due to 
diffusion only (~2‰) (Wanner and Hunkeler, 2015). Earlier CSIA aquifer measurements 
performed by Vargas (2005) showed that five and six years after contaminant injection isotope 
signatures had not changed significantly upgradient of multitlevel row 15 within the zone where 
clay cores were retrieved. This suggests minor degradation in the aquifer upgradient of multilevel 
row 15 within the first six years after the contaminants were released. After the isotope 
measurements performed by Vargas (2005) back diffusion occurred as most of the plume had 
passed the sampling locations (Figs. S6-1A-D and S6-2A-D, SI). This indicates that the isotope 
ratios in the aquitard are no longer influenced by isotope signatures in the aquifer after the study 
performed by Vargas (2005). Hence, even if degradation had occurred in the aquitard after the 
isotope measurements performed by Vargas (2005), increasingly heavier carbon isotope 
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signatures in the aquifer due to degradation followed by diffusive transport into the aquitard is 
not a plausible explanantion for the observed shifts of carbon isotope ratios in the aquitard. This 
shows consistently with the concentration data that observed larger shifts of isotope ratios with 
depth can only be explained by degradation in the aquitard. Furthermore, the lack of observation 
of degradation beyond cDCE is also frequently observed at other contaminated sites, where 
degradation of chlorinated hydrocarbons occurs (Wiedemeier, 1999).  
 However, most of the carbon isotope patterns especially in cores 13-14, 14-10 and 15-13 
are opposite to what is expected when degradation occurs uniformly with depth in the aquitard 
(Figs. 6-3B-D). In a uniform degradation scenario, carbon isotope ratios would be shifted towards 
heavier isotopes with increasing depth, which does not agree with the measured isotope ratio 
profiles. However, it was striking that carbon isotope ratios at the bottom of the core profiles 
corresponded to the ratios measured by Vargas (2005) at the aquifer-aquitard interface (Figs. 6-
3A-D). This is an indication that chlorinated hydrocarbons were likely initially diffusing from the 
aquifer into the aquitard unaffected by degradation and only slightly fractionated due to diffusion. 
Afterwards, degradation appears to have become more active and shifted carbon isotope ratios 
more strongly close to the interface than with increasing depth. Thus, the scenario of non-
uniformly distributed degradation activities with depth starting with a time lag could be the 
reason for the opposite carbon isotope ratio profiles to what is expected when degradation is 
uniformly distributed with depth in the aquitard.  
6.4.3. Simulation of different degradation scenarios in the aquitard 
 In order to investigate the processes that produced the observed unique carbon isotope 
ratio pattern and to assess how different degradation conditions are reflected in carbon isotope 
ratio profiles, three different scenarios were simulated: A) no-degradation, B) uniform 
degradation and C) non-uniform degradation with depth in the aquitard starting with a time lag. 
In the no-degradation scenario, typical diffusion/back-diffusion concentration patterns were 
observed and carbon isotope ratios are only slightly shifted with depth due the diffusive transport 
process (Figs. 6-4A-D and Figs. S6-7A-D, SI). Comparing measured and modelled concentration 
profiles in the no-degradation scenario shows that measured PCE, TCE and cDCE concentration 
profiles are in agreement (except for core 14-10) with modelled data (Figs. S6-7A-D, SI). In 
contrast the large shifts of isotope ratios with depth especially in cores 13-14, 14-10 and 15-13 
are clearly different than simulated profiles in the no-degradation scenario (Figs. 6-4A-D). Thus,  
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the comparison between measured data and the no-degradation scenario confirms the hypothesis 
that degradation is minimal in core 6-4 but takes place more strongly in the lower part of the 
aquitard downgradient of multilevel row 6 in cores 13-14, 14-10 and 15-13 (Fig. 6-1).  
In order to evaluate the dynamics of degradation with depth in the aquitard, measured 
concentration and carbon isotope profiles were compared with the uniform (B) and the non-
uniform (C) degradation simulation scenario starting with a time lag. In the uniform degradation 
scenario, carbon isotope ratios are primarily shifted towards heavier signatures with increasing 
depth as soon as degradation is active (Figs. 6-5A-D). The magnitude of carbon isotope 
fractionation for PCE is smaller than for TCE and cDCE due to the smaller fractionation factor 
(Tab. S6-4a, SI). Although the shape of the concentration profiles is in agreement with modelled 
concentration profiles for the uniform degradation scenario (Figs. S6-8A-D, SI), modelled carbon 
isotope ratio profiles are clearly different than measured ratio profiles (Figs. 6-5A-D). This 
demonstrates that chlorinated hydrocarbons are most likely not affected by uniform degradation 
in the aquitard. In contrast, in the non-uniform degradation scenario, chlorinated hydrocarbons 
are affected more strongly by degradation close to the aquifer-aquitard interface than with 
increasing depth. The non-uniformly distributed degradation activities were described by first 
order degradation rates following an inverse error function dependent on the depth (Tab. 6-1) i.e. 
degradation activities decreased exponentially with increasing depth (Figs. S6-6A and S6-6B, 
SI). The measured concentration and carbon isotope ratio profiles are both consistent with the 
non-uniform degradation scenario in all four cores (Figs. 6-2A-D and 6-3A-D). This confirms the 
hypothesis that chlorinated hydrocarbons are influenced by non-uniform degradation in the 
aquitard starting with a time lag after contaminant release and arrival. The best fit between 
measured and modelled data (RMSE: 0.06 – 1.30 Pg/g for concentration profiles and 0.35 – 
3.72‰ for carbon isotope profiles) was achieved by setting the starting point for the degradation 
activities at 2300 – 2800 days after the contaminant release (Tab. 6-1). The simulated non-
uniform degradation scenario showed that the largest enrichment of heavy isotopes occurs 
slightly below the aquifer – aquitard interface despite the occurrence of the strongest degradation 
activities at the interface. This can be explained with the slight vertical displacement of the 
largest enrichment of heavy isotopes due to diffusive transport as degradation and diffusion occur 
simultaneously in the Borden aquitard. 
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Table 6-1. Selected model parameters for concentration and carbon isotope ratio profiles 
simulations in the retrieved cores. The shape of the degradation function and the start of the 
degradation for each clay core were determined by means of model calibration. 
Parameters Unit Core 6-4 Core 13-14 Core 14-10 Core 15-13
Distance from 
injection point m 8 30 45 65 
Degradation rate 
PCE: kPCE2 
1/s 3.3E-11·erfc(0.1z)1 9.8E-10·erfc(20.z)1 9.8E-8·erfc(0.1z)1 3.3E-8·erfc(8.0z)1 
Degradation rate 
TCE: kTCE2 
1/s 9.2E-10·erfc(0.5z)1 7.6E-8·erfc(34z)1 8.5E-8·erfc(11.0z)1 2.7E-7·erfc(20.0z) 1 
Degradation rate 
cDCE: kcDCE2 
1/s 3.3E-10·erfc(0.1z) 1 2.0E-9·erfc(0.1z) 1 4.6E-10·erfc(0.1z)1 6.2E-8·erfc(17.0z) 1 
Start 
(bio)degradation 
after injection2 
days 2300 2800 2500 2600 
1z corresponds to vertical depth in the cores 
2Calibrated 
 
The successful reproduction of the measured concentrations and carbon isotope ratio 
profiles with the non-uniform degradation scenario by means of model calibration opened the 
possibility to quantify degradation rates (Tab. 6-1). Chlorinated hydrocarbons were affected most 
faintly by degradation close to the contamination source (core 6-4), while with increasing 
distance degradation activities become stronger in cores 13-14, 14-10 and 15-13 (Tab. 6-1). The 
variation in degradation rates might be related to spatial variations in organic carbon 
composition. 
In core 13-14 determined degradation rates revealed that TCE is degraded more rapidly 
than cDCE and PCE (Tab. 6-1). Due to the faster degradation of TCE compared to cDCE and 
PCE, the preferential degradation of light TCE carbon isotopes in comparison to heavy isotopes 
is the predominant fractionation process close to the interface. This explains the accumulation of 
the remaining isotopically heavy TCE and the produced light cDCE carbon isotope with respect 
to the interface values originating from TCE degradation close to the interface. In contrast, with 
increasing depth TCE, PCE and cDCE are less affected by degradation (Tab. 6-1) and carbon 
isotope ratios are approaching similar values as before degradation activities commenced (Fig. 6-
3B).  
In contrast to core 13-14, determined degradation rates for core 14-10 showed that PCE 
was strongly affected by degradation (Tab. 6-1). Due to strong degradation, PCE concentrations 
decreased below 0.2 Pg/g (Fig. 6-2C). Furthermore, in clay core 14-10, TCE is degraded two 
orders of magnitude faster than cDCE (Tab. 6-1) shifting the TCE carbon isotope ratios more 
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strongly towards heavier signatures than cDCE carbon isotope signatures with respect to the 
interface signatures. In core 15-13, both TCE and cDCE are degraded to a similar extent in the 
upper part of the core (Tab. 6-1), generating the more enriched isotope values for both 
compounds close to the interface compared to the interface carbon isotope ratios. Furthermore, as 
observed for cores 13-14 and 14-10, TCE and cDCE carbon isotope ratios are approaching 
original values before degradation activities started due to the decrease in degradation activities 
with depth (Tab. 6-1). 
Variable and larger porosity close to the aquitard-aquifer interface as a possible 
explanation of the occurrence of the non- uniform degradation scenario can be likely excluded as 
previous porosity measurements at different depths in the upper 15cm of the Borden aquitard 
revealed that the porosity is fairly constant (0.40±0.09) (Parker, 1996). A more plausible 
explanation for the observed gradual decrease in degradation activity with increasing distance 
from the aquifer – aquitard interface, is the availability of nutrients diffusing from the overlying 
aquifer into the aquitard. Although on the larger scale this is similar to what Manoli et al. (2012) 
and Scheutz et al. (2010) observed around small fractures and stringers in low permeable units. 
These studies suggested that electron donors and nutrients diffuse from high into low 
permeability zones causing graduated degradation activities with increasing distance from the 
high permeability zones. Hence, analogously at the Borden site, it is likely that nutrients are 
transported by diffusion from the aquifer into the underlying aquitard and favor, combined with 
the high organic matter content in the aquitard, stronger degradation activities close the aquifer – 
aquitard interface than with depth. The rationale of diffusing nutrients causing the non-uniform 
degradation occurrence is supported by the fact that the distribution of the degradation activities 
with depth in the aquitard was best fitted by an inverse error function, which corresponds to the 
shape of diffusion profiles. Furthermore, the time lag between the degradation activities and the 
presence of the chlorinated hydrocarbons in the aquitard might be related with the fact that the 
establishment of microbial activities in the aquitard takes time and that chlorinated hydrocarbons 
are not compulsory immediately degraded when coming in contact with microbes (Ellis et al., 
2000; Kao and Lei, 2000; Lendvay et al., 2003; Scheutz et al., 2008).  
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6.4.4. Advances in understanding degradation processes in saturated low permeability 
sediments 
The present study has demonstrated for the first time that compound-specific isotope 
analysis (CSIA), measured in depth discrete profiles can be used for the quantification of reactive 
processes affecting chlorinated hydrocarbons in saturated low permeability sediments. 
Furthermore, the present study revealed that degradation of chlorinated hydrocarbon is possible 
to occur in saturated low permeability sediments despite the small pore sizes. The simulation of 
three different scenarios, (no-degradation, uniform degradation and non-uniform degradation) for 
the clayey aquitard at the Borden BDI research site showed that in contrast to concentration 
profiles, various degradation conditions produce characteristic carbon isotope ratio profiles. This 
indicates that carbon isotope ratio profiles are more sensitive to degradation activities than 
concentration profiles can be in aquitards. Hence, CSIA is an important complement in addition 
to concentration data to identify and quantify degradation activities and has the potential to 
become a standard tool to reveal degradation activities including spatial variability in saturated 
low permeability sediments. Furthermore, our study showed that the combination of aquitard 
isotope and concentration profiles provides more insight into the temporal dynamics of an 
aquifer/aquitard system and degradation processes in the aquitard. Understanding degradation 
processes in aquitards and low-permeability zones has important implications towards 
understanding long-term contaminant fate and potential magnitude and longevity of back-
diffusion processes. This might have major impacts on the choice of the appropriate remediation 
approach for contaminated aquifer – aquitard systems. By improving the understanding of 
degradation processes in contaminated aquitards using CSIA, an excavation might become 
unnecessary and can be replaced by a monitored natural attenuation approach to remediate 
contaminated aquifer – aquitard systems. Thus, CSIA applications in aquitards potentially help to 
reduce costs for the remediation of contaminated sites. 
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6.7. Supporting Information to Chapter 6 
 
S1. Materials and Methods 
 
S1.1. Groundwater sampling 
For the present study the groundwater from the Borden aquifer was sampled from 
multilevel rows 6, 13 14 and 15 using Geopump® peristaltic pumps with 0.32 cm OD diameter 
Teflon® tubing in summer 2008 and 2013. Initially, a volume of about 60 mL was purged from 
each sampling port to remove the stagnant groundwater. Afterwards, the Teflon® tubing was 
connected to a stainless steel multiport manifold with which eight multilevel ports could be 
sampled simultaneously. Groundwater was collected in 8 mL glass vials without headspace. The 
sample vials were stored upside down at 4°C prior to concentration analysis. 
 
S1.2. Clay core retrieval 
To retrieve cores from the Borden aquitard a Geoprobe 7720DT direct-push rig and the 
Envirocore dual tube sampling system as described by Einarson et al. (1998) was used. An outer 
casing and an inner sample barrel containing a plastic liner of about 90 cm were, depending on 
the soil properties, pushed, pounded or vibrated simultaneously into the ground. During 
advancement, the cores were collected within the plastic liner inside the sample barrel. After each 
core run, the sample barrel containing the core was withdrawn to the surface, while the casing 
was left in place to avoid collapse of the borehole allowing collection of additional runs. Cores 
were collected in mostly 61 cm run lengths, except for a shorter initial run across the aquifer-
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aquitard interface extending a short distance into the aquitard to total depths ranging from 2.2 to 
2.9 m into the aquitard. 
 
S1.3. Subsampling and VOC extractions from clay cores 
After retrieval, cores were split longitudinally in two sections of about the same size, first 
using a rotary tool to cut along the liner and then large stainless steel scrapers to split the soil, 
which were decontaminated between depths. After splitting, half of the core was logged 
(photographs and description) for geological features, while the other half to be sampled was 
immediately covered by aluminum foil to prevent any loss of chlorinated hydrocarbons due to 
volatilization. Subsequently, the core was subsampled as a function of depth with a narrow 
spacing (~5cm) to obtain high resolution chlorinated hydrocarbon concentration and compound-
specific carbon isotope ratio profiles. Subsampling of the cores was performed using a cut plastic 
syringe as a mini corer by peeling back the foil at the depths to be sampled and then inserting the 
cut syringe into the core taking care to avoid the outer edge of the core. The subsamples were 
extruded into 42 mL glass vials containing 20 mL high purity VWR methanol (MeOH). The vials 
were sealed with a screw cap with a Teflon lined septum and were weighed before and after the 
collection of the clay samples to determine the weight of the solid samples. A high clay to MeOH 
ratio (typically 0.8 by mass with some variability between samples) was chosen to maximize the 
amount of chlorinated hydrocarbons in the MeOH extraction. In the laboratory, the 42 mL vials 
were sonicated for 30 minutes followed by shaking for one hour in order to disperse the 
subsamples and to dissolve all chlorinated hydrocarbons completely in the MeOH. Afterwards 
the vials were centrifuged for 30 minutes at 1200 rpm to obtain a clear MeOH supernatant. The 
clear MeOH supernatant was then decanted and stored prior to analysis. 
 
S1.4. VOC concentration analysis  
Chlorinated hydrocarbon concentration analysis of MeOH extractions from core sub- and 
groundwater samples were performed at the University of Guelph, Ontario, Canada. For the 
MeOH extraction analysis, an aliquot of 1ȝL was injected on a HP 6890 gas chromatograph (GC 
in splitless mode at 225° and 3 mL/min helium carrier gas flow) equipped with a HP column 
(30m, 0.32mm ID, 5ȝm film thickness) and an electron capture detector (ECD). The temperature 
program of the GC was held for 0.5 min at 55°C and then ramped to 150°C at a rate of 10°C/min 
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and then to 210°C at 35°C/min and held for 8 min. Concentrations were quantified using 
calibration curves produced form seven standards prepared at different concentration levels by 
diluting MeOH stock solutions into water. The detection limits in the MeOH extractions were 0.1 
ȝg/L for Trichloroethene (TCE) and Tetrachloroethene (PCE) and 3.5 ȝg/L for cis-dichloroethene 
(cDCE), which corresponds to detection limits of about 0.0001ȝg/g soil for PCE and TCE and 
0.0035ȝg/g soil for cDCE in the subsamples for the average clay to MeOH ratio of 0.8. 
Chlorinated hydrocarbon concentrations in groundwater samples were analysed using an Agilent 
7890C gas chromatograph coupled to an Agilent 5975C mass spectrometer. Samples were pre-
concentrated using a purge and trap system by purging a volume of 5 mL for ten minutes with N2 
(40ml/min) and trapping the VOCs on Vocarb 3000 trap.  After desorption the compounds were 
separated using a DB-VRX capillary column (20m, 0.18 mm ID, 1 μm film thickness) and 
subsequently conveyed to the mass spectrometer for detection. The calibration range was 
between 1 and 200μg/L and the detection limits were 0.1μg/L for TCE and c-DCE and 0.15μg/L 
for PCE.   
 
S1.5. Compound-specific carbon isotope analysis 
 Compound-specific carbon isotope ratios in MeOH extractions from core subsamples 
were analysed using a TRACETM gas chromatograph (GC) coupled to a DeltaPlus XP isotope 
mass spectrometer (IRMS) via a combustion III interface (Thermo Finnigan, Germany) at the 
University of Neuchâtel, Switzerland. The MeOH extractions were diluted to identical 
concentrations of 30 ȝg/L in 42 mL glass vials with PTFE-lined screw cap, whereas the dilution 
had to be at least 100 times due to the incompatibility between the polar MeOH extractions and 
the column of the GC. Prior to analysis with the GC-IRMS, samples were pre-concentrated with a 
purge-and-trap concentrator (Tekmar Velocity XPT, USA) by purging a sample volume of 25 mL 
from the 42 mL glass vial for ten minutes with N2 (40mL/min) and by detaining the degassed 
VOCs on a Vocarb 3000 trap. After purging, the samples were desorbed from the trap and 
transferred to a cryogenic trap (Tekmar Dohrmann) installed in the GC oven having a 
temperature of -80°C. Subsequently, the temperature was increased to 180°C and the samples 
were release to the column of the GC (DB-VRX, 60m, 0.25mm, 1,2 ȝm) for chromatographic 
separation. The GC oven temperature for cDCE and TCE analysis was held at 50°C for 2 
minutes, then ramped at 5°C/min to 135°C and held for two minutes. The GC oven temperature 
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for PCE was held at 60°C for two minutes, then ramped at 5°C/min to 145°C and held for two 
minutes. Carbon isotope ratios of cDCE, TCE and PCE were analyzed relative to a CO2 standard 
and expressed in the delta notation (VPDB į = (R/Rstd – 1)*1000 (‰), where R and Rstd are the 
isotope ratios of the sample and the standard, respectively. The standard deviation of the mean 
(±SDM) of the samples was estimated based on the standard deviation (1ı) of measured 
standards in the samples sequence (ı=0.33‰, n=15) and the twofold measurement of each 
sample.  
 
S1.6. Organic carbon content measurements in clay cores 
The organic content in the clay cores was measured at the Institute of Geological Sciences 
at the University of Bern, Switzerland using a G4 Icarus combustion analyzer. Solid samples 
were combusted to CO2 and measured by a solid-state IR (infrared) detector. For total carbon 
content measurements, solid samples were combusted with O2, while for total inorganic carbon 
content measurements solid samples were combusted with N2. The organic carbon content in the 
solid samples was determined by the difference between measured total inorganic carbon and 
total carbon content. 
 
S2. Modelling Approach 
 
S2.1. Transport processes 
The migration of chlorinated hydrocarbons in the clayey aquitard affected by reactive 
processes was simulated using the finite element computer code Comsol Multiphysics®. A 1D 
reactive transport model was developed using a modelling domain of 0.6 meter representing the 
retrieved cores. The modelling domain contains a highly resolved mesh, especially refined at the 
top end of the model domain representing the aquifer – aquitard interface. The used parameters in 
the numerical model are listed in tables S6-1 and S6-4a-b. To simulate reactive solute transport of 
chlorinated hydrocarbons in the retrieved cores the advection-dispersion equation for porous 
saturated systems was used:   
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where z (m) is the vertical depth, Cn (ȝg/kg) is the concentration of species n, v (cm/y) is the 
vertical flow velocity in the clayey aquitard, Dn (m2/s) is the dispersion coefficient and Rn (-) 
refers to the retardation factor and I (-) is the porosity. The retardation factor is calculated 
assuming linear equilibrium sorption and is given by: 
 
 d
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§ )
U
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where Ubdry (g/cm3) is the dry soil bulk density and Kd (L/kg) is the sorption equilibrium partition 
coefficient. The Kd values were estimated using the relationship Kd = KOC·fOC, where KOC is the 
soil organic carbon-water portioning coefficient and fOC is the organic matter content in the clay 
(Tab. S6-4b). 
The vertical dispersion coefficient (eq. S6-1) is determined using the relationship: 
 
vDD en D            (S6-3) 
 
where Dn (m2/s) is the dispersion coefficient, De (m2/s) is the effective diffusion coefficient, Į (m) 
refers to the dispersivity  and v (m/s) is the 1D linear flow velocity. In saturated low permeability 
sediments the advective velocity is often very low (v~0 m/s) and the dispersion coefficient 
reduces to the diffusion coefficient. 
The effective diffusion coefficient (eq. S6-3) includes the lowering of the diffusive transport rate 
in porous media due porosity and tortuosity effects and is defined as follows (Dykhuizen and 
Casey, 1989; Epstein, 1989): 
 
IW0DDe              (S6-4) 
   
where D0 (m2/s) is the diffusion coefficient in free solution and  Ĳ (-) refers to the tortuosity factor  
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S2.2. Reactive Processes 
The degradation term (rightmost in eq. S6-1) takes into account the temporal change of 
chlorinated hydrocarbon concentrations due to degradation caused by the sequential reductive 
dechlorination process. The 1D reactive transport model includes the sequential reductive 
dechlorination of PCE to VC via TCE and cDCE (PCE ĺ TCE ĺ cDCE ĺ VC). Therefore, four 
different species (PCEtot, TCEtot, cDCEtot, VCtot) and according degradation rates (kPCE, kTCE, 
kcDCE) were defined for each dechlorination step in the model data base for simulating chlorinated 
hydrocarbon concentration profiles in the clayey aquitard (Tab. S6-1). For modelling 
concentration profiles, the measured temporal concentration evolution of the organic 
contaminants at the interface between aquifer and aquitard was used as boundary condition at the 
top end of the 1D model domain (Figs. S6-1A-D).  
For modelling carbon isotope fractionation in the clayey aquitard using the developed 1D 
reactive transport model, species containing one heavy (13C) and only light (12C) carbon isotopes, 
respectively, were defined in the model database for PCE, TCE and cDCE (13PCE, 12PCE, 13TCE, 
12TCE, 13cDCE, 12cDCE, 13VC, 12VC) (Tab. S6-1). Moreover, to simulate the magnitude of 
carbon isotope fractionation an enrichment factor for each dechlorination step (İPCE-TCE, İTCE-cDCE, 
İcDCE-VC) was defined (Tab. S6-1). However, the choice of the enrichment factor is challenging as 
a large variation of carbon isotope enrichment factors for describing carbon isotope fractionation 
during the sequential dechlorination can be found in literature (Tab.S6-2a-c). To reason the 
choice of the enrichment factors for modelling the sequential dechlorination in the present study, 
it was first investigated how the published enrichment factors are distributed using Q-Q plots. 
The Q-Q plots compare a theoretical normal distribution with the sample (published enrichment 
factors) distribution. To produce the Q-Q plots, the published enrichment factors were initially 
sorted in ascending order and the cumulative distribution factors (CDF) were determined and 
assigned to each enrichment factor. Afterwards, the theoretical normally distributed enrichment 
factors were calculated by inserting the CDF factors and the calculated average and standard 
deviation of the published enrichment factors into the inverse normal distribution function. The 
theoretical normal distributed enrichment factors were then compared with the distribution of the 
published enrichment factors by first standardizing both the theoretical and published enrichment 
factors and plotting against the CDF factors, which were transformed to Z values (x-axis in 
distribution plot) using the inverse normal probability distribution function.. A linear correlation 
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between the theoretical and the sample distribution indicates that the samples are normally 
distributed around an average. The Q-Q plots show that the published enrichment factors for each 
dechlorination step are normally distributed except for some outliers for PCE (Figs. S6-3A-C). 
Therefore, it is reasonable to assume that the standard deviation (±1ı) is equal in plus and minus 
direction with respect to the average value of the published enrichment factors. After revealing 
that the enrichment factors are normally distributed, the sensitivity of the carbon isotope ratio 
profiles to enrichment factors within the ±1ı range was investigated. The sensitivity analysis 
demonstrated that the carbon isotope profiles are different when varying the enrichment factors 
between +1ı and -1ı. However, the general shape of the carbon isotope ratio profiles remains 
equal (Fig. S6-4 e.g cores 13-14 and 14-10). Thus, for model calibration the enrichment factors 
were varied within the ±1ı interval to find the best-fit carbon isotope fractionation factor for each 
dechlorination step. 
Beside reactive processes it was assumed that the diffusive transport process has also an 
influence on carbon isotope ratios. The magnitude of carbon isotope fractionation due to 
diffusion was defined according to determined enrichment factors for PCE (-0.15‰), TCE (-
0.22‰) and cDCE (-0.30‰) by Wanner and Hunkeler (2015).  
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S2.3. Model calibration 
 The 1D reactive transport model was calibrated against measured field data by varying all 
unknown parameters (Tab. S6-4a-b) in a predefined range (Tab. S6-3) until a minimal deviation 
(quantified by the root mean squared error (RMSE; eq.5)) between measured and modelled data 
was obtained.  
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where Si is the modelled value Qi is the measured value and N refers to the number of samples.  
For the enrichment factors the same values were calibrated for all retrieved cores based on 
the ±1ı range of the published enrichment factors (Tabs. S6-2a-c and S6-3). The performance of 
a local sensitivity analysis of the most sensitive parameters confirmed that the calibrated 
parameters correspond to the minima of the objective function as exemplified for the TCE 
concentration and isotope profile in core 15-13. Moreover, the local sensitivity analysis showed 
that the isotope ratio profiles are more sensitive to the variation of the parameters compared to 
the concentration profiles (Fig. S6-5). Thus, small changes of the parameters lead to a large 
increase of the RMSE values for the isotope ratio profile, which supports the reasonableness of 
the obtained best-fit parameter set (Tab. S6-4a-b). Furthermore, an earlier study (Parker, 1996) 
compared measured and simulated PCE concentration profiles in the Borden aquitard and 
obtained parameters in the same range than in the present study indicating that the used 
parameters in the present study are in a plausible range.  
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Figure S6-5. Objective functions for the most sensitive parameters (KOC value, the slope of the 
degradation (inverse error) function, the degradation rate at the aquifer – aquitard interface, start 
of the degradation) for the TCE concentration and carbon isotope ratio profile in core 15-13.  
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S2.4. Simulation of different degradation scenarios 
To investigate how concentration and carbon isotope ratio patterns are influenced by 
different degradation conditions in saturated low permeability sediments, three different 
degradation scenarios were simulated: A) no-degradation, B) uniform degradation and C) non-
uniform degradation. In the uniform degradation scenario the degradation rates were assumed to 
be constant with depth, while in the non-uniform degradation scenario exponentially decreasing 
degradation rates were used, which follow an inverse error function (Fig. S6-6A-B). The 
simulation of the different scenarios showed that the concentration profiles are similar (Figs. 6-
2A-D, S6-7A-D and S6-8A-D), while carbon isotope ratio profiles are clearly different among the 
different degradation scenarios (Figs. 6-3A-D, 6-4A-D, 6-5A-D).   
 
 
 
  
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure S6-6. Degradation rates (Fig. S6-6A) and corresponding half-lifes for PCE, TCE and 
cDCE in clay core 15-13 (Fig. S6-6B).   
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S3. Detail description of plume evolution in sandy aquifer of the Borden site  
 
Within the first two years after injection, Laukonen (2001) delineated the migration of the 
entire plume in three dimensions by sampling selected multilevel rows at eight different times. 
Due to the different solubilities of the three DNAPL components (PCE: 200 mg/L, TCE: 1300 
mg/L, TCM: 8200 mg/L) the persistence time of the DNAPL phase varied for the injected 
contaminants at the source location. Two years after injection TCM was completely dissolved 
away from, while TCE and PCE DNAPLs were still present at the source location. After 
dissolution the TCM plume migrated ahead in the aquifer compared to the TCE and PCE plumes 
since TCM adsorbed less strongly on the aquifer material than TCE and PCE. The fringe of the 
TCM plume reached multilevel row 15 after 340 days, while the breakthroughs for TCE and PCE 
were observed after 450 and 700 days after injection, respectively. Five and six years (September 
2004 and May 2005) after injection selected multilevel rows were sample again by Vargas (2005) 
to assess the further evolution of the TCE and PCE plume (TCM was not analysed). Although 
decreased by a factor of seven in comparison to 2001, the highest PCE concentration was still 
measured close to the source indicating that a remaining PCE DNAPL phase was still present at 
the source. In contrast, TCE seemed to be completely dissolved from the source but was still 
locally concentrated on the interface between the aquifer and the aquitard. Furthermore, Vargas 
(2005) revealed aerobic conditions in the aquifer between the injection point and multilevel row 
15. Nine and 14 years (June 2008 and June 2013) after injection selected multilevel rows were 
sampled again in order to evaluate the long-term evolution of the TCE, PCE and cDCE plume 
(TCM was not analysed). In 2008 PCE concentrations showed no longer the highest 
concentration close to the source indicating that also PCE has been completely dissolved from the 
source. The highest PCE concentrations (over 2000 ȝg/L) were measured in multilevel row 13, 
which is about 40 times lower than the highest concentration measured in 2004. The highest TCE 
concentration was also observed in multilevel row 13 but lowered by a factor of six in 
comparison to the highest concentrations in 2004.  
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Chapter 7: Assessing the effect of chlorinated 
hydrocarbon degradation in aquitards on 
plume persistence due to back-diffusion
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7.1. Introduction 
  
During the past 20 years it became clear that plume persistence after removal, isolation or 
complete dissolution of DNAPL sources can be caused by back-diffusion from aquitards due to 
the reversal of the concentration gradient between aquifer and aquitard (Chapman and Parker, 
2005; Liu and Ball, 2002; Parker et al., 2008; Seyedabbasi et al., 2012). To estimate the longevity 
of contamination plumes associated to back-diffusion, several studies used numerical modelling 
showing that back-diffusion can generate aquifer concentrations far above Maximum drinking 
water Concentration Limits (MCL, based on US EPA) for decades or even centuries (Chapman 
and Parker, 2005; Hwang et al., 2008; Seyedabbasi et al., 2012). These studies did not take into 
account reactive processes in the aquitard in their models. However, the more reducing 
conditions in aquitards may frequently trigger degradation of chlorinated hydrocarbons, which 
are otherwise stable under oxic aquifer conditions. Field studies reported in the previous chapter 
(chp. 6) and recent publications (Damgaard et al., 2013; Takeuchi et al., 2011) confirmed that 
chlorinated hydrocarbons can indeed be degraded in aquitards potentially influencing the plume 
persistence due to back-diffusion. Hence, an investigation of the effect of degradation in 
aquitards on plume persistence is warranted. On the one hand degradation could reduce plume 
longevity and one the other hand if only partial degradation occurs, more toxic by-products might 
be released in the aquifer. Furthermore, it remains unclear how reactive processes in aquitards are 
reflected isotope ratio profiles in aquifer – aquitard systems and as to what extent stable isotope 
methods provide more insight into the relation between degradation activities in aquitards and 
plume persistence due to back-diffusion. 
To address these gaps, numerical modelling was performed to investigate the impact of 
degradation in aquitards on the longevity of the contamination source due to back-diffusion. In 
addition, it was evaluated, whether the degradation products in the low permeability sediments 
also significantly contaminate the adjacent aquifer as reactants and products can simultaneously 
diffuse into and out of the aquitard, respectively due to opposite concentration gradients. 
Moreover, it is investigated whether carbon isotope measurements in the aquifer can be used to 
track reactive processes in the aquitard, which would facilitate the identification of degradation 
activities in aquitards as aquifers are normally easier to access than aquitards. Furthermore, it is 
evaluated whether isotope ratio measurements in the aquifer also allow differentiating between 
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degradation activities in the aquifer and the aquitard, respectively. For this purpose a previously 
described 2D numerical model simulating a migrating TCE plume in an aquifer overlying an 
aquitard (Chapman and Parker, 2005) was adopted and reactive processes were added to the 
model in the aquitard and in the aquifer. 
 
7.2. Numerical simulation methods 
 
The 2D numerical model of an aquifer-aquitard system developed by Chapman and 
Parker (2005) was adopted by using the finite element computer code Comsol Multiphysics®. 
The 2D modelling approach is justified by the assumption that transverse horizontal dispersion in 
the simulated aquifer is not affecting the concentration evolution in the center of the contaminant 
plume. The selected model parameters are summarized in table 7-1 and a detailed description of 
the 2D numerical model can be found in Chapman and Parker (2005). Briefly, the modelling 
domain was 15 meters high and 300 meters long, whereby the aquifer was 5 m and the aquitard 
10 m thick (Tab. 7-1). A highly resolved rectangular mesh was generated, especially refined at 
the aquifer – aquitard interface, where the rectangular elements were 20 times smaller than in the 
rest of the modelling domain. The differential equations were solved by using the implicit time 
dependent solver algorithm, whereby the BDF (backward differentiation formulas) time stepping 
method was used. In the aquifer a linear groundwater flow velocity of 0.5 m/d was specified, 
while in the underlying aquitard the velocity was set to zero (Tab. 7-1). At the up and down 
gradient ends of the modelling domain a continuous in- and outflow were defined, respectively, 
while at the other boundaries no flow was imposed. A trichloroethene (TCE) DNAPL source of 
20 m length and 0.1 m height, with an initial concentration at the aqueous solubility limit (1100 
mg/L,) was emplaced at the up gradient end of the modelling domain at the bottom of the aquifer. 
The migration of the emanating TCE plume from the TCE DNAPL source was simulated by 
advection and dispersion in the aquifer and by diffusion in the underlying aquitard. The source 
was emplaced for 42 years. After its removal clean water flushed though the aquifer for 100 years 
causing back-diffusion from the aquitard towards the aquifer. For simulating degradation in the 
aquitard and in the aquifer, reactive processes (first order kinetics) were included in the model by 
considering the degradation of TCE to cis-dichloroethene (cDCE). The choice of a one-step 
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degradation process has the advantage that the effect of a degrading parent (TCE) and an 
accumulating product compound (cDCE) can be evaluated in the different degradation scenarios. 
To simulate carbon isotope fractionation, species containing one heavy (13C) and only light (12C) 
carbon isotopes, respectively, were defined for TCE and cDCE (13TCE, 12TCE, 13cDCE, 
12cDCE). A  G13C value of -29.3‰ was used for the TCE DNAPL source, which corresponds to 
an average value (n=10) of different TCE manufacturers (Aelion et al., 2010). Beside 
degradation, it was assumed that diffusion and sorption have also an influence on carbon isotope 
ratios of TCE and cDCE. Isotope enrichment factors for sorption (HSorption = -0.40‰) and 
diffusion (HDiffusion = -0.33‰) were selected based on experimentally determined values in chapter 
3 and 5. To assess the impact of reactive processes in the aquitard on plume persistence due to 
back-diffusion and to investigate whether carbon isotopes can be used to track different aquitard 
degradation conditions, three different aquitard degradation scenarios were simulated: A no-
degradation scenario, a uniform and a non-uniform degradation scenario. For the uniform and the 
non-uniform aquitard degradation scenarios, the same enrichment factor (HC = -18.2‰) for TCE 
to cDCE transformation was selected as obtained for core 15-13 by calibration in chapter 6. In the 
uniform degradation scenario, a high vertically constant degradation rate was imposed (half-life = 
30 days), while in the non-uniform degradation scenario, the rate varied vertically according to 
core 15-13 (chp. 6), i.e. the rate decreased exponentially from fast (half-life = 30 days) to zero 
degradation with increasing depth within the upper 10 cm of the aquitard. Concentration and 
carbon isotope profiles were evaluated 280 m downgradient from the source zone. The temporal 
concentration evolution was assessed in a virtual well with a 1.5 m screened interval located at 
the same location placed on top of the aquitard to cover the main part of the contaminant plume. 
To examine whether carbon isotope ratios can be used to track if degradation takes place 
in the aquifer or in the aquitard, an aquifer degradation scenario was simulated and compared 
with the different aquitard degradation scenarios. For the aquifer degradation scenario, the same 
enrichment factor was used as for the aquitard degradation scenarios (HC = -18.2‰) with a slower 
degradation rate (half-life = 170 days). To compare carbon isotope ratios for the aquifer and 
aquitard degradation scenarios, the spatial carbon isotope ratio evolution along the plume axis 
was assessed before and during 100 years after source removal. 
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Table 7-1. Model parameters for simulating the TCE plume in the aquifer – aquitard system 
according to Chapman and Parker (2005). Degradation rates of the non-uniform degradation 
scenario were defined according to core 15-13 in chapter 6.   
Parameter Unit Value 
Tortuosity factor - 0.40 
KOC TCE L/Kg 126 
KOC cDCE L/Kg 86 
Diffusion coefficient in free solution: D0,TCE m2/s 1.01E-09 
Diffusion coefficient in free solution: D0,cDCE m2/s 1.13E-09 
Aquifer 
Height  m 5 
Length  m 300 
Hydraulic conductivity: K m/s 2.0E-04 
Porosity: I - 0.35 
Linear groundwater flow velocity:v m/d 0.5 
Organic carbon content: fOC % 0.038 
Bulk density: U g/cm3 1.70 
Transverse dispersivity m 1.0 
Vertical dispersitvity  m 0.002 
Aquitard 
Height  m 10 
Length  m 300 
Hydraulic conductivity: K m/s 5.0E-10 
Porosity: I - 0.43 
Organic carbon content: fOC % 0.054 
Bulk density: U g/cm3 1.95 
Uniform degradation rate 1/s 2.7E-7 
Non-uniform degradation rate  1/s 2.7E-7·erfc(20z)a 
TCE Source 
Height m 0.1 
Length m 20 
Concentration mg/L 1100 
Persistence time y 42 
az corresponds to the vertical depth   
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7.3. Simulation results and discussion 
 
7.3.1. Vertical aquifer – aquitard concentration profiles  
For all simulated degradation scenarios, aquifer-aquitard concentration profiles were 
evaluated 280 m down gradient of the TCE DNAPL source. In the no-degradation scenario, just 
before TCE DNAPL source removal at 42 years, the highest TCE concentration of 250 mg/L was 
observed at the aquifer – aquitard interface (Fig. 7-1A). In the aquitard, TCE reached a depth of 
4.5 m, whereby the concentration gradually decreased with depth showing a distinct diffusion 
profile. Five years after source removal, the TCE concentration at the aquifer – aquitard interface 
decreased to 10 mg/L, while in the aquitard typical back-diffusion profiles were observed 
showing the highest TCE concentration of 138 mg/L 55 cm below the aquifer – aquitard interface 
(Fig 7-1A). With increasing time (10 – 100 years after source removal), the TCE aquifer – 
aquitard interface concentrations further decreased and in the aquitard the peak concentrations of 
the back-diffusion profiles declined and migrated to greater depth.  
In the uniform aquitard degradation scenario, a lower TCE concentration of 128 mg/L 
was observed at the aquifer - aquitard interface compared to the no-degradation scenario (250 
mg/L) after 42 years, just before source removal (Fig. 7-1B). Furthermore, the TCE diffused into 
the aquitard at a lower concentration and to a shallower depth than in the no-degradation 
scenario, due to the uniform degradation activities in the aquitard. Five years after source 
removal TCE was no longer detected neither in the aquifer nor in the aquitard (Fig. 7-1B). Thus, 
the uniform degradation activities in the aquitard have completely eliminated the TCE from the 
aquifer – aquitard systems five years after cessation of the mass flux from the contamination 
source. In contrast to the degraded TCE, the cDCE produced in the aquitard was detected in the 
aquifer and in the aquitard before and after source removal (Fig. 7-1C). In the aquitard, cDCE 
showed back diffusion like profiles with gradually decreasing concentrations with depth and 
towards the aquifer – aquitard interface. During the presence of the TCE DNAPL source, the 
peak concentration (145 mg/L) of the cDCE profile was observed next to the aquitard – aquifer 
interface. After source removal, the cDCE concentrations in the aquitard declined and the peak 
concentration decreased and moved downwards into the aquitard (Fig. 7-1C).  
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In the non-uniform degradation scenario, in which degradation rates decreased 
exponentially in the upper 10 cm of the aquitard as observed in core 15-13 (chp. 6), the detected 
TCE concentration of 160 mg/L at the aquifer – aquitard interface was higher than in the uniform 
(128 mg/L) but lower than in the no-degradation scenario (280 mg/L) after simulating a constant 
TCE DNAPL source for 42 years (Fig. 7-1D). In the aquitard, a typical TCE diffusion profile was 
observed with a penetration depth of 3 m, which was deeper compared to the uniform 
degradation scenario but shallower than in the no-degradation scenario. In contrast to the uniform 
degradation scenario, TCE was still detected in the aquifer as well as in the aquitard up to 100 
years after the TCE DNAPL source was removed. In the aquitard TCE showed distinct back-
diffusion profiles at about three times lower concentrations than in the no-degradation scenario. 
The produced cDCE in the aquitard also showed back-diffusion like concentration patterns at 
approximately 1.5 time lower concentrations before and after source removal compared to the 
uniform degradation scenario (Fig. 7-1E).  
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7.3.2. Temporal evolution of aquifer concentrations 
To evaluate the effect of the different degradation scenarios in the aquitard on plume 
persistence, breakthrough curves in a virtual 1.5 m screened well, placed in the lowest aquifer 
part 280 m down gradient of the TCE DNAPL source, were assessed (Fig. 7-2). For the no-
degradation scenario, the TCE concentration in the well remained on a constant level of 300 
mg/L during the presence of the TCE DNAPL source, while after source removal the TCE 
concentration decreased rapidly by more than one order of magnitude (Fig. 7-2A). However, a 
strong long-term tailing persisted with TCE concentrations around 1 mg/L. Hence, in the no-
degradation scenario the TCE concentrations remained far above the MCL (0.005 mg/L, based on 
US EPA) for more than 100 years after source removal in the simulated well, which is consistent 
with the findings of Chapman and Parker (2005). 
In the uniform degradation scenario, TCE concentrations remained on a lower level (185 
mg/L) compared to the no-degradation scenario (300 mg/L) during the presence of the TCE 
DNAPL source (Fig. 7-2A). The lower concentrations are likely due to a stronger diffusive mass 
flux into the aquitard during the migration of the TCE plume caused by the steeper aquifer - 
aquitard concentration gradient generated by the uniform degradation activities in the aquitard. 
After source removal, the TCE concentration declined in the simulated well immediately below 
the MCL showing that the uniform degradation in the aquitard prevents the persistence of a long-
term tailing for TCE in contrast to the no-degradation scenario (Fig. 7-2A). However, in the 
uniform degradation scenario not only TCE but also cDCE, which was produced in the aquitard, 
was detected in the simulated well (Fig. 7-2B). This indicates that significant diffusive mass 
transfer of the produced cDCE occurred from the aquitard into the aquifer. During the presence 
of the source the diffusive transport of cDCE was largest causing a cDCE aquifer concentration 
of 75 mg/L (Fig 7-2B). After the source was removed, the diffusive transport was less strong and 
the cDCE concentrations dropped but a long-term tailing persisted with cDCE concentrations (1.0 
- 0.1 mg/L) above the MCL (0.07 mg/L, based on US EPA) for more than 100 years after source 
removal (Fig. 7-2B). This shows that although the uniform degradation activities in the aquitard 
impeded a long term tailing for TCE, aquifer contamination still persists for more than 100 years 
due to the accumulation of cDCE in the aquitard followed by diffusion into the aquifer. 
In the non-uniform degradation scenario, TCE concentrations in the simulated well 
prevailed on an intermediate level (222 mg/L) compared to the no-degradation  (300 mg/L) and 
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uniform degradation  (185 mg/L) scenario during the presence of the TCE DNAPL source (Fig. 
7-2A). The aquifer – aquitard concentration gradient and the associated diffusive mass flux into 
the aquitard is likely stronger than in the no-degradation but weaker than in the uniform 
degradation scenario during the presence of the source leading to the intermediate concentration 
level. After the source was removed TCE persisted in the aquifer (Fig 7-2A). Although TCE 
occurred at a lower concentration than in the no-degradation scenario, the concentrations 
remained above the MCL for more than 100 years (Fig. 7-2A). The persistence of TCE above 
MCL in the aquifer in the non-uniform degradation scenario contrasts the uniform degradation 
scenario, in which no TCE was observed after source removal. This demonstrates that the vertical 
extent of degradation in the aquitard affects the TCE plume persistence due to back-diffusion. In 
addition to TCE, also the cDCE produced in the aquitard was observed in the simulated well (Fig. 
7-2B). Hence, significant diffusive transport of the produced cDCE from the aquitard towards the 
aquifer also occurred in the non-uniform degradation scenario. Similar to the uniform degradation 
scenario the diffusive transport rate of cDCE was fastest during the presence of source resulting 
in a concentration of 55 mg/L. After the source was removed, the cDCE concentrations decreased 
rapidly but also remained on a concentration level above the MCL for more than a century after 
the source was removed (Fig. 7-2B). Hence, the non-uniform degradation scenario generated a 
two-fold contamination of the aquifer by TCE and cDCE showing both long-term tailings of 
concentrations above the MCL for more than 100 years after source removal.  
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Figure 7-2. Temporal TCE (Fig. 7-2A) and cDCE (Fig. 7-2B) concentration evolution in a virtual 
1.5 m screened well, located 280 m downgradient of the TCE DNAPL source on top of the 
aquitard for the no-degradation, the uniform and the non-uniform degradation scenario. MCLs for 
TCE (5 Pg/L) and cDCE (70 Pg/L) are indicated based on the US EPA. 
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7.3.3. Vertical aquifer – aquitard carbon isotope ratio profiles  
 Similar as for the concentration profiles, aquifer-aquitard carbon isotope ratio profiles 
were evaluated 280 m down gradient of the TCE DNAPL source for all simulated degradation 
scenarios. The profiles were assessed to investigate how the different degradation conditions are 
reflected in isotope ratio profiles and to investigate if the different degradation scenarios lead to 
unique isotope ratio patterns compared to diffusion/back-diffusion scenario without degradation. 
In the no-degradation scenario, TCE carbon isotope ratios were temporally constant close to the 
aquifer – aquitard interface corresponding to the TCE DNAPL source signature (G13C = -29.3‰). 
With increasing vertical distance from the aquifer – aquitard interface the TCE became slightly 
depleted in 13C in the aquitard and in the aquifer (Fig. 7-3A). The small shifts can be likely 
explained by the faster diffusive transport rate for the isotopically light compared to the heavy 
species into the aquitard and the diffusive contribution to dispersion in the aquifer (Fig. 7-3A). 
This indicates that for a linear sorption behavior the diffusive isotope effect is not compensated 
by sorption even though the isotope fractionation factor is slightly larger for sorption compared to 
diffusion (c.f. section 7.2.).  
 In the uniform degradation scenario during the present of the TCE DNAPL source, TCE 
was strongly enriched in 13C next to the aquifer – aquitard interface due to the strong uniform 
degradation activities in the aquitard (Fig. 7-3B). The produced cDCE reached the initial carbon 
isotope signature of TCE at 20 cm depth in the aquitard as TCE was completely converted to 
cDCE (Fig. 7-3C). With increasing depth an inverse carbon isotope trend of cDCE was observed 
with a slight depletion of 13C due to the diffusive transport process. After source removal, the 
inverse shift of cDCE carbon isotope ratios with depth in the aquitard was less pronounced as the 
concentration gradient was flatter than during the presence of the source (Fig. 7-1C). Such a 
positive correlation between the steepness of the concentration gradient and the magnitude of the 
shift of isotope ratios has been also observed beneath the chemical waste landfill as described in 
chapter 3 (Figs. 3-6A and B). In the aquifer the cDCE carbon isotope profiles became heavier 
after source removal as isotopically heavier cDCE was transported by diffusion from the aquitard 
towards the aquifer compared to prior source removal. Furthermore, the cDCE carbon isotope 
profiles look similar as the TCE profiles in the no-degradation scenario after source removal as 
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cDCE acts as a contamination source and back-diffuses similarly as TCE in the no-degradation 
scenario due to the rapid and complete conversion of TCE to cDCE in the aquitard (Fig. 7-3A). 
In the non-uniform degradation scenario, TCE and cDCE showed similar carbon isotope 
ratio profiles in the aquifer and in the aquitard (Figs. 7-3D and 7-3E). During the presence of the 
TCE DNAPL source, a pronounced enrichment of 13C was observed in the upper 20 cm of the 
aquitard that is however, less strong than in the uniform degradation scenario (TCE: 'G13C = 
8.0‰, cDCE: 'G13C= 1.2‰). With increasing depth an inverse trend with slight depletion of 13C 
was detected (Figs. 7-3D and 7-3E). After source removal, TCE and cDCE carbon isotope ratios 
were more enriched in 13C in the upper 20 cm of the aquitard TCE compared to the uniform 
degradation scenario due to the ongoing degradation of the remaining TCE. The magnitude of the 
shift was largest adjacent to the aquifer – aquitard interface and decreased with depth due to 
vertically non-uniformly distributed degradation activities (Fig. 7-3D). At greater depth, TCE and 
cDCE were depleted in 13C caused by the diffusive transport process as already observed during 
the presence of the TCE DNAPL source. Furthermore, the diffusion induced isotope shift 
decreased with increasing time as the concentration gradient in the aquitard became flatter as 
observed in the uniform degradation scenario and in chapter 3 (Figs. 3-6A and B). In the aquifer, 
TCE and cDCE was more enriched in 13C after source removal. This can be explained by the 
further degradation of the remaining TCE to cDCE during the back-diffusive transport after 
source removal through the bioactive zone in the upper 10 cm of the aquitard towards the aquifer, 
which caused the enriched TCE and cDCE in 13C in the aquifer compared to prior source removal 
(Figs. 7-3D and E).  
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7.3.4. Carbon isotope signatures in the aquifer for different aquitard degradation scenarios  
To investigate the impact of the different degradation scenarios in the aquitard on carbon 
isotope ratios in the aquifer, the temporal evolution of the TCE and cDCE carbon isotope 
signatures in the 1.5 m screen well located 280 m down gradient on top of the aquitard was 
assessed. For the no-degradation scenario, the TCE carbon isotope ratios in the simulated well 
remained constant (Fig. 7-4A) indicating that physical isotope effects such as sorption and 
diffusion are not significantly modifying the TCE carbon isotope signature in the aquifer.  
In the uniform degradation scenario, the TCE carbon isotope signature remained also 
constant but TCE was more enriched in 13C (G13C = -25.9‰) than in the no-degradation scenario 
('G13C = -29.3‰) during the presence of the TCE DNAPL source (Fig. 7-4A). Due to the more 
rapid degradation of light compared to heavy TCE in the aquitard, concentrations gradients are 
steeper and thus, the diffusive mass flux into the aquitard is larger for light compared to heavy 
TCE, leading to the enrichment of 13C in TCE in the aquifer. The cDCE carbon isotope signature 
was also constant (G13C = -35.4‰) during the presence of the source (Fig. 7-4B). In contrast, 
after source removal, cDCE became immediately enriched in 13C ('G13C = 5‰), followed by a 
constant temporal carbon isotope ratio evolution, which corresponded to the initial TCE isotope 
signature due to the complete degradation of TCE to cDCE in the aquitard followed by back-
diffusion towards the aquifer. 
In the non-uniform degradation scenario, TCE and cDCE showed a similar G13C trend in 
the simulated 1.5 m screened well. During the presence of the source the signatures remained 
constant but they were slightly more depleted in 13C than in the uniform degradation scenario 
(TCE: G13C = -26.3‰; cDCE: G13C = -40.0‰) (Fig. 7-4A-B), while after source removal, TCE 
and cDCE became suddenly enriched in 13C. The immediate enrichment of TCE and cDCE in 13C 
after source removal can be explained by the further degradation and enrichment in 13C of the 
remaining TCE in the aquitard during its back-diffusive transport through the bioactive zone in 
the upper 10 cm of the aquitard towards the aquifer (Fig. 7-4A). Furthermore, after source 
removal, carbon isotope signatures of TCE and cDCE remained constant again in the aquifer 
despite transient TCE and cDCE concentration evolutions (Figs. 7-2A and B) likely due to the 
applied first order kinetic degradation approach, for which the magnitude of isotope fractionation 
shows no concentration dependency. 
Chapter 7 
206 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 7-4. Temporal TCE (Fig. 7-4A) and cDCE (Fig. 7-4B) carbon isotope ratio evolution in a 
virtual 1.5 m screened well, located 280 m downgradient of the TCE DNAPL source on top of 
the aquitard for the no-degradation, the uniform and the non-uniform aquitard degradation 
scenario.  
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7.3.5. Spatial carbon isotope signature evolution for degradation in the aquifer and for 
uniform and non-uniform degradation in the aquitard  
To explore if carbon isotope ratio aquifer measurements can be used to distinguish 
between reactive processes occurring in the aquifer or in the aquitard, the evolution of carbon 
isotope ratios along the plume axis was assessed in the aquifer and in the aquitard degradation 
scenarios (uniform, non-uniform). The spatial evolution of carbon isotope ratios along the plume 
axis was investigated just before and during 100 years after source removal.  
In the aquifer degradation scenario, a continuous enrichment of 13C in TCE and cDCE 
was observed with increasing distance from the TCE DNAPL source (Figs. 7-5A and 7-5B). The 
enrichment of heavy cDCE and TCE carbon isotopes along the plume axis was equal before and 
during 100 years after the source was removed (Figs. 7-5A and 7-5B). This can be explained by 
the identical carbon isotope signature of TCE, which acts as contamination source before (TCE 
DNAPL) and after (back-diffusion of TCE from aquitard, mainly from source zone) source 
removal. A similar continuous enrichment of 13C in TCE and cDCE was observed for the 
aquitard degradation scenarios (uniform and non-uniform) during the presence of the source. The 
enrichment of 13C along the plume axis was less strong than in the aquifer degradation scenarios 
although the degradation rate was faster (Figs. 7-5A and 7-5B). However, in contrast to the 
aquifer degradation scenario, TCE and cDCE became enriched in 13C five years after source 
removal in the aquitard degradation scenarios and remained equal for 100 years (Figs. 7-5A and 
7-5B). This is due to the back-diffusive transport of TCE and cDCE, which were enriched in 13C 
caused by the degradation activities in the aquitard. Therefore, degradation in the aquitard and in 
the aquifer produced distinct spatial carbon isotope ratio trends after source removal. 
Consequently, the assessment of the spatial carbon isotope ratio evolution along the plume axis 
before and after source removal is useful to identify whether organic contaminants are affected 
by degradation in the aquifer or in the aquitard. When degradation occurs in the aquitard the 
assessment of isotope ratios along the plume axis can also be used for assessing the success of the 
remediation of DNAPL sources located in the aquifer since the contaminants become enriched in 
13C along the plume axis when the DNAPL was removed (Figs. 7-5A and 7-5B).  
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Figure 7-5.  TCE (Fig. 7-5A) and cDCE (Fig. 7-5B) carbon isotope ratio evolution as a function 
of the distance of TCE DNAPL source for the degradation scenario in the aquifer and the uniform 
and the non-uniform degradation scenario in the aquitard just before and during 100 years after 
source removal. 
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7.3. Conclusions 
 
Three different aquitard degradation scenarios (no-degradation, uniform degradation, non-
uniform degradation), which included the degradation of TCE to cDCE, were simulated to assess 
their impact on plume persistence in the adjacent aquifer due to back-diffusion. Furthermore, it 
was evaluated if carbon isotope ratios measurements in the aquifer can be used to track 
degradation activities in the aquitard and if they allow distinguishing between reactive processes 
in the aquifer and in the aquitard. 
The aquitard degradation scenarios showed that plume persistence due back-diffusion 
depends on whether or not degradation takes place in the aquitard and on their vertical 
distribution. In the no-degradation scenario a strong TCE long-term tailing persists in the aquifer 
after source removal due back-diffusion with concentration above the MCL for more than 100 
years. In contrast in the uniform degradation scenario, TCE disappeared completely after source 
removal but the produced cDCE was transported by diffusion from the aquitard towards the 
aquifer causing concentrations above MCL for more than 100 years after source removal. 
Therefore, as cDCE was not further degraded, the uniform degradation activities were not 
impeding the occurrence of a long-term persistence of the contamination source due to back-
diffusion. In the non-uniform degradation scenario, in which the degradation rate decreased 
exponentially in the topmost 10 cm of the aquitard as observed in core 15-13 in chapter 6, the 
parent compound (TCE) as well as the daughter product (cDCE) persist in the aquifer due to 
back-diffusion form the aquitard. Hence, the partial degradation of TCE in the non-uniform 
degradation scenario in the aquitard led to a dual contamination and aggravated the plume 
persistence due to back-diffusion compared to a situation in which no degradation or uniform 
degradation occurs.  
The aquitard degradation scenarios (uniform, non-uniform) were also reflected in 
characteristic temporal carbon isotope ratio evolutions compared to the no-degradation scenario 
in the aquifer in the 1.5 m screened well located 280 m down gradient of the TCE DNAPL 
source. This demonstrated that carbon isotope ratios measurements in the aquifer are able to track 
whether or not degradation occurs in aquitards, which simplifies the identification of aquitard 
degradation activities as aquifers are usually easier accessible than aquitards. Furthermore, the 
comparison between an aquifer degradation scenario and the aquitard degradation scenarios 
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(uniform/non-uniform) revealed that depending on whether degradation occurs in the aquifer or 
in the aquitard carbon isotope ratios evolve distinctively along the plume axis after the 
contaminant source has been removed. This indicates that stable carbon isotope ratios are also 
beneficial for distinguishing reactive processes in the aquitard and the aquifer. When degradation 
occurs in the aquitard the evaluation of isotope ratios along the plume axis can also reveal 
whether or not the remediation of a DNAPL source located in the aquifer was effective as the 
contaminants become enriched in 13C when the DNAPL was completely removed. 
 Overall the present chapter assessed only a few aquifer and aquitard degradation 
scenarios, respectively. Hence, the results of the simulations and the conclusions might alter if 
some model parameters are set differently. For instance when in the uniform aquitard degradation 
scenario the degradation rate is slower not all of the TCE might be degraded, which perhaps also 
leads to a dual contamination of the aquifer due to back-diffusion as observed in the non-uniform 
degradation scenario. Furthermore, if reactive processes in the aquitard degradation scenario are 
associated with smaller isotope fractionation factors, the difference between isotope ratios before 
and after source removal is perhaps not as distinct as in the conducted simulations. Hence, 
degradation activities in the aquifer and in the aquitard might be not well distinguishable. This 
demands for a sensitivity analysis for the simulation parameters, which would increase the 
comprehension of the impact of different degradation activities in aquitard on plume persistence 
due to back-diffusion and which would improve the understanding for to what extent carbon 
isotope ratio measurements in aquifers can be used to identify degradation activities in aquifer – 
aquitard systems. 
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8.1. Conclusions 
   
This PhD thesis addressed the following four research questions: A) Does aqueous phase 
diffusion and sorption lead to measurable shifts of isotope ratios? B) Are isotope effects due to 
diffusion and sorption detectable under field conditions? C) Do isotope effects associated with 
sorption and diffusion impair the identification of reactive processes in aquifer - aquitard systems 
by using stable isotope methods? and D) Can stable isotope methods provide insight into the 
impact of reactive processes in aquitards on plume persistence due to back diffusion? The focus 
of this PhD study lied on chlorinated solvents (denominated as chlorinated hydrocarbons when 
dissolved in water or air) as they are among the most persistent subsurface contaminants and are 
degradable under reducing conditions, which are often encountered in aquitards. In the following, 
the main conclusions of these four questions will be presented.  
 
A) Does aqueous phase diffusion and sorption lead to measurable shifts of isotope ratios?  
To investigate the effect of aqueous phase diffusion and sorption on isotope ratios, 
controlled laboratory experiments were performed. The laboratory diffusion experiment revealed 
a small but measurable shift of isotope ratios of TCE and 1,2-DCA, whereby light isotopocules 
diffused faster compared to heavy. The isotope enrichment factors were larger for chlorine 
(HCl,TCE = -0.27‰, HCl,1,2-DCA = -0.61‰) compared to carbon isotopes (HC,TCE = -0.22‰, HC,1,2-DCA 
= -0.23‰), which was consistent with the larger absolute mass difference between stable chlorine 
(two mass units) compared to carbon isotopes (one mass unit). The magnitude of isotope 
fractionation due to aqueous phase diffusion was generally smaller than in the gas phase. 
Molecular dynamic simulations, which have been conducted for the first time for organic 
compounds, demonstrated that lower magnitude of isotope fractionation during diffusion in 
aqueous phase compared to the gas phase can be explained by the mode coupling theory. In the 
aqueous phase the diffusing species is increasingly coupled with the mass-independent 
hydrodynamic modes of motion, while in the gas phase the strongly mass-dependent kinetic 
modes of motion dominate.  
The laboratory sorption experiment revealed an unusual inverse isotope trend showing 
that carbon and chlorine isotopocules of 1,2-DCA and DCM containing light isotopes were 
preferentially sorbed compared to isotopocules containing heavy isotopes. This enhances the 
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mobility of isotopically heavy species, which is opposite to the observed faster diffusive transport 
rate for isotopically light compared to heavy species. The preferential sorption of isotopically 
light compared to heavy species can be explained by reduced Van der Waals interactions between 
heavy isotope and the sorbent material compared to light isotopes. The magnitude of isotope 
fractionation due to sorption was similar for 1,2-DCA carbon and chlorine (HC,1,2-DCA = -0.40‰, 
HCl,1,2-DCA = -0.55‰) as for DCM carbon isotopes (HC,DCM = -0.54‰). 
 
B) Are isotope effects due to diffusion and sorption detectable under field conditions?  
To assess whether aqueous phase diffusion and sorption induced isotope fractionation is 
also detectable at the field scale, and to explore how isotope fractionation due to diffusion and 
sorption interact, two field studies were carried out in non-reactive low permeability sediments. 
Key benefit was that sorption and diffusion occur coevally in these low permeable units and that 
the advancement of the concentration front could be located and sampled at a high spatial 
resolution. Furthermore, for both sites the contamination source was well characterized (volume, 
composition, spill time) as at the first site (Sarnia site) a controlled release field experiment had 
been performed and as at the second site the contamination occurred due to a chemical waste 
landfill, whereby the contamination history was known in detail. The two sites differed especially 
regarding their organic carbon content, whereby the Sarnia site showed a five times higher 
organic matter content than the chemical waste landfill site, which led to a different sorption 
behavior. The field investigations at these two sites revealed for the first time that isotope effects 
due to diffusion and sorption are indeed detectable at the field scale. Sorption and diffusion 
induced isotope effects were superimposed and compensate each other to some degree as both 
processes fractionate isotopes in opposite directions with increasing depth. Isotopically light 
species are transported faster by diffusion but at the same time, they are preferentially sorbed 
making them less mobile compared to isotopically heavy species during the migration in low 
permeability sediments. At the Sarnia site, the strong sorption behavior led to an enrichment of 
13C with increasing depth ('G13C = 2.0‰ – 2.4‰) as sorption induced isotope fractionation 
dominated for carbon. In contrast for chlorine the diffusive isotope effect was larger as the mass 
difference is two for stable chlorine compared to one for carbon isotopes overruling the sorption 
effect and leading to a depletion of 37Cl with depth ('G37Cl = 1.3‰). On the contrary, at the 
chemical waste landfill site, where sorption behavior was less strong, diffusion dominated for 
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both carbon and chlorine isotopes leading to a depletion in 13C and 37Cl with depth 
('G37Cl=2.8‰; 'G13C = 1.4‰). Furthermore, the simulation of isotope fractionation for different 
diffusion time scales in low permeability sediments revealed that the duration of the diffusion 
period has influence on the magnitude of isotope fractionation. During short diffusion periods, 
the shift of isotope ratios is largest, while for longer diffusion period the heavy isotopes catch up 
and the magnitude of isotope fractionation becomes smaller. 
 
C) Do isotope effects associated with sorption and diffusion impair the identification of reactive 
processes in aquifer - aquitard systems?  
The field investigations in non-reactive low permeable units revealed that sorption and 
diffusion induced isotope fractionation can lead to shifts of isotope ratios of around 2‰ under 
field conditions. The US EPA guidelines consider such shifts of isotope ratios as a lower limit for 
the identification of reactive processes. (Hunkeler et al., 2008). Hence, for slow reaction 
processes of for organic compounds having small degradation induced isotope enrichment factors 
(e.g. for BTEX compounds (benzene, toluene, ethylbenzene, xylenes)) a shift of isotope ratios of 
around 2‰ is not distinctively attributable to degradation processes by using stable isotope 
methods. However, for chlorinated hydrocarbons, which show usually larger isotope enrichment 
factors associated with degradation than BTEX compounds, an impairment of sorption and 
diffusion induced isotope fractionation can be likely neglected. This has been confirmed by the 
second controlled release field experiment at the Borden site, which was initiated nearly 15 years 
ago by infiltrating a mixture of chlorinated solvents in an aquifer overlying an aquitard. The 
isotope ratios profiles of the chlorinated hydrocarbons, which had diffused into the aquitard, 
showed large shifts towards lighter isotopes (up to 24‰) with depth. Hence, the observed shifts 
of isotope ratios were clearly larger than 2‰ and could be unequivocally attributed to 
degradation processes in the aquitard. However, the isotope trend was opposite to what was 
expected for reactive processes for which an enrichment of heavy isotopes with depth would be 
awaited. The inverse isotope trend could be attributed to a delay of the commencement of the 
degradation activities in the aquitard followed by non-uniformly distributed degradation activities 
in the aquitard, which were strongest close to the aquifer – aquitard interface and decreased 
exponentially with increasing depth within the upper 10 cm of the aquitard. With the help of 
numerical modelling the start of the degradation activities could be identified (2500 days after 
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DNAPL) and degradation rates could be estimated. Therefore, the field investigations at the 
Borden site demonstrated for the first time that stable isotope methods can be used to quantify 
reactive processes including spatial and temporal variability in aquitards. 
 
D) Can stable isotope methods provide insight into the impact of reactive processes in aquitards 
on plume persistence in aquifers? 
To assess if stable isotope methods can provide insight into the effect of degradation 
activities in aquitards on plume persistence due to back-diffusion a numerical model of a 
dissolved TCE plume emanating from a TCE DNAPL source in an aquifer – aquitard system was 
adopted and reactive processes were included in the aquitard. Several aquitard degradation 
scenarios were simulated, which revealed for the first time that degradation activities in the 
aquitard have an impact on plume persistence due to back-diffusion. Furthermore, the simulated 
degradation scenarios showed that longevity of the contamination source and its daughter 
products due to back-diffusion depends on the spatial variability of the degradation activities in 
the aquitard and on whether complete or partial degradation of the organic contaminants occurs. 
Moreover, the different simulated aquitard degradation scenarios showed that degradation 
activities in the aquitard have an impact on isotope ratios in the aquifer, whereby an immediate 
shift towards heavier isotope occurred after DNAPL source removal. This characteristic isotope 
pattern simplifies the identification of degradation activities in aquitards as aquifers are easier 
accessible than aquitards. In addition, the comparison between an aquifer and the different 
aquitard degradation scenarios revealed that depending on whether degradation occurs in the 
aquifer or in the aquitard, isotope ratios evolve differently along the plume axis in the aquifer. In 
the aquifer degradation scenario a continuous enrichment of heavy carbon isotopes along the 
plume axis was observed, which was equal before and after source removal. In contrast for the 
aquitard degradation scenarios, a sudden enrichment of heavy carbon isotopes was observed 
along the plume axis after source removal. This showed that stable isotope methods are also 
helpful for differentiating between degradation activities in the aquifer and the aquitard. When 
degradation occurs in the aquitard, isotope ratio measurements along the plume axis can also be 
used for evaluating the success of the remediation of DNAPL sources located in the aquifer, since 
the contaminants become enriched in heavy isotopes in the aquifer when the DNAPL was 
completely removed.  
Chapter 8 
218 
8.2. Outlook 
 
Although sorption and diffusion induced isotope fractionation and their influence on the 
identification of reactive processes in aquifer – aquitard systems have been extensively examined 
in this PhD study, some further research questions, which have been risen during this PhD, 
remain to be elucidated:  
 
x It has been demonstrated by Bourg et al. (2010) that the diffusive transport rate for ions 
and noble gases is not only dependent on the mass but also to the residence time of the 
solvation shell (nearest water molecules surrounding the solute), which is correlated with 
the polarity of the solute. To assess if the same relationship between the diffusive 
transport rate and the residence time of the solvation is also valid for organic compounds, 
the magnitude of isotope fractionation should be determined for additional organic 
compounds having different polarities. 
 
x Isotope fractionation of organic compounds due to diffusion should also be determined 
for hydrogen isotopes. This would open the possibility to evaluate the mass dependency 
of the diffusive transport rate in the aqueous phase for chlorinated hydrocarbons not only 
in a dual but also in a multi-element approach (C, Cl, H). 
 
x So far, the magnitude of isotope fractionation due to diffusion and sorption was 
investigated at a specified temperature. To evaluate to what extent the magnitude of 
diffusion and sorption induced isotope fractionation depends on temperature, serveral 
laboratory experiments should be performed at different temperatures.  
 
x It remains unclear, which properties of organic compounds and of the clayey sorbate 
material govern the magnitude of isotope fractionation due to sorption processes. Hence, 
additional laboratory sorption experiments should be performed for different organic 
compound having different properties and by using clayey sorbate material with and 
without organic matter. This would clarify which properties of organic compounds have 
an influence on the magnitude of sorption induced isotope fractionation. Furthermore, it 
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would gain more insight into the relative contribution of sorption processes on clayey 
minerals and on organic matter to the overall isotope fractionation due to sorption. The 
laboratory sorption experiments could be also verified by molecular dynamic simulations 
addressing isotopocially different organic molecules being in contact with clay layers with 
and without organic matter.  
 
x At the field scale, the understanding of the reactive processes affecting chlorinated 
hydrocarbons in low permeability sediments should be improved. In particular it is not 
clear whether chlorinated hydrocarbons are degraded biotically and/or abiotically in clays 
and whether stable isotope methods can be used to distinguish between different 
degradation pathways. If chlorinated hydrocarbons are degraded abiotically, further 
questions arise, which minerals or dissolved species in the pore water of the clay act as 
electron donors. Moreover, when the degradation occurs biotically it needs to be 
investigated what kind of bacteria can live in the small pore sizes of clays and can 
degrade chlorinated hydrocarbons. 
 
x It also needs to be investigated in more detail how plume persistence due to back-
diffusion depends on degradation activities in aquitards and how its role can be tracked 
with stable isotope methods. For that purpose a wider range of aquitard degradation 
scenarios should be simulated. It would be especially useful to vary the degradation rates 
in the aquitard to investigate their impact on the longevity of the contamination source 
and its daughter products due to back-diffusion.  
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Control files for molecular dynamic simulations of TCE carbon isotopocules with Lammps 
 
#121C_TCE input file 
 
units metal 
dimension 3 
atom_style full 
pair_style lj/cut/coul/long 10.0 10.0 
bond_style harmonic 
angle_style harmonic 
dihedral_style opls 
pair_modify mix arithmetic 
 
read_restart 121C_TCE_03.save 
reset_timestep 0 
 
pair_coeff 1 1 6.73853e-3 3.16556 
pair_coeff 2 2 0.0 0.0 
pair_coeff 3 3 3.2984e-3 3.55 
pair_coeff 4 4 3.2984e-3 3.55 
pair_coeff 5 5 1.3020e-2 3.40  
pair_coeff 6 6 1.3020e-2 3.40 
pair_coeff 7 7 0.0 0.0 
 
kspace_style pppm 0.0001 
 
group water type 1 2 
group Ow type 1 
group C type 3 4 
 
timestep 0.001 
run_style verlet 
fix 1 water shake 0.0001 20 0000 t 1 2 
 
 
fix avePT all ave/time 1 250000 250000 c_thermo_temp c_thermo_press[1] c_thermo_press[2] 
c_thermo_press[3] 
thermo_style custom step etotal f_avePT[1] f_avePT[2] f_avePT[3] f_avePT[4] lx ly lz 
thermo 250000 
 
dump 1 all dcd 1000 121C_TCE_04.dcd 
dump 2 all xyz 10000000000 121C_TCE_04.xyz 
 
 
fix 2 all nvt temp 298.0 298.0 0.1  
run 50000000 
 
 
write_restart 121C_TCE_04.save 
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#181C_TCE input file 
 
units metal 
dimension 3 
atom_style full 
pair_style lj/cut/coul/long 10.0 10.0 
bond_style harmonic 
angle_style harmonic 
dihedral_style opls 
pair_modify mix arithmetic 
 
read_restart 181C_TCE_03.save 
reset_timestep 0 
 
pair_coeff 1 1 6.73853e-3 3.16556 
pair_coeff 2 2 0.0 0.0 
pair_coeff 3 3 3.2984e-3 3.55 
pair_coeff 4 4 3.2984e-3 3.55 
pair_coeff 5 5 1.3020e-2 3.40  
pair_coeff 6 6 1.3020e-2 3.40 
pair_coeff 7 7 0.0 0.0 
 
kspace_style pppm 0.0001 
 
group water type 1 2 
group Ow type 1 
group C type 3 4 
 
timestep 0.001 
run_style verlet 
fix 1 water shake 0.0001 20 0000 t 1 2 
 
 
fix avePT all ave/time 1 250000 250000 c_thermo_temp c_thermo_press[1] c_thermo_press[2] 
c_thermo_press[3] 
thermo_style custom step etotal f_avePT[1] f_avePT[2] f_avePT[3] f_avePT[4] lx ly lz 
thermo 250000 
 
dump 1 all dcd 1000 181C_TCE_04.dcd 
dump 2 all xyz 10000000000 181C_TCE_04.xyz 
 
 
fix 2 all nvt temp 298.0 298.0 0.1  
run 50000000 
 
 
write_restart 181C_TCE_04.save 
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#271C_TCE input file 
 
units metal 
dimension 3 
atom_style full 
pair_style lj/cut/coul/long 10.0 10.0 
bond_style harmonic 
angle_style harmonic 
dihedral_style opls 
pair_modify mix arithmetic 
 
read_restart 271C_TCE_03.save 
reset_timestep 0 
 
pair_coeff 1 1 6.73853e-3 3.16556 
pair_coeff 2 2 0.0 0.0 
pair_coeff 3 3 3.2984e-3 3.55 
pair_coeff 4 4 3.2984e-3 3.55 
pair_coeff 5 5 1.3020e-2 3.40  
pair_coeff 6 6 1.3020e-2 3.40 
pair_coeff 7 7 0.0 0.0 
 
kspace_style pppm 0.0001 
 
group water type 1 2 
group Ow type 1 
group C type 3 4 
 
timestep 0.001 
run_style verlet 
fix 1 water shake 0.0001 20 0000 t 1 2 
 
 
fix avePT all ave/time 1 250000 250000 c_thermo_temp c_thermo_press[1] c_thermo_press[2] 
c_thermo_press[3] 
thermo_style custom step etotal f_avePT[1] f_avePT[2] f_avePT[3] f_avePT[4] lx ly lz 
thermo 250000 
 
dump 1 all dcd 1000 271C_TCE_04.dcd 
dump 2 all xyz 10000000000 271C_TCE_04.xyz 
 
 
fix 2 all nvt temp 298.0 298.0 0.1  
run 50000000 
 
 
write_restart 271C_TCE_04.save 
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#331C_TCE input file 
 
units metal 
dimension 3 
atom_style full 
pair_style lj/cut/coul/long 10.0 10.0 
bond_style harmonic 
angle_style harmonic 
dihedral_style opls 
pair_modify mix arithmetic 
 
read_restart 331C_TCE_03.save 
reset_timestep 0 
 
pair_coeff 1 1 6.73853e-3 3.16556 
pair_coeff 2 2 0.0 0.0 
pair_coeff 3 3 3.2984e-3 3.55 
pair_coeff 4 4 3.2984e-3 3.55 
pair_coeff 5 5 1.3020e-2 3.40  
pair_coeff 6 6 1.3020e-2 3.40 
pair_coeff 7 7 0.0 0.0 
 
kspace_style pppm 0.0001 
 
group water type 1 2 
group Ow type 1 
group C type 3 4 
 
timestep 0.001 
run_style verlet 
fix 1 water shake 0.0001 20 0000 t 1 2 
 
 
fix avePT all ave/time 1 250000 250000 c_thermo_temp c_thermo_press[1] c_thermo_press[2] 
c_thermo_press[3] 
thermo_style custom step etotal f_avePT[1] f_avePT[2] f_avePT[3] f_avePT[4] lx ly lz 
thermo 250000 
 
dump 1 all dcd 1000 331C_TCE_04.dcd 
dump 2 all xyz 10000000000 331C_TCE_04.xyz 
 
 
fix 2 all nvt temp 298.0 298.0 0.1  
run 50000000 
 
 
write_restart 331C_TCE_04.save 
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Control files for molecular dynamic simulations of TCE chlorine isotopocules with Lammps 
 
#31Cl_TCE input file 
 
units metal 
dimension 3 
atom_style full 
pair_style lj/cut/coul/long 10.0 10.0 
bond_style harmonic 
angle_style harmonic 
dihedral_style opls 
pair_modify mix arithmetic 
 
read_restart 31Cl_TCE_03.save 
reset_timestep 0 
 
pair_coeff 1 1 6.73853e-3 3.16556 
pair_coeff 2 2 0.0 0.0 
pair_coeff 3 3 3.2984e-3 3.55 
pair_coeff 4 4 3.2984e-3 3.55 
pair_coeff 5 5 1.3020e-2 3.40  
pair_coeff 6 6 1.3020e-2 3.40 
pair_coeff 7 7 0.0 0.0 
 
kspace_style pppm 0.0001 
 
group water type 1 2 
group Ow type 1 
group C type 3 4 
 
timestep 0.001 
run_style verlet 
fix 1 water shake 0.0001 20 0000 t 1 2 
 
 
fix avePT all ave/time 1 250000 250000 c_thermo_temp c_thermo_press[1] c_thermo_press[2] 
c_thermo_press[3] 
thermo_style custom step etotal f_avePT[1] f_avePT[2] f_avePT[3] f_avePT[4] lx ly lz 
thermo 250000 
 
dump 1 all dcd 1000 31Cl_TCE_04.dcd 
dump 2 all xyz 10000000000 31Cl_TCE_04.xyz 
 
 
fix 2 all nvt temp 298.0 298.0 0.1  
run 50000000 
 
 
write_restart 31Cl_TCE_04.save 
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#91Cl_TCE input file 
 
units metal 
dimension 3 
atom_style full 
pair_style lj/cut/coul/long 10.0 10.0 
bond_style harmonic 
angle_style harmonic 
dihedral_style opls 
pair_modify mix arithmetic 
 
read_restart 91Cl_TCE_03.save 
reset_timestep 0 
 
pair_coeff 1 1 6.73853e-3 3.16556 
pair_coeff 2 2 0.0 0.0 
pair_coeff 3 3 3.2984e-3 3.55 
pair_coeff 4 4 3.2984e-3 3.55 
pair_coeff 5 5 1.3020e-2 3.40  
pair_coeff 6 6 1.3020e-2 3.40 
pair_coeff 7 7 0.0 0.0 
 
kspace_style pppm 0.0001 
 
group water type 1 2 
group Ow type 1 
group C type 3 4 
 
timestep 0.001 
run_style verlet 
fix 1 water shake 0.0001 20 0000 t 1 2 
 
 
fix avePT all ave/time 1 250000 250000 c_thermo_temp c_thermo_press[1] c_thermo_press[2] 
c_thermo_press[3] 
thermo_style custom step etotal f_avePT[1] f_avePT[2] f_avePT[3] f_avePT[4] lx ly lz 
thermo 250000 
 
dump 1 all dcd 1000 91Cl_TCE_04.dcd 
dump 2 all xyz 10000000000 91Cl_TCE_04.xyz 
 
 
fix 2 all nvt temp 298.0 298.0 0.1  
run 50000000 
 
 
write_restart 91Cl_TCE_04.save 
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#130Cl_TCE input file 
 
units metal 
dimension 3 
atom_style full 
pair_style lj/cut/coul/long 10.0 10.0 
bond_style harmonic 
angle_style harmonic 
dihedral_style opls 
pair_modify mix arithmetic 
 
read_restart 130Cl_TCE_03.save 
reset_timestep 0 
 
pair_coeff 1 1 6.73853e-3 3.16556 
pair_coeff 2 2 0.0 0.0 
pair_coeff 3 3 3.2984e-3 3.55 
pair_coeff 4 4 3.2984e-3 3.55 
pair_coeff 5 5 1.3020e-2 3.40  
pair_coeff 6 6 1.3020e-2 3.40 
pair_coeff 7 7 0.0 0.0 
 
kspace_style pppm 0.0001 
 
group water type 1 2 
group Ow type 1 
group C type 3 4 
 
timestep 0.001 
run_style verlet 
fix 1 water shake 0.0001 20 0000 t 1 2 
 
 
fix avePT all ave/time 1 250000 250000 c_thermo_temp c_thermo_press[1] c_thermo_press[2] 
c_thermo_press[3] 
thermo_style custom step etotal f_avePT[1] f_avePT[2] f_avePT[3] f_avePT[4] lx ly lz 
thermo 250000 
 
dump 1 all dcd 1000 130Cl_TCE_04.dcd 
dump 2 all xyz 10000000000 130Cl_TCE_04.xyz 
 
 
fix 2 all nvt temp 298.0 298.0 0.1  
run 50000000 
 
 
write_restart 130Cl_TCE_04.save 
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#235Cl_TCE input file 
 
units metal 
dimension 3 
atom_style full 
pair_style lj/cut/coul/long 10.0 10.0 
bond_style harmonic 
angle_style harmonic 
dihedral_style opls 
pair_modify mix arithmetic 
 
read_restart 235Cl_TCE_03.save 
reset_timestep 0 
 
pair_coeff 1 1 6.73853e-3 3.16556 
pair_coeff 2 2 0.0 0.0 
pair_coeff 3 3 3.2984e-3 3.55 
pair_coeff 4 4 3.2984e-3 3.55 
pair_coeff 5 5 1.3020e-2 3.40  
pair_coeff 6 6 1.3020e-2 3.40 
pair_coeff 7 7 0.0 0.0 
 
kspace_style pppm 0.0001 
 
group water type 1 2 
group Ow type 1 
group C type 3 4 
 
timestep 0.001 
run_style verlet 
fix 1 water shake 0.0001 20 0000 t 1 2 
 
 
fix avePT all ave/time 1 250000 250000 c_thermo_temp c_thermo_press[1] c_thermo_press[2] 
c_thermo_press[3] 
thermo_style custom step etotal f_avePT[1] f_avePT[2] f_avePT[3] f_avePT[4] lx ly lz 
thermo 250000 
 
dump 1 all dcd 1000 235Cl_TCE_04.dcd 
dump 2 all xyz 10000000000 235Cl_TCE_04.xyz 
 
 
fix 2 all nvt temp 298.0 298.0 0.1  
run 50000000 
 
 
write_restart 235Cl_TCE_04.save 
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#421Cl_TCE input file 
 
units metal 
dimension 3 
atom_style full 
pair_style lj/cut/coul/long 10.0 10.0 
bond_style harmonic 
angle_style harmonic 
dihedral_style opls 
pair_modify mix arithmetic 
 
read_restart 421Cl_TCE_03.save 
reset_timestep 0 
 
pair_coeff 1 1 6.73853e-3 3.16556 
pair_coeff 2 2 0.0 0.0 
pair_coeff 3 3 3.2984e-3 3.55 
pair_coeff 4 4 3.2984e-3 3.55 
pair_coeff 5 5 1.3020e-2 3.40  
pair_coeff 6 6 1.3020e-2 3.40 
pair_coeff 7 7 0.0 0.0 
 
kspace_style pppm 0.0001 
 
group water type 1 2 
group Ow type 1 
group C type 3 4 
 
timestep 0.001 
run_style verlet 
fix 1 water shake 0.0001 20 0000 t 1 2 
 
 
fix avePT all ave/time 1 250000 250000 c_thermo_temp c_thermo_press[1] c_thermo_press[2] 
c_thermo_press[3] 
thermo_style custom step etotal f_avePT[1] f_avePT[2] f_avePT[3] f_avePT[4] lx ly lz 
thermo 250000 
 
dump 1 all dcd 1000 421Cl_TCE_04.dcd 
dump 2 all xyz 10000000000 421Cl_TCE_04.xyz 
 
 
fix 2 all nvt temp 298.0 298.0 0.1  
run 50000000 
 
 
write_restart 421Cl_TCE_04.save 
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Control files for molecular dynamic simulations of 1,2-DCA carbon isotopocules with 
Lammps 
 
#90C_DCA input file  
 
units metal  
dimension 3  
atom_style full  
pair_style lj/cut/coul/long 10.0 10.0  
bond_style harmonic 
angle_style harmonic 
dihedral_style opls 
pair_modify mix arithmetic  
 
read_restart 90C_DCA_03.save 
reset_timestep 0 
 
pair_coeff 1 1 6.73853e-3 3.16556 
pair_coeff 2 2 0.0 0.0 
pair_coeff 3 3 2.6040e-3 3.50 
pair_coeff 4 4 2.6040e-3 3.50  
pair_coeff 5 5 1.3020e-2 3.40  
pair_coeff 6 6 1.3020e-2 3.40 
pair_coeff 7 7 1.3020e-3 2.50 
pair_coeff 8 8 1.3020e-3 2.50 
pair_coeff 9 9 1.3020e-3 2.50 
pair_coeff 10 10 1.3020e-3 2.50 
 
kspace_style pppm 0.0001  
 
group water type 1 2 
group Ow type 1 
group C type 3 4 
 
timestep 0.001 
run_style verlet  
fix 1 water shake 0.0001 20 0000 t 1 2  
fix avePT all ave/time 1 250000 250000 c_thermo_temp c_thermo_press[1] c_thermo_press[2] 
c_thermo_press[3] 
thermo_style custom step etotal f_avePT[1] f_avePT[2] f_avePT[3] f_avePT[4] lx ly lz 
thermo 250000 
 
dump 1 all dcd 1000 90C_DCA_04.dcd  
dump 2 all xyz 10000000000 90C_DCA_04.xyz 
  
fix 2 all nvt temp 298.0 298.0 0.01  
run 50000000 
 
write_restart 90C_DCA_04.save 
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#99_DCA input file  
 
units metal 
dimension 3 
atom_style full 
pair_style lj/cut/coul/long 10.0 10.0 
bond_style harmonic 
angle_style harmonic 
dihedral_style opls 
pair_modify mix arithmetic  
 
read_restart DCA_03.save 
reset_timestep 0 
 
pair_coeff 1 1 6.73853e-3 3.16556 
pair_coeff 2 2 0.0 0.0 
pair_coeff 3 3 2.6040e-3 3.50 
pair_coeff 4 4 2.6040e-3 3.50 
pair_coeff 5 5 1.3020e-2 3.40  
pair_coeff 6 6 1.3020e-2 3.40 
pair_coeff 7 7 1.3020e-3 2.50 
pair_coeff 8 8 1.3020e-3 2.50 
pair_coeff 9 9 1.3020e-3 2.50 
pair_coeff 10 10 1.3020e-3 2.50 
 
kspace_style pppm 0.0001  
 
group water type 1 2 
group Ow type 1 
group C type 3 4 
 
timestep 0.001 
run_style verlet  
fix 1 water shake 0.0001 20 0000 t 1 2 
fix avePT all ave/time 1 250000 250000 c_thermo_temp c_thermo_press[1] c_thermo_press[2] 
c_thermo_press[3] 
thermo_style custom step etotal f_avePT[1] f_avePT[2] f_avePT[3] f_avePT[4] lx ly lz thermo 250000 
 
dump 1 all dcd 1000 DCA_04.dcd 
dump 2 all xyz 10000000000 DCA_04.xyz 
 
fix 2 all nvt temp 298.0 298.0 0.01  
run 50000000 
 
 
write_restart DCA_04.save 
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#178_DCA input file  
 
units metal 
dimension 3 
atom_style full 
pair_style lj/cut/coul/long 10.0 10.0 
bond_style harmonic 
angle_style harmonic 
dihedral_style opls 
pair_modify mix arithmetic  
 
read_restart 178C_DCA_03.save 
reset_timestep 0 
 
pair_coeff 1 1 6.73853e-3 3.16556 
pair_coeff 2 2 0.0 0.0 
pair_coeff 3 3 2.6040e-3 3.50 
pair_coeff 4 4 2.6040e-3 3.50 
pair_coeff 5 5 1.3020e-2 3.40  
pair_coeff 6 6 1.3020e-2 3.40 
pair_coeff 7 7 1.3020e-3 2.50 
pair_coeff 8 8 1.3020e-3 2.50 
pair_coeff 9 9 1.3020e-3 2.50 
pair_coeff 10 10 1.3020e-3 2.50 
 
kspace_style pppm 0.0001  
group water type 1 2 
group Ow type 1 
group C type 3 4 
 
timestep 0.001 
run_style verlet  
fix 1 water shake 0.0001 20 0000 t 1 2 
fix avePT all ave/time 1 250000 250000 c_thermo_temp c_thermo_press[1] c_thermo_press[2] 
c_thermo_press[3] 
thermo_style custom step etotal f_avePT[1] f_avePT[2] f_avePT[3] f_avePT[4] lx ly lz thermo 250000 
 
dump 1 all dcd 1000 178C_DCA_04.dcd 
dump 2 all xyz 10000000000 178C_DCA_04.xyz 
 
fix 2 all nvt temp 298.0 298.0 0.01  
run 50000000 
 
 
write_restart 178C_DCA_04.save 
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#223C_DCA input file  
 
units metal 
dimension3 
atom_style full 
pair_style lj/cut/coul/long 10.0 10.0 
bond_style harmonic 
angle_style harmonic 
dihedral_style opls 
pair_modify mix arithmetic  
 
read_restart 223C_DCA_03. 
save reset_timestep 0 
 
pair_coeff 1 1 6.73853e-3 3.16556 
pair_coeff 2 2 0.0 0.0 
pair_coeff 3 3 2.6040e-3 3.50 
pair_coeff 4 4 2.6040e-3 3.50 
pair_coeff 5 5 1.3020e-2 3.40  
pair_coeff 6 6 1.3020e-2 3.40 
pair_coeff 7 7 1.3020e-3 2.50 
pair_coeff 8 8 1.3020e-3 2.50 
pair_coeff 9 9 1.3020e-3 2.50 
pair_coeff 10 10 1.3020e-3 2.50 
 
kspace_style pppm 0.0001  
group water type 1 2 
group Ow type 1 
group C type 3 4 
 
timestep 0.00 
run_style verlet  
fix 1 water shake 0.0001 20 0000 t 1 2 
fix avePT all ave/time 1 250000 250000 c_thermo_temp c_thermo_press[1] c_thermo_press[2] 
c_thermo_press[3] 
thermo_style custom step etotal f_avePT[1] f_avePT[2] f_avePT[3] f_avePT[4] lx ly lz thermo 250000 
 
dump 1 all dcd 1000 223C_DCA_04.dcd 
dump 2 all xyz 10000000000 223C_DCA_04.xyz 
 
fix 2 all nvt temp 298.0 298.0 0.01  
run 50000000 
 
 
write_restart 223C_DCA_04.save 
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#283C_DCA input file  
 
units metal 
dimension 3 
atom_style full 
pair_style lj/cut/coul/long 10.0 10.0 bond_style harmonic 
angle_style harmonic 
dihedral_style opls 
pair_modify mix arithmetic 
 
read_restart 283C_DCA_03 
save reset_timestep 0 
 
pair_coeff 1 1 6.73853e-3 3.16556 
pair_coeff 2 2 0.0 0.0 
pair_coeff 3 3 2.6040e-3 3.50 
pair_coeff 4 4 2.6040e-3 3.50 
pair_coeff 5 5 1.3020e-2 3.40  
pair_coeff 6 6 1.3020e-2 3.40 
pair_coeff 7 7 1.3020e-3 2.50 
pair_coeff 8 8 1.3020e-3 2.50 
pair_coeff 9 9 1.3020e-3 2.50 
pair_coeff 10 10 1.3020e-3 2.50 
 
kspace_style pppm 0.0001  
group water type 1 2 
group Ow type 1 
group C type 3 4 
 
timestep 0.001 
run_style verlet  
fix 1 water shake 0.0001 20 0000 t 1 2 
fix avePT all ave/time 1 250000 250000 c_thermo_temp c_thermo_press[1] c_thermo_press[2] 
c_thermo_press[3] 
thermo_style custom step etotal f_avePT[1] f_avePT[2] f_avePT[3] f_avePT[4] lx ly lz thermo 250000 
 
dump 1 all dcd 1000 283C_DCA_04.dcd 
dump 2 all xyz 10000000000 283C_DCA_04.xyz 
 
fix 2 all nvt temp 298.0 298.0 0.01  
run 50000000 
 
 
write_restart 283C_DCA_04.save 
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#353C_DCA input file  
 
units metal 
dimension 3 
atom_style full 
pair_style lj/cut/coul/long 10.0 10.0 
bond_style harmonic 
angle_style harmonic 
dihedral_style opls 
pair_modify mix arithmetic  
 
read_restart 353C_DCA_03.save 
reset_timestep 0 
 
pair_coeff 1 1 6.73853e-3 3.16556 
pair_coeff 2 2 0.0 0.0 
pair_coeff 3 3 2.6040e-3 3.50 
pair_coeff 4 4 2.6040e-3 3.50 
pair_coeff 5 5 1.3020e-2 3.40  
pair_coeff 6 6 1.3020e-2 3.40 
pair_coeff 7 7 1.3020e-3 2.50 
pair_coeff 8 8 1.3020e-3 2.50 
pair_coeff 9 9 1.3020e-3 2.50 
pair_coeff 10 10 1.3020e-3 2.50 
 
kspace_style pppm 0.0001  
group water type 1 2 
group Ow type 1 
group C type 3 4 
 
timestep 0.001 
run_style verlet  
fix 1 water shake 0.0001 20 0000 t 1 2 
fix avePT all ave/time 1 250000 250000 c_thermo_temp c_thermo_press[1] c_thermo_press[2] 
c_thermo_press[3] 
thermo_style custom step etotal f_avePT[1] f_avePT[2] f_avePT[3] f_avePT[4] lx ly lz thermo 250000 
 
dump 1 all dcd 1000 353C_DCA_04.dcd 
dump 2 all xyz 10000000000 353C_DCA_04.xyz 
 
fix 2 all nvt temp 298.0 298.0 0.01  
run 50000000 
 
 
write_restart 353C_DCA_04.save 
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Control files for molecular dynamic simulations of 1,2-DCA chlorine isotopocules with 
Lammps 
 
#35Cl_DCA input file  
 
units metal 
dimension 3 
atom_style full 
pair_style lj/cut/coul/long 10.0 10.0 
bond_style harmonic 
angle_style harmonic 
dihedral_style opls 
pair_modify mix arithmetic  
 
read_restart 35Cl_DCA_03 
save reset_timestep 0 
 
pair_coeff 1 1 6.73853e-3 3.16556 
pair_coeff 2 2 0.0 0.0 
pair_coeff 3 3 2.6040e-3 3.50 
pair_coeff 4 4 2.6040e-3 3.50 
pair_coeff 5 5 1.3020e-2 3.40  
pair_coeff 6 6 1.3020e-2 3.40 
pair_coeff 7 7 1.3020e-3 2.50 
pair_coeff 8 8 1.3020e-3 2.50 
pair_coeff 9 9 1.3020e-3 2.50 
pair_coeff 10 10 1.3020e-3 2.50 
 
kspace_style pppm 0.0001  
group water type 1 2 
group Ow type 1 
group C type 3 4 
 
timestep 0.00 
 run_style verlet  
fix 1 water shake 0.0001 20 0000 t 1 2 
fix avePT all ave/time 1 250000 250000 c_thermo_temp c_thermo_press[1] c_thermo_press[2] 
c_thermo_press[3] 
thermo_style custom step etotal f_avePT[1] f_avePT[2] f_avePT[3] f_avePT[4] lx ly lz thermo 250000 
 
dump 1 all dcd 1000 35Cl_DCA_04.dcd 
dump 2 all xyz 10000000000 35Cl_DCA_04.xyz 
 
fix 2 all nvt temp 298.0 298.0 0.01  
run 50000000 
 
 
write_restart 35Cl_DCA_04.save 
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#55Cl_DCA input file  
 
units metal 
dimension 3 
atom_style full 
pair_style lj/cut/coul/long 10.0 10.0 
bond_style harmonic 
angle_style harmonic 
dihedral_style opls 
pair_modify mix arithmetic  
 
read_restart 55Cl_DCA_03 
save reset_timestep 0 
 
pair_coeff 1 1 6.73853e-3 3.16556 
pair_coeff 2 2 0.0 0.0 
pair_coeff 3 3 2.6040e-3 3.50 
pair_coeff 4 4 2.6040e-3 3.50 
pair_coeff 5 5 1.3020e-2 3.40  
pair_coeff 6 6 1.3020e-2 3.40 
pair_coeff 7 7 1.3020e-3 2.50 
pair_coeff 8 8 1.3020e-3 2.50 
pair_coeff 9 9 1.3020e-3 2.50 
pair_coeff 10 10 1.3020e-3 2.50 
 
kspace_style pppm 0.0001  
group water type 1 2 
group Ow type 1 
group C type 3 4 
 
timestep 0.001 
run_style verlet  
fix 1 water shake 0.0001 20 0000 t 1 2 
fix avePT all ave/time 1 250000 250000 c_thermo_temp c_thermo_press[1] c_thermo_press[2] 
c_thermo_press[3] 
thermo_style custom step etotal f_avePT[1] f_avePT[2] f_avePT[3] f_avePT[4] lx ly lz thermo 250000 
 
dump 1 all dcd 1000 55Cl_DCA_04.dcd 
dump 2 all xyz 10000000000 55Cl_DCA_04.xyz 
 
fix 2 all nvt temp 298.0 298.0 0.01  
run 50000000 
 
 
write_restart 55Cl_DCA_04.save 
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#145Cl_DCA input file  
 
units metal 
dimension 3 
atom_style full 
pair_style lj/cut/coul/long 10.0 10.0 
bond_style harmonic 
angle_style harmonic 
dihedral_style opls 
pair_modify mix arithmetic  
 
read_restart 145Cl_DCA_03 
save reset_timestep 0 
 
pair_coeff 1 1 6.73853e-3 3.16556 
pair_coeff 2 2 0.0 0.0 
pair_coeff 3 3 2.6040e-3 3.50 
pair_coeff 4 4 2.6040e-3 3.50 
pair_coeff 5 5 1.3020e-2 3.40  
pair_coeff 6 6 1.3020e-2 3.40 
pair_coeff 7 7 1.3020e-3 2.50 
pair_coeff 8 8 1.3020e-3 2.50 
pair_coeff 9 9 1.3020e-3 2.50 
pair_coeff 10 10 1.3020e-3 2.50 
 
kspace_style pppm 0.0001  
group water type 1 2 
group Ow type 1 
group C type 3 4 
 
timestep 0.001 
run_style verlet  
fix 1 water shake 0.0001 20 0000 t 1 2 
fix avePT all ave/time 1 250000 250000 c_thermo_temp c_thermo_press[1] c_thermo_press[2] 
c_thermo_press[3] 
thermo_style custom step etotal f_avePT[1] f_avePT[2] f_avePT[3] f_avePT[4] lx ly lz thermo 250000 
 
dump 1 all dcd 1000 145Cl_DCA_04.dcd 
dump 2 all xyz 10000000000 145Cl_DCA_04.xyz 
 
fix 2 all nvt temp 298.0 298.0 0.01  
run 50000000 
 
 
write_restart 145Cl_DCA_04.save 
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#235Cl_DCA input file  
 
units metal 
dimension 3 
atom_style full 
pair_style lj/cut/coul/long 10.0 10.0 
bond_style harmonic 
angle_style harmonic 
dihedral_style opls 
pair_modify mix arithmetic  
 
read_restart 235Cl_DCA_03 
save reset_timestep 0 
 
pair_coeff 1 1 6.73853e-3 3.16556 
pair_coeff 2 2 0.0 0.0 
pair_coeff 3 3 2.6040e-3 3.50 
pair_coeff 4 4 2.6040e-3 3.50 
pair_coeff 5 5 1.3020e-2 3.40  
pair_coeff 6 6 1.3020e-2 3.40 
pair_coeff 7 7 1.3020e-3 2.50 
pair_coeff 8 8 1.3020e-3 2.50 
pair_coeff 9 9 1.3020e-3 2.50 
pair_coeff 10 10 1.3020e-3 2.50 
 
kspace_style pppm 0.0001  
group water type 1 2 
group Ow type 1 
group C type 3 4 
 
timestep 0.001 
run_style verlet  
fix 1 water shake 0.0001 20 0000 t 1 2 
fix avePT all ave/time 1 250000 250000 c_thermo_temp c_thermo_press[1] c_thermo_press[2] 
c_thermo_press[3] 
thermo_style custom step etotal f_avePT[1] f_avePT[2] f_avePT[3] f_avePT[4] lx ly lz thermo 250000 
 
dump 1 all dcd 1000 235Cl_DCA_04.dcd 
dump 2 all xyz 10000000000 235Cl_DCA_04.xyz 
 
fix 2 all nvt temp 298.0 298.0 0.01  
run 50000000 
 
 
write_restart 235Cl_DCA_04.save 
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#385Cl_DCA input file  
 
units metal 
dimension 3 
atom_style full 
pair_style lj/cut/coul/long 10.0 10.0 
bond_style harmonic 
angle_style harmonic 
dihedral_style opls 
pair_modify mix arithmetic  
 
read_restart 385Cl_DCA_03 
save reset_timestep 0 
 
pair_coeff 1 1 6.73853e-3 3.16556 
pair_coeff 2 2 0.0 0.0 
pair_coeff 3 3 2.6040e-3 3.50 
pair_coeff 4 4 2.6040e-3 3.50 
pair_coeff 5 5 1.3020e-2 3.40  
pair_coeff 6 6 1.3020e-2 3.40 
pair_coeff 7 7 1.3020e-3 2.50 
pair_coeff 8 8 1.3020e-3 2.50 
pair_coeff 9 9 1.3020e-3 2.50 
pair_coeff 10 10 1.3020e-3 2.50 
 
kspace_style pppm 0.0001  
group water type 1 2 
group Ow type 1 
group C type 3 4 
 
timestep 0.001 run_style verlet  
fix 1 water shake 0.0001 20 0000 t 1 2 
fix avePT all ave/time 1 250000 250000 c_thermo_temp c_thermo_press[1] c_thermo_press[2] 
c_thermo_press[3] 
thermo_style custom step etotal f_avePT[1] f_avePT[2] f_avePT[3] f_avePT[4] lx ly lz thermo 250000 
 
dump 1 all dcd 1000 385Cl_DCA_04.dcd 
dump 2 all xyz 10000000000 385Cl_DCA_04.xyz 
 
fix 2 all nvt temp 298.0 298.0 0.01  
run 50000000 
 
 
write_restart 385Cl_DCA_04.save 
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Research Annual Progress Meeting, University of Guelph, Canada. 
September 2014:  “In-Situ” Remediation Conference, London, United Kingdom. 
October 2014: University Consortium for Field-Focused Groundwater Contamination 
Focus Meeting, Denver, USA. 
September 2015: Annual Conference of International Association of Hydrologeologists 
(IAH), Rome, Italy. 
November 2015: Swiss Geoscience Meeting, Basel, Switzerland. 
March 2016: Meeting of the German Association for Hydrogeology, Karlsruhe, 
Germany. 
 
Teaching experience 
 
Spring 2015:  Practical course in general geology for first year bachelor students.  
 
Practical work experience 
 
2009 – 2012: Technical assistant (part time position): Grain density measurements at the 
Institute of Geological Sciences at the University of Bern, Switzerland. 
July – August 2008: Technical assistant (part time position): Preparation of pellets for XRF- 
diffractometry at the Institute of Geological Sciences at the University of 
Bern, Switzerland.  
June - July 2006: Internship in a private consulting company (Kellerhals und Haefeli AG) in 
Bern, Switzerland.  
 
Sports activities 
 
2003 – 2013: Semi-professional floorball player in highest Swiss national division.  
2007 – 2011: Member of the Swiss National floorball team and participation in two 
World Championships: In 2008 in Prag, Czech Republic (3rd place) and in 
2010 in Helsinki, Finland (4th place).  
 
